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Abstract 
 
Issue: Biodiversity change, that is how the taxonomic identities and abundances of 
species in ecological systems are changing over time, has two facets: temporal α diversity 
and temporal β diversity. To date, temporal α diversity has received most attention 
even though compositional shifts in assemblages exceed expectations based 
on ecological theory. Growing concern about the state of the world’s biodiversity 
highlights the need for better understanding of the extent, and consequences, of 
compositional reorganization in ecological systems. 
 
Challenges: Most methods of measuring β diversity have been developed in a spatial 
context. We discuss the additional challenges involved in the assessment of temporal 
change, summarize existing methodological approaches, highlight the importance of 
establishing relevant baselines, and identify the need for appropriate null models of 
temporal β diversity. Given considerable potential for research on the macroecology 
of temporal β diversity we suggest future directions and challenges. 
 
Conclusions: Although data availability remains the main impediment to improved 
quantification of temporal β diversity at macroecological scales, there are substantial 
opportunities for improved methodology and theory. Taxonomic β diversity has 
received most attention, but other dimensions of diversity, including functional 
and phylogenetic, should be part of integrated assessments of biodiversity change. 
Future approaches need to be ecologically meaningful and interpretable as well as 
statistically robust. 
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The 2019 Intergovernmental Science-Policy Platform on Biodiversity and Ecosystem Services 
(IPBES) Global Biodiversity Assessment (Brondizio, Settele, Díaz, & Ngo, 2019; Pereira et al., 
2010; Tittensor et al., 2014) argues that, in many cases, anthropogenic pressures on nature 
in the second half of the 20th century exceeded those that had occurred over the entire 
course of preceding human history. To protect these ecosystems in the Anthropocene it is 
imperative to understand how and why biodiversity is changing over time. Many of the 
headline treatments of contemporary biodiversity change concern the fate of iconic species. 
When attention has focussed on ecological systems, such as assemblages, investigations of 

temporal change in  diversity (such as species richness) have dominated the discussion 
(Brondizio et al., 2019).  However, substantial and ongoing change in the compositional 
make up of assemblages around the world is also a pressing, (e.g. Blowes et al., 2019; 
Dornelas et al., 2014; Gotelli et al., 2017) but less appreciated, problem. Meta-analyses 

suggest that contemporary rates of temporal  diversity are greater than ecological theory 
predicts (Gotelli et al., 2017).  The consequences of these shifts for community resilience 
and ecosystem functioning are unclear. To understand, and potentially ameliorate, rapid 

biodiversity change, effective methods of measuring temporal  diversity are needed. The 

goal of this paper is to examine current approaches used to quantify temporal  diversity, 
identify the challenges and opportunities involved, and map out some future directions. 
Although our focus is on contemporary assemblages, many of the same considerations 
apply to the analysis of palaeontological systems (e.g. Tomašových & Kidwell, 2009) albeit 
with additional challenges such as the fragmented nature of fossil data. 

 
It is now well appreciated that the measurement of biodiversity requires careful 

planning; different metrics capture different aspects of community structure, some more 
effectively than others, and practical considerations such as the type and intensity of 
sampling can have a marked influence on the conclusions drawn (Gotelli & Colwell, 2001; 
Magurran, 2004; Southwood & Henderson, 2000). These considerations apply equally to the 
quantification of biodiversity change (Anderson et al., 2011; Dornelas et al., 2014; Dornelas 
et al., 2013; Hillebrand et al., 2017; Santini et al., 2017), which is an expression of change 

over time in the size and structure ( diversity), and the composition ( diversity) of 

assemblages; in the case of temporal  diversity, however, the field is still evolving with little 
consensus, as yet, on the best way to proceed. We start by briefly defining how we use the 

terms temporal  diversity and temporal turnover, in the discussion that follows. We next 

examine methods of quantifying temporal  diversity, and consider the role that null models 
can play in judging meaningful shifts in this form of diversity.  We begin by reflecting on the 
types of compositional changes that can occur in assemblages, to provide context on the 

aspects of biodiversity change that temporal  diversity measures need to capture.  
 

Temporal  diversity 

We define temporal  diversity as the shift in the identities and/or the abundances of 

named taxa in a specified assemblage over two or more time points. Whereas temporal  

diversity is agnostic to species identities, temporal  diversity tracks changes attributed to 

species composition. In the same way that change in  diversity needs to be interpreted in 

relation to the approach (e.g. species richness) used to quantify it, temporal  diversity will 
be a product of the metric used to track change in assemblage composition. Our focus here 
is on taxonomic diversity, but we recognise that other dimensions of diversity, including 
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functional and phylogenetic diversity, are also important, and touch on these later on. 
Temporal turnover is a related concept. It can be used either in a broad sense, and treated 
as synonymous with compositional change (e.g. McGeoch et al., 2019), or in a narrow sense 
to refer to the contribution that strict species replacement makes to a dissimilarity measure 
(e.g. Baselga, 2010).  These different usages mean that it is important to define turnover 
when the term is used.  In what follows we use turnover in its broad sense, except when 
stated otherwise. 
 Assemblages consist of the species that co-occur at a given place and time, and are 
often (but not always) delimited by phylogeny and/or by the sampling methodology used 
during surveys. There is a popular misapprehension that ecological communities resemble 
museum collections, in that the same species (like exhibits) will be reliably found in the 
same place, year after year. Yet, all natural systems undergo constant compositional change 
(Darwin, 1859). Indeed, foundational ecological theory, including MacArthur & Wilson’s 
theory of island biogeography (MacArthur & Wilson, 1967), and Hubbell’s unified neutral 

theory of biodiversity and biogeography (Hubbell, 2001), take temporal  diversity as given.  
Temporal change in assemblage composition can involve different types of species 

shuffling (Figure 1). For example, some species could be replaced over time, on a one for 
one basis. Alternatively, local colonisations and extinctions may change the size of the 
species list. The abundances of the species present will vary, while the order in which taxa 
are ranked in the species abundance distribution may also be subject to change (Collins et 
al., 2008). Dominant species (Shi et al., 2015; Song et al., 2019) could be most influential in 
community reorganisation in some cases, with rare species playing an important role in 
others (Christensen, Harris, & Ernest, 2018). Alterations in the identities of the persistent 
and transient species are another possibility (Magurran & Henderson, 2003). The challenge 

in measuring  diversity, then, is to capture the ongoing temporal changes in assemblage 
composition in a way that reflects the ecological processes, and the ecosystem functions, 
that are involved.  

 

Whittaker (1960, 1972) introduced the    framework to relate regional () diversity to 

compositional heterogeneity ( diversity) amongst units of local () diversity. Tuomisto 

(2010a, 2010b), provides a comprehensive and thoughtful overview of  diversity (in its 
spatial context), in which she stresses the need to use terms carefully while being critical of 

the use of ‘ diversity’ to cover a range of approaches that lie outside the precise 
methodology she outlines. Nonetheless, and in line with its original definition by Whitaker 
1960 (‘the extent of change of community composition, or degree of community 

differentiation’), we have retained ‘temporal  diversity’ in this paper as an overarching 
term for the different methods of quantifying compositional change through time. This also 
reflects usage in recent publications (e.g. Dornelas et al., 2014). We agree with Anderson et 

al. (2011) that the careful application of different methods of evaluating  diversity can yield 
insightful advances, particularly in the context of macroecology, where there are still many 
unanswered questions. 
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Figure 1: Estuarine fish, in the UK’s Bristol Channel (Henderson, 2007; Magurran & Henderson, 2018) 
have been sampled using consistent methodology for 37 years. This figure illustrates the types of 
structural and compositional change in assemblage time series that measures of temporal  diversity 
may seek to capture.  A. Annual and cumulative richness. The number of species present in the 
system in each year is untrending, with an average of S=38 species. Of these S=12 species are 
present every year, with S=34 species found in at least half of the years. The species accumulation 
curve exhibits a rising but flattening trend to the current total of S=89 species. B. Rank abundance 
plots for a pair of years (2016 and 2017) reveal the different elements of the temporal turnover 
within this system. Abundances for both years are ranked by species abundances in 2016. Richness 
increases from 2016 to 2017 (S=37 to S=40) but overall numerical abundance is almost halved 
(N=7006 to N=3625). Ten species are gained and seven lost with S=30 species present in both years. 
The dominant species in 2016 (Sprattus sprattus) experiences a 76% decrease in abundance and 
becomes the third most dominant species in 2017. There is also marked shuffling in ranks of other 
taxa between years. 
 

  

 diversity – time versus space 

 Methods of assessing  diversity developed with spatial questions in mind can be 
adapted to measure temporal change but, as for diversity more broadly (Dornelas et al., 
2013), there are a number of things to consider. First, as already noted, ecological 
communities experience constant compositional turnover and shifts in species abundances. 
Null models can be used to take account of this ‘baseline change’.  Second, time is 
unidirectional. Successional change is a classic case of a system undergoing directional 
change in composition. Less obviously, because population dynamics can be asymmetric, for 
example when populations take longer to grow than decline (Ginzburg & Inchausti, 1997), 
as well as due to processes such as density dependence (Henderson & Magurran, 2014), the 
arrow of time runs in a single direction even in assemblages that appear to be in a ‘steady 
state’ (Gotelli et al., 2017).  Moreover, since an individual cannot exist in two places at once, 
but can persist in the same habitat over time, there may be greater scope for temporal 
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autocorrelation than for spatial autocorrelation. While the level of autocorrelation is related 
to individual ranges in space, generation times affect temporal autocorrelation. Third, and 

following this last point, while  diversity and  diversity are relatively easy to translate 

from a spatial to a temporal context, the same is not true of  diversity. A pool of  species is 
used to construct null models in tests of spatial dissimilarity (Chase, Kraft, Smith, Vellend, & 
Inouye, 2011) but species pools are not static.  For example, invasive species are potential 
colonists of a local community only after they have joined the species pool. Identifying the 

‘correct’ species pool is a noted challenge in assessments of spatial  diversity (Anderson et 
al., 2011); it is substantially greater in the temporal context. 

 

Measuring temporal  diversity  

As with  diversity, it is essential that analyses involving  diversity metrics are 
grounded in fair comparisons and not biased by differences in sampling effort or sampling 
method. Sample based rarefaction is often appropriate in such circumstances as (unlike 
most traditional approaches to individual based rarefaction) it preserves species identities 

(Gotelli & Colwell, 2001, 2011). There is a range of options for quantifying temporal  
diversity. The key here, as in all ecological analyses, is that the methodology adopted is 
explicit and clear, as well as appropriate for the questions posed. In part this will depend on 
the aspect of temporal change under scrutiny, and the hypothesis (if any) that has been 
articulated. Here it can be helpful to think of ‘pattern’ and ‘process’.  

Questions to do with pattern focus on documenting the magnitude and direction of 
the compositional change taking place, as revealed by the measure of choice. A given 

measure might suggest no discernible temporal  diversity but since assemblages can be 
reorganised in different ways (see Figures 1 and 2), other metrics could be responsive to the 

changes involved. As such, assessments of temporal  diversity cannot be disassociated 
from the metric used to produce them. 

Process questions link this documented change to some putative cause or 
mechanism such as disturbance (Supp & Ernest, 2014), invasive species (Buckley & Catford, 
2015) or climate change (Sgardeli, Zografou, & Halley, 2016). In this context it is worth 
noting that 1) temporal analysis are particularly well suited to attribution (because of the 
unidirectional arrow of time), 2) temporal analysis can and should consider the possibility of 

lagged responses, and 3) some fraction of observed temporal  diversity will be baseline 
change. Pattern and process questions are overlapping ones. An effective metric can shed 

light on the underlying reasons for temporal  diversity as well as reporting the magnitude 
of the compositional rearrangement. 

Next, we briefly review the main approaches into quantifying temporal  diversity. 
The starting point is typically an assemblage time series, in which species identities (and 
ideally species abundances) have been recorded using the same methodology. The first 

choice for measuring temporal  diversity is often a (dis-)similarity measure. (Dis-)similarity 
is typically computed using pairwise comparisons, and includes metrics that consider only 
compositional change (these are measures such the Jaccard index (Jaccard, 1908; Magurran, 
2004) in which every species has the same weight) as well as those that additionally 
evaluate change in species abundances (e.g. the Morisita-Horn index (Magurran, 2004; 
Morisita, 1959)). (Similarity measures are usually scaled between 0 and 1 where 1 is perfect 
similarity, but can be recast as dissimilarity measures in which 1 is perfect dissimilarity.) 
Many metrics are possible, and many of the statistical considerations that apply to their 
usage in spatial contexts (Jost, Chao, & Chazdon, 2011) are relevant in temporal ones as 
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well. The relative contributions of species replacement (narrow sense turnover) and change 
in richness to dissimilarity can be obtained from an additive partition; here we note the 
ongoing debate about the most appropriate partitioning methods (Baselga, 2010, 2013; 
Cardoso et al., 2014; Carvalho, Cardoso, Borges, Schmera, & Podani, 2013).  

One straightforward way of adapting these approaches to a time series is to 
compute the slope of (dis-)similarity values (e.g. Figure 2A&E), based on a plot in which a 
start point is compared with each successive time step (Dornelas et al., 2014), bearing in 

mind that the slope is not -diversity itself, but rather an expression of its temporal 
dependence. Compositional differences can also be calculated between successive pairs of 
samples, as running averages, or between all possible time periods.  

Zeta diversity, the number of species shared by different assemblages, or by the 
same assemblage at different time points (Hui & McGeoch, 2014; Latombe, McGeoch, 
Nipperess, & Hui, 2018; McGeoch et al., 2019; McGeoch et al., 2017) is a different and 

conceptually-appealing way of quantifying temporal  diversity. Because it provides a 
measure of turnover (based on similarity) for a given combination of i sites or times, the 
constraints of dealing only with pairwise comparisons are reduced. Another advantage is 
that the contributions of rare and common species to turnover can be examined. Directional 
(such as along a gradient) and non-directional options are possible, to allow the user 
flexibility in dealing with temporal dependence.  Zeta diversity (McGeoch et al., 2019) can 
be expressed as zeta decline (the change in number of species shared as more time periods 
are included in the comparison – e.g. Figure 2B&F ) and/or as zeta decay (change in the 
number of species shared as the time interval between comparisons increases. The resulting 
patterns shed light on ecological mechanisms and enable hypothesis testing. Zeta diversity 
can additionally be expressed in a form equivalent to measures such as Jaccard and 
Sørensen indices, as well as being partitioned into species replacement and richness 
components (McGeoch et al., 2019).   

Other methods include total turnover (sensu Hallett et al., (2016) after Diamond and 
May (1977)) – the rate at which species join and leave an assemblage (e.g. Figure 2C&G), 
and metrics based on rank (Collins et al., 2008). The mean rank shift statistic (Collins et al., 
2008; Hallett et al., 2016) compares the relative rank (by abundance) of species i at time t 
and time t+n (e.g. Figure 2D&H), and can pinpoint temporal change that is overlooked by 
other methods. For example, Jones et al. (2017) found that compositional change in an arid 
system was related to the reordering of species abundances rather to than species 
replacements. Community dynamics, such as immigration, local extinctions and population 
(and rank) change, can also be examined in a modelling framework where the goal is to 
identify which species and which environmental factors have the strongest influence on 

temporal  diversity (e.g. Shimadzu, Dornelas, & Magurran, 2015).  Multivariate approaches 
(Legendre & Gauthier, 2014) are a further option. For example, cluster analysis and non-
metric multidimensional scaling were used to identify climate-related shifts in the 
composition of a Norwegian inshore fish assemblage over 8 decades (Barceló, Ciannelli, 
Olsen, Johannessen, & Knutsen, 2016), while machine learning helped uncover assemblage 
reorganisation in a desert rodent community (Christensen et al., 2018). 
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Figure 2:Different methods of quantifying temporal  diversity reveal different aspects of 
compositional change in assemblages.  

 

(A-D). Temporal  diversity in the Bristol Channel assemblage time series shown in Figure 1. All 
metrics, computed in R (RCoreTeam, 2015), are relative to the assemblage composition in year 1. A). 
Jaccard dissimilarity shows no clear trend through time, and is dominated by species replacement 
(narrow sense turnover), (computed using the function beta.pair in the R package betapart (Baselga 
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et al., 2018)). B) Zeta decline (the decrease in average number of shared species), computed using R 
code in McGeoch et al. (2019). In this assemblage zeta decline is initially marked, but then reduces. 
C) Total turnover, plus species appearances and disappearances, computed using the function 
turnover in the R package codyn (Hallett et al., 2016). Overall turnover (broad sense turnover) 
moderates over the time series, and appearances and disappearances are balanced. D) Mean rank 
shift, computed using function mean_rank_shift in the R package codyn (Hallett et al., 2016). Mean 
rank shift fluctuates and is most pronounced in the early 2000s.  

 
(E-H). The marine fish assemblage occurring in the 59˚ latitudinal band to the NW Scotland exhibits a 

different pattern of temporal  diversity. Although (like the Bristol Channel fish) there is no temporal 
trend in richness (Magurran et al., 2015), Jaccard dissimilarity (E) increases over time. Species 
replacement (narrow sense turnover dominates in the first part of the time series while change 
linked to richness becomes relatively more important in the second part. Zeta decline (F) is more 
abrupt than in the Bristol Channel, species appearances and disappearances are elevated and overall 
turnover (broad sense turnover) undergoes a step change in the late 1990s. Mean rank shift 
increases at the same time. These data are provided by ICES (DATRAS, 2013; see also Magurran et 
al., 2015) 

 
 

Figure 2 illustrates how different approaches to quantifying temporal  diversity can 
shed light on different aspects of compositional dynamics. The Bristol Channel estuarine fish 
time series exhibits relative constancy over time in many assemblage properties – 
something that may be attributable to spatial and temporal niche partitioning (Henderson & 
Bird, 2010; Henderson & Magurran, 2010; Magurran & Henderson, 2012; Shimadzu, 
Dornelas, Henderson, & Magurran, 2013). In contrast, the same analyses performed on a 
marine fish assemblage to the West of Scotland, surveyed over a similar time frame, 
indicate substantial rearrangements of community composition even though, as in the 

Bristol Channel, temporal  diversity is untrending. 
 
Null models and the nature of change 

Baseline temporal change will reflect a combination of features including species 
detectability (Buckland, Studeny, Magurran, & Newson, 2011), demographic stochasticity 
(i.e. ecological drift (Sgardeli et al., 2016)) and species interactions. At present there is 
considerable lack of clarity about what baseline change is, particularly when the goal is to 
uncover the extent of change attributable to anthropogenic impacts; this is an important 
topic for future work, especially given the phenomenon of shifting baselines. Shifting 
baselines, as Pauly (1995) noted, alter perceptions of how much biodiversity change has 

occurred, and even what a pristine environment is. Null models of spatial  diversity 
typically set out to distinguish sampling effects from ecological mechanisms such as 
dispersal limitation or environmental filtering, and also factor in variation in species 
abundance and species occurrence (Socolar, Gilroy, Kunin, & Edwards, 2016). Socolar et al’s 
(2016) discussion of strengths and limitations (e.g. with regard to deducing scaling 

relationships) of null models of spatial  diversity identifies some of the issues that need to 
be considered in the development of their temporal equivalents. Geometric considerations 

relating to the spatial and temporal scaling of  diversity (e.g. Šizling, Kunin, Šizlingová, Reif, 
& Storch, 2011) have a vital role to play in null models of compositional change in relation to 
predictions about temporal grain size, and in terms of articulating baseline change. 
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 In light of evidence that assemblage size is often in a steady state (Brown, Ernest, 
Parody, & Haskell, 2001; Gotelli et al., 2017; Storch, Bohdalková, & Okie, 2018), and 
assuming that the community of interest is not undergoing directional change, such as 

succession, a reasonable null expectation for temporal  diversity might be a non-significant 
slope in a plot of a diversity metric (such as richness or Shannon diversity, e.g. Figure 1) 
against time (Dornelas et al., 2014). Other views are that biodiversity loss (Mace et al., 
2018), or even biodiversity gain (Buckley & Catford, 2015), are valid null expectations.  The 
existence of alternative null expectations reinforces the need to set out the reasoning for 
the predictions in each study.  

 How should change in temporal  diversity be judged? Here there is even less 

agreement than with temporal  diversity. Dornelas et al. (2014) used two approaches, 
both drawing on ecological theory - a species-level stochastic colonisation-extinction model 
based on the MacArthur & Wilson equilibrium model, and a set of null expectations 

informed by Hubbell’s neutral model. In each case observed temporal  diversity, as 
measured using the Jaccard index, was substantially greater than the expected values. For 
instance, neutral model simulations predicted levels of compositional change two orders of 
magnitude below the observed values. This result suggests that anthropogenic pressures 
are strongly influencing the dynamics of the world’s assemblages while underlining the need 
for ecological theory able to accommodate biodiversity change during the Anthropocene. 
Sgardeli et al. (2016) also drew on the neutral model of biodiversity to estimate baseline 
ecological drift in a Greek butterfly assemblage and concluded that the observed shift in 
community composition was linked to temperature rise.  
 Dornelas et al’s (2014) null models were informed by assumptions about mechanism 
(Gotelli & Ulrich, 2011).  Another option is to take the baseline shuffling that characterises 
all systems as given, and randomise observed values to produce the null (Gotelli & Graves, 
1996; Gotelli & McGill, 2006; Gotelli & Ulrich, 2011). Such randomization tests are 
constrained by the data themselves. There has been a long discussion on how best to design 
and implement such null models, much of it focused on spatial questions, and much of it 
involving species x sites matrices. Temporal change raises additional questions, particularly 
as temporal autocorrelation within populations means that a completely free temporal 
permutation may be ecologically unrealistic. One option is to employ a cyclic-shift 
permutation (Hallett et al., 2014; Hallett et al., 2016; Harms, Condit, Hubbell, & Foster, 
2001), which preserves within-species temporal autocorrelation, but breaks cross-
correlations between species. It does this by randomising the start time of each species in 
the time series. Magurran et al. (2018) used a cyclic shift permutation to evaluate both 

temporal  diversity and temporal  diversity  in diatoms, benthic invertebrates and fish in 

streams of Trinidad’s Northern Range mountains, and showed that temporal  diversity was 
the dominant signature of biodiversity change in these systems.   

The ‘top down’ approaches described above capture trends in overall temporal  
diversity (and/or in its species replacement and richness components). A ‘bottom up’ 
approach (i.e. examining trends in the constituent parts of an assemblage) is also possible. 
Here the user decomposes assemblages a priori into components or events that are 

predicted to shed light on the dynamics that underpin temporal  diversity, and asks how 
these components combine to produce overall change. One example would be a core-
transient decomposition (Coyle, Hurlbert, & White, 2013; Magurran & Henderson, 2003; 
Snell Taylor, Evans, White, & Hurlbert, 2018). Dornelas et al. (2019) also decomposed 
assemblages to identify colonisations and extinctions, and used population trends to 
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identify species that are ‘winning’ and those that are ‘losing’ in terms of abundance. Their 
study uncovered significantly accelerating extinction and colonisation rates. Overall about 
15% of species showed significant trends in abundance with an approximate balance in 
species gained and species lost, and between winners and losers. The fraction of taxa 

involved may be small, but substantial temporal  diversity can still result. 
 

Research challenges 
It is clear that the world’s ecosystems are undergoing substantial reorganisation, and 

that ecologists are only just beginning to probe the nature and extent of this change. The 
focus to date on ‘biodiversity loss’ (Brondizio et al., 2019), which has dominated the popular 
reporting of contemporary ecosystems, has directed attention away from the extensive 
rearrangements and compositional shifts that are ongoing. Indeed, these compositional 
rearrangements may play a key role in stoking up the extinction debt (Jablonski, 2001) (the 
idea that populations are in disequilibrium due to habitat transformation or other impacts, 
with the result that their persistence is in doubt) that will ultimately leverage extensive 

biodiversity loss.  Although temporal  diversity is increasing both local and probably also at 
global levels (McGill, Dornelas, Gotelli, & Magurran, 2015), considerable uncertainty about 
the pattern of change at meta-community and biogeographic scales remains. Resolving 
these spatial patterns and understanding the processes that underpin them is an important 
macroecological challenge.  

Emerging evidence points towards higher rates of temporal  diversity in the oceans 
than on land (Blowes et al., 2019). In both realms compositional change is dominated by 
species replacement (i.e. narrow sense temporal turnover) rather than by shifts in richness. 
However, there is also heterogeneity across assemblages (e.g. Baeten et al., 2012; 
Magurran, Dornelas, Moyes, Gotelli, & McGill, 2015), and particularly amongst latitudes 
(Blowes et al., 2019), in the pattern of change.  For example, as regression tree analysis 
(Figure 3) of BioTIME data (Dornelas et al., 2018) shows, the relative importance of richness 
or species replacement in compositional change measured by Jaccard dissimilarity depends 
on both taxon and latitude.  Species poor assemblages that lie above 41˚N exhibit change 
dominated by richness, whereas turnover has a greater influence in the richer ones.  
Regression trees make decisions based on data mining rather than responding to the user’s 
expectations about where a separation point might lie, and are sensitive to different 
combinations of input variables and data. It is nonetheless intriguing that independent 

meta-analyses, this time with a focus on spatial  diversity, and using different data, also 
identify latitudinal breakpoints (Castro-Insua, Gómez-Rodríguez, & Baselga, 2016; Soininen, 
Heino, & Wang, 2018), including, in the case of Soininen et al. (2018), a breakpoint at 41˚. 
Ecosystem reorganisation is particularly marked in some biomes such as the tundra 

(Bjorkman et al., 2018); linking temporal  diversity with geographically variable 
environmental change will be one of the biggest macroecological challenges in the next few 
years.  Improved data availability, better methodological tools and conceptual advances are 
needed to meet this goal.  
 
Data 
The sparsity of biodiversity data, particularly quality assemblage time series data, from 
under represented regions and latitudes, has been highlighted many times before, but the 
fact that this is not a novel comment does not mean it is an unimportant one. While it is 
impossible to go back in time and sample taxa and localities that have never been studied, 
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in many cases suitable data do exist but are contained in personal notes or private 
repositories, and risk being lost when the collector dies or loses interest. The current 
practice of publishing, as open-access, the data used for a paper is commendable, but there 
is still considerable scope for collating and crediting data not currently in the public domain. 
In addition, maintaining time series, and providing continuity between data sets if taxonomy 
or sampling methods change (Magurran et al., 2010), is a priority. 
 

 
 
Figure 3: Regression tree analysis of BioTIME assemblage data (Dornelas et al., 2018) to assess the 
variables that predict whether temporal compositional change (measured as the slope of Jaccard 
dissimilarity) is dominated by nestedness or species replacement (turnover) Partitions were 
computed using the betapart package (Baselga, Orme, Villeger, De Bortoli, & Leprieur, 2013), while 
binary recursive partitioning used the party package (Hothorn, Hornik, & Zeileis, 2006) with default 
settings for the ctree function. All analyses were in R (RCoreTeam, 2015). The input variables were: 
median richness; total richness; realm; climate; biome; taxon; number of data points; start year; 
central latitude; area in km2. Data available at BioTIME website (http://biotime.st-andrews.ac.uk) 
and Zenodo repository (https://zenodo.org/record/1095627 ); downloaded 21 June 2018. 

 
 
 Emerging technologies, including eDNA (e.g. Thomsen & Willerslev, 2015), and 
advances in the analysis and interpretation of palaeoecological data (e.g. Tomašových & 
Kidwell, 2009), are likely to play a much greater role in providing informed baselines against 
which current biodiversity change can be judged. Here the challenge will be to establish 
continuity between these data types and ‘classical’ biodiversity studies that report the 
identities and abundances of species recorded using conventional sampling methods (e.g. 
Fisher, Corbet, & Williams, 1943). 

As noted earlier, this paper has focussed on taxonomic  diversity. Temporal change 
in the phylogenetic structure and diversity of assemblages, and in their functional diversity, 
are equally valid research challenges, but ones that have, as yet, received less attention. 
Better resolution of phylogenies, combined with improved information on functional traits, 
where possible measured in the field in parallel with the recording of taxonomic data, is 
thus also vital, and will contribute substantial added value to biodiversity analyses. Recently, 

http://biotime.st-andrews.ac.uk/
http://biotime.st-andrews.ac.uk/
https://zenodo.org/record/1095627
https://zenodo.org/record/1095627
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Chao et al., (2019) have been developing a new approach to provide an integrated 

assessment of taxonomic, phylogenetic and functional  diversity. At present the focus is on 
spatial comparisons but these methods have considerable potential in the quantification of 

temporal  diversity. 
 
 
Methodology 
Methodological innovations, both in terms of data collection and data analysis, have an 
important influence on the ability of macroecologists to advance understanding of 
biodiversity change. State-of-the-art methodologies for handling and analysing ‘big data’ 
(e.g. De Cáceres et al., 2019; Farley, Dawson, Goring, & Williams, 2018; Sirén, Lens, 
Cousseau, & Ovaskainen, 2018) make macroecological analyses more tractable, and have 
the potential to yield new insights. Yet, however powerful these analyses, the ecology that 
underpins them should not be forgotten.  Sampling effort, for instance, cannot be ignored in 
biodiversity assessment. Inconsistent sampling effort, or highly variable species densities, 
can lead to misconceptions about the underlying pattern of diversity (Gotelli & Colwell, 
2001). Estimates of species richness are notoriously vulnerable to these sampling effects but 

all diversity metrics (both  and ) are affected in one way or another (Magurran, 2004). 
Until now, rarefaction has been the recommended solution, with the downside that some 
data are discarded in the process of ensuring fair comparisons.  However, there has been 
remarkable progress in recent years, much of it led by Chao and her colleagues, in extending 
existing approaches to take account of ‘unseen’ species. Extrapolation methods were 

initially applied to  diversity measures, including Hill numbers (Hill, 1973; Hsieh, Ma, & 

Chao, 2016) but have application in tests of  diversity (e.g. Cayuela, Gotelli, & Colwell, 
2015).   

It is clear that null models have a crucial role to play in assessments of temporal  
diversity as they do in evaluating other diversity patterns (Cayuela et al., 2015) but, as 
discussed above, we are a long way from a settled view on what the best null models should 
be. Accommodating spatial and temporal scaling in these null models will be a particular 
challenge for macroecologists (Šizling et al., 2011).  
 
Conceptual advances 
One thing that has become evident in recent analyses of biodiversity change is that current 
ecological theory is inadequate for predicting the nature and extent of community 
reorganisation that the natural world is experiencing (Gotelli et al., 2017). This is perhaps 
the greatest challenge for the future.  

The traditional perception of the measurement of  diversity is that metrics are – or 
should be – independent of species richness (Wilson & Shmida, 1984). In practice, however, 

 diversity (whether spatial or temporal) is linked to  diversity (Magurran, 2004). 
Recognition of this point is the motivation for partitions of measures into components 

influenced by species replacement and species richness. Linkage between  and  diversity 
is inevitable because all assemblages take the form of a species abundance distribution 
(SAD) in which some species are common, and many are rare (May, 1975; McGill et al., 
2007), and because the amount of life any assemblage can support has an upper limit 
(Brown, 2014; see also Storch et al., 2018; Taylor, 1978). The shape of the SAD can provide 
insights into the types of compositional rearrangements likely to prevail in a given system.  
For example, if an assemblage  has a long tail of rare species, but remains in a steady state 
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in terms of its overall structure,  the replacement component of compositional change may 
be elevated, since many of these rare taxa will be transient (Magurran & Henderson, 2003). 
This could contribute to the predominance of species replacement rather than richness 
change already reported in many assemblage time series (Blowes et al., 2019). If, on the 
other hand, a SAD has a large fraction of persistent species, rank shifts may be the main 
form of change. In addition, any factors that lead to changes in the shape of a SAD, such as 
gains and losses of species as climate waxes and wanes, will influence the richness 

component of temporal  diversity.  Thus, by focussing on the SAD, and the way it changes 
through time, it should be possible to develop a framework that predicts the relative 

importance and magnitude of replacement, richness, and rank shifts in temporal  diversity, 
under a range of scenarios, and deduce the consequences of these compositional changes 
for ecosystem function.  Given current understanding of community ecology, this predictive 
framework is achievable.   

There are a number of methodological and conceptual innovations that make 

explicit linkages between temporal  and temporal  diversity, and in doing so stand poised 
to substantially advance understanding of biodiversity change.  One promising direction 
would be an extension of the MoB (measurement of biodiversity) approach (McGlinn et al., 
2019) used to assess the relative contributions of the spatial arrangement of individuals,  
density, and the species abundance distribution, to trends in species richness.  Another is 
the metapopulation approach developed by O’Sullivan et al. (2019) in which regional 
dynamics are modelled using Lotka-Volterra competition equations. This method makes no 
a priori assumptions about spatial structure and the distribution of abundance yet can 
reproduce ubiquitous patterns such as the species abundance distribution and species area 
relationships. It also predicts a steady state in species richness alongside substantial species 
turnover. Finally, as Jackson & Blois (2015) note, ecological processes occurring over time 
periods of millennia are not fully integrated into community ecology. Better appreciation of 
diversity dynamics over both short and long time periods will advance understanding of 
biodiversity change.   

 
Conclusions 
The 2019 IPBES Global Assessment has done much to focus attention on the state of the 
world’s biodiversity, and the pressures it is under. However, it is challenging to quantify 
biodiversity change, and to do so in a way that uses meaningful benchmarks, recognises 
uncertainty, is statistically robust, and widely understandable. On the one hand, recent 
advances in ecological statistics have extended the methodological toolkit for quantifying 
biodiversity, and how it is changing over space and time.  At present the main constraint on 

quantification of biodiversity change, including temporal  diversity, on macroecological 
scales, is data availability rather than metrics or computing power. On the other hand 
considerable disagreement remains on how best to measure biodiversity change, 

particularly its temporal  component, though we note the range of views even in the case 

of species richness (Primack et al., 2018) - usually considered the most intuitive temporal  

biodiversity metric.  Much more work on the quantification of temporal  diversity is 
needed before there is consensus on the most effective approaches, as well as the best way 
of reporting this component of biodiversity change. Such methods need to consider the 
different dimensions of diversity – taxonomic, functional and phylogenetic – without 
becoming intractable or losing their ecological relevance. Perhaps this consensus will never 
happen. Southwood (1978) observed that the history of biodiversity measurement is 
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characterised by papers that decry existing methods before introducing a new metric. 
Nonetheless, if ecologists work together, difficult problems, such as the quantification of 
change in species richness over spatial scales, can be tackled (Chase et al., 2019). Future 

work on temporal  diversity offers similar challenges and opportunities.  
 
 
 
References 
Anderson, M. J., Crist, T. O., Chase, J. M., Vellend, M., Inouye, B. D., Freestone, A. L., . . . 

Swenson, N. G. (2011). Navigating the multiple meanings of β diversity: a roadmap 
for the practicing ecologist. Ecology Letters, 14, 19-28. doi:10.1111/j.1461-
0248.2010.01552.x 

Baeten, L., Vangansbeke, P., Hermy, M., Peterken, G., Vanhuyse, K., & Verheyen, K. (2012). 
Distinguishing between turnover and nestedness in the quantification of biotic 
homogenization. Biodiversity and Conservation, 21(6), 1399-1409.  

Barceló, C., Ciannelli, L., Olsen, E. M., Johannessen, T., & Knutsen, H. (2016). Eight decades 
of sampling reveal a contemporary novel fish assemblage in coastal nursery habitats. 
Global Change Biology, 22(3), 1155-1167.  

Baselga, A. (2010). Partitioning the turnover and nestedness components of beta diversity. 
Global Ecology and Biogeography, 19, 134-143. doi:10.1111/j.1466-
8238.2009.00490.x 

Baselga, A. (2013). Separating the two components of abundance-based dissimilarity: 
balanced changes in abundance vs. abundance gradients. Methods in Ecology and 
Evolution, 4(6), 552-557. doi:10.1111/2041-210X.12029 

Baselga, A., Orme, D., Villeger, S., De Bortoli, J., & Leprieur, F. (2013). betapart: Partitioning 
beta diversity into turnover and nestedness components: R package version 1.3, 
http://CRAN.R-project.org/package=betapart. 

Baselga, A., Orme, D., Villéger, S., Leprieur, F., Logez, M., & Henriques-Silv. (2018). betapart, 
R package version 1.5.1. https://CRAN.R-project.org/package=betapart.  

Bjorkman, A. D., Myers-Smith, I. H., Elmendorf, S. C., Normand, S., Rüger, N., Beck, P. S. A., . . 
. Weiher, E. (2018). Plant functional trait change across a warming tundra biome. 
Nature, 562(7725), 57-62. doi:10.1038/s41586-018-0563-7 

Blowes, S., A., Supp, S., R., Antão, L. H., Bates, A., Bruelheide, H., Chase, J. M., . . . Dornelas, 
M. (2019). The geography of biodiversity change in marine and terrestrial 
assemblages. Science, in press.  

Brondizio, E. S., Settele, J., Díaz, S., & Ngo, H. T. (Eds.). (2019). IPBES: Global assessment 
report on biodiversity and ecosystem services of the Intergovernmental Science Policy 
Platform on Biodiversity and Ecosystem Services. Bonn, Germany: IPBES Secretariat. 

Brown, J. H. (2014). Why are there so many species in the tropics? Journal of Biogeography, 
41(1), 8-22. doi:10.1111/jbi.12228 

Brown, J. H., Ernest, S. K. M., Parody, J. M., & Haskell, J. P. (2001). Regulation of diversity: 
maintenance of species richness in changing environments. Oecologia, 126(3), 321-
332. doi:10.1007/s004420000536 

Buckland, S. T., Studeny, A., Magurran, A. E., & Newson, S. E. (2011). Biodiversity 
monitoring: the relevance of detectability. In A. E. Magurran & B. J. McGill (Eds.), 
Biological diversity: frontiers in measurement and assessment (pp. 25-36). Oxford: 
OUP. 



 15 

Buckley, Y. M., & Catford, J. (2015). Does the biogeographic origin of species matter? 
Ecological effects of native and non-native species and the use of origin to guide 
management. Journal of Ecology, 104(1), 4-17. doi:doi:10.1111/1365-2745.12501 

Cardoso, P., Rigal, F., Carvalho, J. C., Fortelius, M., Borges, P. A. V., Podani, J., & Schmera, D. 
(2014). Partitioning taxon, phylogenetic and functional beta diversity into 
replacement and richness difference components. Journal of Biogeography, 41(4), 
749-761. doi:10.1111/jbi.12239 

Carvalho, J. C., Cardoso, P., Borges, P. A. V., Schmera, D., & Podani, J. (2013). Measuring 
fractions of beta diversity and their relationships to nestedness: a theoretical and 
empirical comparison of novel approaches. Oikos, 122(6), 825-834. 
doi:doi:10.1111/j.1600-0706.2012.20980.x 

Castro-Insua, A., Gómez-Rodríguez, C., & Baselga, A. (2016). Break the pattern: breakpoints 
in beta diversity of vertebrates are general across clades and suggest common 
historical causes. Global Ecology and Biogeography, 25(11), 1279-1283. 
doi:doi:10.1111/geb.12507 

Cayuela, L., Gotelli, N. J., & Colwell, R. K. (2015). Ecological and biogeographic null 
hypotheses for comparing rarefaction curves. Ecological Monographs, 85, 437-455. 
doi:10.1890/14-1261.1 

Chao, A., Chiu, C.-H., Villéger, S., Sun, I. F., Thorn, S., Lin, Y.-C., . . . Sherwin, W. B. (2019). An 
attribute-diversity approach to functional diversity, functional beta diversity, and 
related (dis)similarity measures. Ecological Monographs, 89(2), e01343. 
doi:10.1002/ecm.1343 

Chase, J. M., Kraft, N. J. B., Smith, K. G., Vellend, M., & Inouye, B. D. (2011). Using null 
models to disentangle variation in community dissimilarity from variation in alpha-
diversity. Ecosphere, 2, 10.1890/es1810-00117.00111. doi:10.1890/es10-00117.1 

Chase, J. M., McGill, B. J., Thompson, P. L., Antão, L. H., Bates, A. E., Blowes, S. A., . . . 
O'Connor, M. (2019). Species richness change across spatial scales. Oikos, in 
press(ja). doi:10.1111/oik.05968 

Christensen, E. M., Harris, D. J., & Ernest, S. K. M. (2018). Long-term community change 
through multiple rapid transitions in a desert rodent community. Ecology, 99(7), 
1523-1529. doi:10.1002/ecy.2373 

Collins, S. L., Suding, K. N., Cleland, E. E., Batty, M., Pennings, S. C., Gross, K. L., . . . Clark, C. 
M. (2008). Rank clocks and plant community dynamics. Ecology, 89, 3534-3541.  

Coyle, J. R., Hurlbert, A. H., & White, E. P. (2013). Opposing mechanisms drive richness 
patterns of core and transient bird species. The American Naturalist, 181, E83-E90. 
doi:10.1086/669903 

Darwin, C. (1859). On the origin of species by means of natural selection, or the preservation 
of favoured races in the struggle for life. London: John Murray. 

DATRAS. (2013). ICES Scottish West Coast Survey For Commercial Fish Species 1985-2013. 
Available at https://datras.ices.dk, accessed 2014.  

De Cáceres, M., Coll, L., Legendre, P., Allen, R. B., Wiser, S. K., Fortin, M.-J., . . . Hubbell, S. 
(2019). Trajectory analysis in community ecology. Ecological Monographs, 0(0), 
e01350. doi:doi:10.1002/ecm.1350 

Diamond, J. M., & May, R. M. (1977). Species turnover rates on islands: dependence on 
census intervals. Science, 197, 266-270.  

Dornelas, M., Antão Laura, H., Moyes, F., Bates Amanda, E., Magurran Anne, E., Adam, D., . . 
. Zettler Michael, L. (2018). BioTIME: A database of biodiversity time series for the 



 16 

Anthropocene. Global Ecology and Biogeography, 27(7), 760-786. 
doi:10.1111/geb.12729 

Dornelas, M., Gotelli, N. J., McGill, B. J., Shimadzu, H., Moyes, F., Sievers, C., & Magurran, A. 
E. (2014). Assemblage time series reveal biodiversity change but not systematic loss. 
Science, 344, 296-299. doi:10.1126/science.1248484 

Dornelas, M., Gotelli, N. J., Shimadzu, H., Moyes, F., Magurran, A. E., & McGill, B. J. (2019). A 
balance of winners and losers in the Anthropocene. Ecology Letters, 22(5), 847-854. 
doi:10.1111/ele.13242 

Dornelas, M., Magurran, A. E., Buckland, S. T., Chao, A., Chazdon, R. L., Colwell, R. K., . . . 
Vellend, M. (2013). Quantifying temporal change in biodiversity: challenges and 
opportunities. Proceedings of the Royal Society B-Biological Sciences, 280(1750). 
doi:10.1098/rspb.2012.1931 

Farley, S. S., Dawson, A., Goring, S. J., & Williams, J. W. (2018). Situating ecology as a big-
data science: current advances, challenges, and solutions. Bioscience, 68(8), 563-576. 
doi:10.1093/biosci/biy068 

Fisher, R. A., Corbet, A. S., & Williams, C. B. (1943). The relation between the number of 
species and the number of individuals in a random sample of an animal population. 
Journal of Animal Ecology, 12, 42-58.  

Ginzburg, L. R., & Inchausti, P. (1997). Asymmetry of Population Cycles: Abundance-Growth 
Representation of Hidden Causes of Ecological Dynamics. Oikos, 80(3), 435-447. 
doi:10.2307/3546616 

Gotelli, N. J., & Colwell, R. K. (2001). Quantifying biodiversity: procedures and pitfalls in the 
measurement and comparison of species richness. Ecology Letters, 4, 379-391.  

Gotelli, N. J., & Colwell, R. K. (2011). Estimating species richness. In A. E. Magurran & B. J. 
McGill (Eds.), Biological diversity: frontiers in measurement and assessment. Oxford: 
Oxford University Press. 

Gotelli, N. J., & Graves, G. R. (1996). Null models in ecology. Washington, DC: Smithsonian 
Institution Press. 

Gotelli, N. J., & McGill, B. J. (2006). Null Versus Neutral Models: What's The Difference? 
Ecography, 29(5), 793-800. doi:doi:10.1111/j.2006.0906-7590.04714.x 

Gotelli, N. J., Shimadzu, H., Dornelas, M., McGill, B., Moyes, F., & Magurran, A. E. (2017). 
Community-level regulation of temporal trends in biodiversity. Science Advances, 
3(7), e1700315. doi:10.1126/sciadv.1700315 

Gotelli, N. J., & Ulrich, W. (2011). Statistical challenges in null model analysis. Oikos, 121(2), 
171-180. doi:doi:10.1111/j.1600-0706.2011.20301.x 

Hallett, L. M., Hsu, J. S., Cleland, E. E., Collins, S. L., Dickson, T. L., Farrer, E. C., . . . Suding, K. 
N. (2014). Biotic mechanisms of community stability shift along a precipitation 
gradient. Ecology, 95, 1693-1700. doi:10.1890/13-0895.1 

Hallett, L. M., Jones, S. K., MacDonald, A. A. M., Jones, M. B., Flynn, D. F. B., Ripplinger, J., . . 
. Collins, S. L. (2016). codyn: An r package of community dynamics metrics. Methods 
in Ecology and Evolution, 7, 1146-1151. doi:10.1111/2041-210x.12569 

Harms, K. E., Condit, R., Hubbell, S. P., & Foster, R. B. (2001). Habitat associations of trees 
and shrubs in a 50-ha neotropical forest plot. Journal of Ecology, 89(6), 947-959. 
doi:10.1111/j.1365-2745.2001.00615.x 

Henderson, P. A. (2007). Discrete and continuous change in the fish community of the 
Bristol Channel in response to climate change. Journal of the Marine Biological 
Association, UK, 87, 589-598.  



 17 

Henderson, P. A., & Bird, D. J. (2010). Fish and macro-crustacean communities and their 
dynamics in the Severn Estuary. Marine pollution bulletin, 61, 100-114.  

Henderson, P. A., & Magurran, A. E. (2010). Linking species abundance distributions in 
numerical abundance and biomass through simple assumptions about community 
structure. Proceedings of the Royal Society London, B., 277, 1561-1570.  

Henderson, P. A., & Magurran, A. E. (2014). Direct evidence that density-dependent 
regulation underpins the temporal stability of abundant species in a diverse animal 
community. Proceedings of the Royal Society B, 281, 10.1098/rspb.2014.1336. 
doi:10.1098/rspb.2014.1336 

Hill, M. O. (1973). Diversity and evenness: a unifying notation and its consequences. 
Ecology, 54. doi:10.2307/1934352 

Hillebrand, H., Blasius, B., Borer, E. T., Chase, J. M., Downing, J., Eriksson, B. K., . . . Ryabov, 
A. B. (2017). Biodiversity change is uncoupled from species richness trends: 
consequences for conservation and monitoring. Journal of Applied Ecology, 
10.1111/1365-2664.12959. doi:10.1111/1365-2664.12959 

Hothorn, T., Hornik, K., & Zeileis, A. (2006). Model-based recursive partitioning. Journal of 
Computational and Graphical Statistics, 17, 492-514.  

Hsieh, T. C., Ma, K. H., & Chao, A. (2016). iNEXT: an R package for rarefaction and 
extrapolation of species diversity (Hill numbers). Methods in Ecology and Evolution, 
7, 1451-1456. doi:10.1111/2041-210X.12613 

Hubbell, S. P. (2001). The unified neutral theory of biodiversity and biogeography. Princeton: 
Princeton University Press. 

Hui, C., & McGeoch, M. A. (2014). Zeta Diversity as a Concept and Metric That Unifies 
Incidence-Based Biodiversity Patterns. The American Naturalist, 184(5), 684-694. 
doi:10.1086/678125 

Jablonski, D. (2001). Lessons from the past: Evolutionary impacts of mass extinctions. 
Proceedings of the National Academy of Sciences, 98(10), 5393-5398. 
doi:10.1073/pnas.101092598 

Jaccard, P. (1908). Nouvelles recerches sur la distribution florale. Bull. Soc. Vandoise. Sci. 
Nat., 44, 223-270.  

Jackson, S. T., & Blois, J. L. (2015). Community ecology in a changing environment: 
Perspectives from the Quaternary. Proceedings of the National Academy of Sciences, 
112(16), 4915-4921. doi:10.1073/pnas.1403664111 

Jones, S. K., Ripplinger, J., & Collins, S. L. (2017). Species reordering, not changes in richness, 
drives long-term dynamics in grassland communities. Ecology Letters, 20(12), 1556-
1565. doi:doi:10.1111/ele.12864 

Jost, L., Chao, A., & Chazdon, R. L. (2011). Compositional similarity and beta diversity. In A. E. 
Magurran & B. J. McGill (Eds.), Biological diversity: frontiers in measurement and 
assessment (pp. 66-84). Oxford: OUP. 

Latombe, G., McGeoch, M. A., Nipperess, D. A., & Hui, C. (2018). zetadiv: Functions to 
Compute Compositional Turnover Using Zeta Diversity. R package version 1.1.1, 
https://CRAN.R-project.org/package=zetadiv.  

Legendre, P., & Gauthier, O. (2014). Statistical methods for temporal and space–time 
analysis of community composition data. Proceedings of the Royal Society B: 
Biological Sciences, 281(1778).  

MacArthur, R. H., & Wilson, E. O. (1967). The theory of island biogeography. Princeton: 
Princeton University Press. 



 18 

Mace, G. M., Barrett, M., Burgess, N. D., Cornell, S. E., Freeman, R., Grooten, M., & Purvis, A. 
(2018). Aiming higher to bend the curve of biodiversity loss. Nature Sustainability, 
1(9), 448-451. doi:10.1038/s41893-018-0130-0 

Magurran, A. E. (2004). Measuring biological diversity. Oxford: Blackwell Science. 
Magurran, A. E., Baillie, S. R., Buckland, S. T., Dick, J. M., Elston, D. A., Scott, E. M., . . . Watt, 

A. D. (2010). Long-term datasets in biodiversity research and monitoring: assessing 
change in ecological communities through time. Trends in Ecology & Evolution, 
25(10), 574-582. doi:10.1016/j.tree.2010.06.016 

Magurran, A. E., Deacon, A. E., Moyes, F., Shimadzu, H., Dornelas, M., Phillip, D. A. T., & 
Ramnarine, I. W. (2018). Divergent biodiversity change within ecosystems. 
Proceedings of the Academy of Natural Sciences (USA), 115, 1843-1847.  

Magurran, A. E., Dornelas, M., Moyes, F., Gotelli, N. J., & McGill, B. (2015). Rapid biotic 
homogenization of marine fish assemblages. Nature Communications, 6, 8405. 
doi:10.1038/ncomms9405 
https://www.nature.com/articles/ncomms9405#supplementary-information 

Magurran, A. E., & Henderson, P. A. (2003). Explaining the excess of rare species in natural 
species abundance distributions. Nature, 422(6933), 714-716. 
doi:10.1038/nature01547 

Magurran, A. E., & Henderson, P. A. (2012). How selection structures species abundance 
distributions. Proceedings of the Royal Society B, 279, 3722-3726.  

Magurran, A. E., & Henderson, P. A. (2018). More than the sum of the parts: annual 
partitioning within spatial guilds underpins community regulation Proceedings of the 
Royal Society B, 20180659. doi:10.1098/rspb.2018.0659 

May, R. M. (1975). Patterns of species abundance and diversity. In M. L. Cody & J. M. 
Diamond (Eds.), Ecology and evolution of communities (pp. 81-120). Cambridge, MA: 
Harvard University Press. 

McGeoch, M. A., Latombe, G., Andrew, N. R., Nakagawa, S., Nipperess, D. A., Roigé, M., . . . 
Hui, C. (2019). Measuring continuous compositional change using decline and decay 
in zeta diversity. Ecology, 0(ja), e02832. doi:10.1002/ecy.2832 

McGeoch, M. A., Latombe, G., Andrew, N. R., Nakagawa, S., Nipperess, D. A., Roige, M., . . . 
Hui, C. (2017). The application of zeta diversity as a continuous measure of 
compositional change in ecology. bioRxiv.  

McGill, B. J., Dornelas, M., Gotelli, N. J., & Magurran, A. E. (2015). Fifteen forms of 
biodiversity trend in the Anthropocene. Trends in ecology & evolution, 30, 104-113. 
doi:doi:10.1016/j.tree.2014.11.006 

McGill, B. J., Etienne, R. S., Gray, J. S., Alonso, D., Anderson, M. J., Benecha, H. K., . . . White, 
E. P. (2007). Species abundance distributions: moving beyond single prediction 
theories to integration within an ecological framework. Ecology Letters, 10, 995-
1015.  

McGlinn, D. J., Xiao, X., May, F., Gotelli, N. J., Engel, T., Blowes, S. A., . . . McGill, B. J. (2019). 
Measurement of Biodiversity (MoB): A method to separate the scale-dependent 
effects of species abundance distribution, density, and aggregation on diversity 
change. Methods in Ecology and Evolution, 10(2), 258-269. doi:doi:10.1111/2041-
210X.13102 

Morisita, M. (1959). Measuring of interspecific association and similarity between 
communities. Memoires of the Faculty of Science, Kyusu University, Series E, 3, 65-80.  



 19 

O’Sullivan, J. D., Knell, R. J., & Rossberg, A. G. (2019). Metacommunity-scale biodiversity 
regulation and the self-organised emergence of macroecological patterns. Ecology 
Letters, 22(9), 1428-1438. doi:10.1111/ele.13294 

Pauly, D. (1995). Anecdotes and the shifting baseline syndrome of fisheries. Trends in 
ecology & evolution, 10, 430.  

Pereira, H. M., Leadley, P. W., Proença, V., Alkemade, R., Scharlemann, J. P. W., Fernandez-
Manjarrés, J. F., . . . Walpole, M. (2010). Scenarios for global biodiversity in the 21st 
century. Science, 330(6010), 1496-1501. doi:10.1126/science.1196624 

Primack, R. B., Miller-Rushing, A. J., Corlett, R. T., Devictor, V., Johns, D. M., Loyola, R., . . . 
Pejchar, L. (2018). Biodiversity gains? The debate on changes in local- vs global-scale 
species richness. Biological Conservation, 219, A1-A3. 
doi:https://doi.org/10.1016/j.biocon.2017.12.023 

RCoreTeam. (2015). R: A language and Environment for Statistical Computing. Vienna, 
Austria: http://www.R-project.org/. 

Santini, L., Belmaker, J., Costello, M. J., Pereira, H. M., Rossberg, A. G., Schipper, A. M., . . . 
Rondinini, C. (2017). Assessing the suitability of diversity metrics to detect 
biodiversity change. Biological Conservation, 213, 341-350. 
doi:https://doi.org/10.1016/j.biocon.2016.08.024 

Sgardeli, V., Zografou, K., & Halley, J. M. (2016). Climate change versus ecological drift: 
Assessing 13 years of turnover in a butterfly community. Basic and Applied Ecology, 
17(4), 283-290. doi:https://doi.org/10.1016/j.baae.2015.12.008 

Shi, Z., Sherry, R., Xu, X., Hararuk, O., Souza, L., Jiang, L., . . . Luo, Y. (2015). Evidence for 
long-term shift in plant community composition under decadal experimental 
warming. Journal of Ecology, 103(5), 1131-1140. doi:10.1111/1365-2745.12449 

Shimadzu, H., Dornelas, M., Henderson, P. A., & Magurran, A. E. (2013). Diversity is 
maintained by seasonal variation in species abundance. BMC Biology, 11(1), 98.  

Shimadzu, H., Dornelas, M., & Magurran, A. E. (2015). Measuring temporal turnover in 
ecological communities. Methods in Ecology and Evolution, 6(12), 1384-1394. 
doi:10.1111/2041-210x.12438 

Sirén, J., Lens, L., Cousseau, L., & Ovaskainen, O. (2018). Assessing the dynamics of natural 
populations by fitting individual-based models with approximate Bayesian 
computation. Methods in Ecology and Evolution, 9(5), 1286-1295. 
doi:doi:10.1111/2041-210X.12964 

Šizling, A. L., Kunin, W. E., Šizlingová, E., Reif, J., & Storch, D. (2011). Between geometry and 
biology: the problem of universality of the species-area relationship. The American 
Naturalist, 178(5), 602-611. doi:10.1086/662176 

Snell Taylor, S. J., Evans, B. S., White, E. P., & Hurlbert, A. H. (2018). The prevalence and 
impact of transient species in ecological communities. Ecology, 99(8), 1825-1835. 
doi:10.1002/ecy.2398 

Socolar, J. B., Gilroy, J. J., Kunin, W. E., & Edwards, D. P. (2016). How should beta-diversity 
inform biodiversity conservation? Trends in Ecology & Evolution, 31, 67-80. 
doi:10.1016/j.tree.2015.11.005 

Soininen, J., Heino, J., & Wang, J. (2018). A meta-analysis of nestedness and turnover 
components of beta diversity across organisms and ecosystems. Global Ecology and 
Biogeography, 27(1), 96-109. doi:doi:10.1111/geb.12660 

Song, M.-H., Zong, N., Jiang, J., Shi, P.-L., Zhang, X.-Z., Gao, J.-Q., . . . Loreau, M. (2019). 
Nutrient-induced shifts of dominant species reduce ecosystem stability via increases 



 20 

in species synchrony and population variability. Science of The Total Environment, 
692, 441-449. doi:https://doi.org/10.1016/j.scitotenv.2019.07.266 

Southwood, R., & Henderson, P. A. (2000). Ecological methods (3rd ed.). Oxford: Blackwell 
Science. 

Southwood, T. R. E. (1978). Ecological methods. London: Chapman & Hall. 
Storch, D., Bohdalková, E., & Okie, J. (2018). The more-individuals hypothesis revisited: the 

role of community abundance in species richness regulation and the productivity–
diversity relationship. Ecology Letters, 21(6), 920-937. doi:10.1111/ele.12941 

Supp, S. R., & Ernest, S. K. M. (2014). Species-level and community-level responses to 
disturbance: a cross-community analysis. Ecology, 95(7), 1717-1723.  

Taylor, L. R. (1978). Bates, Williams, Hutchinson - a variety of diversities. In L. A. Mound & N. 
Warloff (Eds.), Diversity of insect faunas (pp. 1-18). Oxford: Blackwell. 

Thomsen, P. F., & Willerslev, E. (2015). Environmental DNA – An emerging tool in 
conservation for monitoring past and present biodiversity. Biological Conservation, 
183, 4-18. doi:https://doi.org/10.1016/j.biocon.2014.11.019 

Tittensor, D. P., Walpole, M., Hill, S. L. L., Boyce, D. G., Britten, G. L., Burgess, N. D., . . . Ye, Y. 
(2014). A mid-term analysis of progress toward international biodiversity targets. 
Science, 346(6206), 241-244. doi:10.1126/science.1257484 

Tomašových, A., & Kidwell, S. M. (2009). Fidelity of variation in species composition and 
diversity partitioning by death assemblages: time-averaging transfers diversity from 
beta to alpha levels. Paleobiology, 35, 94-118.  

Tuomisto, H. (2010a). A diversity of beta diversities: straightening up a concept gone awry. 
Part 1. Defining beta diversity as a function of alpha and gamma diversity. 
Ecography, 33(1), 2-22. doi:10.1111/j.1600-0587.2009.05880.x 

Tuomisto, H. (2010b). A diversity of beta diversities: straightening up a concept gone awry. 
Part 2. Quantifying beta diversity and related phenomena. Ecography, 33(1), 23-45. 
doi:doi:10.1111/j.1600-0587.2009.06148.x 

Whittaker, R. H. (1960). Vegetation of the Siskiyou Mountains, Oregon and California. 
Ecological Monographs, 30, 279-338.  

Whittaker, R. H. (1972). Evolution and measurement of species diversity. Taxon, 21, 213-
251.  

Wilson, M., & Shmida, A. (1984). Measuring beta diversity with presence-absence data. 
Journal of Ecology, 72, 1055-1064.  

 
 
 
 
 


