
ENVIRONMENTAL CONSERVATION ACROSS ECOSYSTEM 

BOUNDARIES: CONNECTING MANAGEMENT AND FUNDING 

Michaela Roberts 

 

A Thesis Submitted for the Degree of PhD 
at the 

University of St Andrews 
 

 

  

2017 

Full metadata for this item is available in                                      

St Andrews Research Repository 
at: 

http://research-repository.st-andrews.ac.uk/ 
 

 
 

 

Please use this identifier to cite or link to this item: 
http://hdl.handle.net/10023/12052  

 

 

 

 

This item is protected by original copyright 

 
 

http://research-repository.st-andrews.ac.uk/
http://hdl.handle.net/10023/12052


 

 

 
 
 
 

Environmental Conservation Across Ecosystem 
Boundaries: Connecting Management and Funding  

 
 

Michaela Roberts 
 

 
 

 
This thesis is submitted in partial fulfilment for the degree of PhD  

at the  
University of St Andrews 

 

 

 

Date of Submission 
 

10th April 2017 





 

 

1. Candidate’s declarations: 

 
I, Michaela Roberts, hereby certify that this thesis, which is approximately 57,000 words in length, has been written 
by me, and that it is the record of work carried out by me, or principally by myself in collaboration with others as 
acknowledged, and that it has not been submitted in any previous application for a higher degree.  
 
I was admitted as a research student in September 2014 and as a candidate for the degree of PhD in September 
2014; the higher study for which this is a record was carried out in the University of St Andrews between 2014 and 
2017.  
 
 
 
 
 
Date 10th April 2017  Signature of candidate  
 
2. Supervisor’s declaration: 

 
I hereby certify that the candidate has fulfilled the conditions of the Resolution and Regulations appropriate for the 
degree of PhD in the University of St Andrews and that the candidate is qualified to submit this thesis in application 
for that degree.  
 
 
 
 
 
Date 10th April 2017 Signature of supervisor  
 
3. Permission for publication: (to be signed by both candidate and supervisor) 

 
In submitting this thesis to the University of St Andrews I understand that I am giving permission for it to be made 
available for use in accordance with the regulations of the University Library for the time being in force, subject to 
any copyright vested in the work not being affected thereby.  I also understand that the title and the abstract will be 
published, and that a copy of the work may be made and supplied to any bona fide library or research worker, that 
my thesis will be electronically accessible for personal or research use unless exempt by award of an embargo as 
requested below, and that the library has the right to migrate my thesis into new electronic forms as required to 
ensure continued access to the thesis. I have obtained any third-party copyright permissions that may be required 
in order to allow such access and migration, or have requested the appropriate embargo below.  
 
The following is an agreed request by candidate and supervisor regarding the publication of this thesis: 
 
PRINTED COPY 
a) No embargo on print copy 
 
ELECTRONIC COPY 
a) No embargo on electronic copy 
 
 
 
 
 
 
Date 10th April 2017 Signature of candidate    Signature of supervisor  
 
Please note initial embargos can be requested for a maximum of five years. An embargo on a thesis submitted to 
the Faculty of Science or Medicine is rarely granted for more than two years in the first instance, without good 
justification.  The Library will not lift an embargo before confirming with the student and supervisor that they do not 
intend to request a continuation. In the absence of an agreed response from both student and supervisor, the Head 
of School will be consulted. Please note that the total period of an embargo, including any continuation, is not 
expected to exceed ten years.   
Where part of a thesis is to be embargoed, please specify the part and the reason.  

 

 

 



iv 

 

  



i 

 

Acknowledgements 

The support system needed to complete a PhD is immense, and I am lucky to have had the support of 

an entire island. Without the generosity of Bonaire’s dive shops: BellaFonte; BelMer; BonPhoto; 

Caribbean Club; Carib Inn; Coral Paradise resort; Divi Dive; Dive Friends; Div’Ocean; GoooDive; 

Harbour Village; Tropical Divers Bonaire; VIP Diving; and WannaDive, surveying divers would have 

been much tougher, and I thank them for the work they put into promoting the project. Special thanks 

too needs to go to the 299 tourists who took precious time out of their holidays to answer my questions, 

and the 61 divers who conducted reef surveys. The Bonaire abattoir and farmers’ cooperative went 

above and beyond to connect me to farmers, and to them, and the farmers, I am hugely grateful.  

 

This PhD wouldn’t exist if it weren’t for NGO Echo, and in particular Sam Williams, who decided I 

was worth some of Echo’s precious funding, and giving me my first job in conservation. Sam and Echo 

gave me the freedom to explore conservation research, and the impetus and support to pursue this PhD. 

Echo’s managers, Lauren and Nathan, have been invaluable, taking the time to offer assistance, and 

more importantly friendship, despite huge workloads themselves. Thanks also need to go to Sarah, for 

reminding us all there is more out there than parrots and trees, and to the many volunteers who have 

passed through the Dos Pos field site over the last five years. 

 

Throughout my time on Bonaire I have been lucky enough to work alongside a number of people who 

have offered huge support to my PhD work. Frank van Slobbe, Peter Montanus, and Paul Hoetjes within 

the Bonaire and Dutch Governments, Paulo Beutol from the National Park Organisation, STINAPA, 

and the team at DCNA have all been central to shaping the direction of this project. Special mention 

too needs to go to head ranger, George ‘Kultura’ Thode, for always being there with a smile to open the 

park gates for me at the crack of dawn. 

 

To my supervisors, Nick Hanley and Will Cresswell, I am grateful for their extensive and continual 

support, and for allowing me the freedom to develop the project as I wished. Nick in particular for his 

patience as I (still) try to get my head around economics. To the environmental economics research 

group for the opportunity to look at my work from different perspectives, and to Laure and Oleg for the 

huge support in designing and analysing my choice experiment. And of course to ‘Geek Corner’, in 

particular my observatory buddy, Paula, and fellow environmental economics PhD, Valeria, for much 

needed relief and friendship while navigating through the challenges of completing a PhD. 

 

I thank my parents, for never ending support and trust in everything, and allowing me to carve out the 

path I wanted to take, even when that was thousands of miles away. And finally, to my grandparents, 

for setting the bar high, and never doubting we can reach it. I hope I’ve made you proud.





iii 

 

Abstract 

 

Environmental degradation is accelerating worldwide, yet environmental conservation remains limited 

by funding. Tackling this limitation requires not only absolute increases in funding, but improved 

prioritisation of actions. On a global scale island ecosystems are of high priority, with invasive species 

one of their most significant threats. In this thesis I investigate prioritisation of invasive grazing species 

control, incorporating ecological, economic, and social concerns, on the island of Bonaire, Caribbean 

Netherlands. To enable the trade-off of potential grazer control options for their ecological impacts I 

modelled the relationship between of grazer density and vegetation, and watershed vegetation and the 

coral reef. I found negative relationships for goat and pig grazing with grass presence, and for donkey 

grazing with ground cover. Coral cover below 10m showed a positive relationship to ground cover, and, 

surprisingly, a negative relationship to tree biomass. Because conservation action is most likely to be 

sustainable when connected to funding, I conducted choice experiments with SCUBA divers, which 

estimated a positive willingness to pay for reef health improvements achieved using terrestrial grazer 

control. Through communication with local policy makers and practitioners I identified three options 

for grazer control, eradication, population reduction, or fencing, and estimated costs and social 

acceptability for each option. Though the ecological models predicted eradication to have the highest 

impacts on the terrestrial and marine ecosystem, lower costs and higher social acceptability identified 

fencing as the most suitable option for grazer control on Bonaire in the short term, with the potential to 

be funded through a fee on SCUBA divers. Through linking ecological, economic, and social 

considerations within a real world conservation context I illustrate the importance of looking beyond 

only ecological improvements when prioritising conservation action. This research is directly applicable 

to policy and practise on Bonaire
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Chapter 1 Literature Review 
 

Environmental conservation is a discipline that spans across subject divides, incorporating ecology, 

economics, and social sciences. Effective planning for conservation must draw together this diverse 

literature, to balance ecological improvements and economic costs, within the social context of the 

environment in question. To understand this balance I evaluate the current state of the literature in 

conservation prioritisation. I focus particularly on conservation actions impacting across ecosystem 

boundaries, such as the terrestrial and marine divide. Because global scale prioritisation recognises 

island ecosystems as of highest priority, and invasive species as one of their most significant threats, I 

consider the alternative conservation options for reducing impacts from invasive species. To address 

shortfalls in conservation funding, I detail the options for alternative funding of conservation actions. I 

consider this literature with particular regard for its application to the real world context of 

environmental conservation. Finally I introduce the study system of Bonaire, Caribbean Netherlands. I 

describe the current state of the ecosystem, and the island’s environmental conservation. I explore how 

the current literature may be applied to inform, and improve, conservation action within the context of 

Bonaire. 

Prioritising environmental conservation  

Despite the potentially catastrophic impacts of environmental decline, environmental degradation 

continues to accelerate worldwide (Sanderson et al. 2002, Kareiva and Marvier 2012). Environmental 

conservation aims to reduce, and ultimately reverse, this decline (Meffe et al. 1985, Kareiva and Marvier 

2012). Although the importance of environmental conservation is widely recognised, and the focus of 

many global treaties (Gillespie 2013), it remains chronically underfunded (Balmford and Whitten 2003, 

Bruner et al. 2004, Halpern et al. 2006, Armsworth 2014, Boyd et al. 2015). Improved allocation of 

available resources is therefore vital to ensure the highest conservation gains are achieved (Balmford et 

al. 2003, Cleary 2006, Halpern et al. 2006, Armsworth 2014, Helmstedt et al. 2014, Boyd et al. 2015), 

while taking advantage of alternative funding sources can greatly increase conservation potential 

(Bruner et al. 2004). 

 

Though prioritisation, or triage, of conservation has been criticized as defeatist (Buckley 2016), 

inaccurate (Armsworth 2014, Buckley 2016), and working directly against conservation (Buckley 

2016), it is impossible to avoid in a world of limited resources. Failing to explicitly prioritise actions 

leads to large conservation inefficiencies (Halpern et al. 2006, Marris 2007, Murdoch et al. 2007, 

Wilson et al. 2007, Bottrill et al. 2008, Freudenberger et al. 2013, Game et al. 2013). Explicit 

prioritisation became part of mainstream environmental conservation with the identification of global 

biodiversity hotspots (Myers 1988, Myers et al. 2000, Orme et al. 2005). Working towards the objective 
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of protecting the largest number of species within the smallest area, this framework has served a 

function for large, global, organisations to direct funding (Halpern et al. 2006). However global 

biodiversity hotspots are limited by failing to account for variation in costs between these areas (Halpern 

et al. 2006, Wilson et al. 2006, Marris 2007). Further limitations arise as benefits are measured only by 

number of species (Myers et al. 2000, Kareiva and Marvier 2003), with small changes in objective, to 

include number of threatened species or endemic species, having large impacts of hotspot designation 

(Orme et al. 2005). This global scale prioritisation is also of limited use for national, regional, or local 

organisations (Kareiva and Marvier 2003), which have funding tied to a defined location (Halpern et 

al. 2006). 

 

While environmental conservation is traditionally the realm of the biologist, in reality management 

crosses heavily into social, economic, and political sciences (Bardsley and Edwards-Jones 2007, 

García-Llorente et al. 2011, Schüttler et al. 2011, Sharp et al. 2011, Estévez et al. 2014, Moon et al. 

2015, Tassin and Kull 2015). Ecosystems, or species, may have economic value through direct use, 

such as trees for timber, or national parks for recreation, and hold non-use values, such as those gained 

through knowledge of existence of distant ecosystems. These values may promote, or preclude, 

conservation action, and failing to account for social acceptability of actions can lead to unforeseen 

costs and delays, or cancellation of management actions (Linklater et al. 2002, Lodge and Shrader-

Frechette 2003, Vaske et al. 2003, Sharp et al. 2011, Estévez et al. 2014, Frank et al. 2015, Moon et al. 

2015). Values associated with ecosystems may not be uniform across all impacted communities, and 

can therefore feed into, exacerbate, and ultimately fall foul of, existing social tensions (Estévez et al. 

2014, Lohr and Lepczyk 2014). Such differences in values may arise where the species under 

consideration for conservation represents a threat to livelihoods or recreation. Hen harrier conservation 

in Scotland comes into conflict with grouse hunting, due to predation of grouse by hen harriers. Taking 

account of potential losses to hunters, and owners of grouse moors, is therefore as important to the 

success of hen harrier conservation as meeting ecological targets (Thirgood et al. 2004, Hanley et al. 

2010). In invasive species management, conflict often arises through positive values associated to the 

invasive species itself, leading to opposition to control actions (Estévez et al. 2014). Such opposition to 

invasive donkey control has been observed on Bonaire, Caribbean Netherlands (Citizens for a better 

safer animal friendly Bonaire 2014). In the face of these publically voiced values, conservation 

prioritsation must also be sure to capture the spread of public opinion. This is of particular importance 

where one group has larger resources to voice their opinion than other groups. On Hawaii control of 

invasive cat populations was thought to be subject to high public opposition. However surveys indicated 

that although opposition was loud, the majority of individuals were in favour of controlling the cat 

population (Lohr and Lepczyk 2014). Accounting for social and economic trade-offs in prioritising 

management is therefore of as much importance as ecological gains.  
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Cost-effectiveness analysis for conservation planning aims to prioritise conservation actions to achieve 

the highest conservation returns for the lowest cost, across ecological, economic, and/or social sectors 

(Wilson et al. 2007, Duke et al. 2013, Freudenberger et al. 2013, Shwiff et al. 2013, Boyd et al. 2015, 

Evans et al. 2015). Despite requirements of prioritisation being well understood, documentation of costs 

and benefits of conservation is scarce (Balmford et al. 2003, Armsworth et al. 2011, Shwiff et al. 2013, 

Armsworth 2014), often due to unclear objectives, lack of funding for evaluation, and the long time 

periods over which outputs may be observed (Shwiff et al. 2013). The highly specific spatial and 

temporal variation associated with costs and benefits of environmental management present further 

challenge to conservation practitioners (Balmford et al. 2003, Cullen 2013, Armsworth 2014), as does 

uncertainty in funding. Additional challenges are presented when considering interplay between 

conservation carried out by independently operating organisations in adjacent locations (Duke et al. 

2013), and the influence of socioeconomic, as well as biological, factors (Freudenberger et al. 2013). 

Prioritisation remains subjective in setting of objectives and measures of success (Wilson et al. 2006, 

2007, 2011, Murdoch et al. 2007, Bottrill et al. 2008, Armsworth 2014). Despite the significant 

challenges associated with understanding the costs and benefits of conservation, failing to account for 

these costs results in significant inefficiencies in funding (Balmford et al. 2003, Cullen 2013, 

Armsworth 2014, Boyd et al. 2015). Where costs and benefits are accrued to different parties, such as 

losses in revenue to landowners, and benefits to conservation groups, as seen in in hen harrier control 

in Scotland (Thirgood et al. 2004, Hanley et al. 2010), failing to identify distribution of costs and 

benefits across different groups may also increase social conflicts. 

 

Most studies which incorporate economic costs into prioritisation are concerned with spatial allocation 

of resources, on a global (Brooke et al. 2007, Pannell and Gibson 2016), regional (Wilson et al. 2006), 

or local (Naidoo and Ricketts 2006, Murdoch et al. 2007, Evans et al. 2015) scale. At the global scale 

incorporation of cost metrics in prioritisation improved overall conservation gains by up to 50% 

(Pannell and Gibson 2016), while at the regional scale conservation in Asia was improved through 

inclusion of costs into prioritisation of conservation funding (Wilson et al. 2006). Where costs were 

incorporated into prioritisation of islands for invasive species eradications, total cost was reduced by an 

order of magnitude for islands in British Columbia, with no loss of gains (Donlan et al. 2014), and 

worldwide island prioritisation targeted smaller, but higher benefit-cost ratio, islands for preservation 

of bird species (Brooke et al. 2007). 

 

Though prioritisation in space is important for directing funding, many environmental management 

organisations have spatially specific areas for which they are responsible. Studies incorporating cost-

effectiveness analysis into selecting management options are much scarcer than those concerned only 

with spatial allocation of funding. Prioritising funding between Mediterranean regions which included 

actions to address specific threats, rather than solely land acquisition, predicted protection of 2780 
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species, against 703 species where only land acquisition was considered (Wilson et al. 2007). Similar 

gains in output were recorded during experimental manipulation of a restoration area in a Californian 

Mediterranean reserve (Kimbell et al. 2015). 

 

While inclusion of economic costs into prioritisation is not yet routine, ecological benefits of actions 

are always considered, even where not formally modelled. Though impacts of both environmental 

degradation and conservation are widely recognised to cross ecosystem boundaries (Fabricius 2005, 

Klein et al. 2010, 2012, Maina et al. 2013, Álvarez-Romero et al. 2014, Jones et al. 2015, Pittman and 

Armitage 2016), and ecosystem processes are reliant on connections across systems (Beger et al. 

2010b), prioritisation and management is still largely confined to the single ecosystem (Stoms et al. 

2005, Beger et al. 2010a, Álvarez-Romero et al. 2011, Makino et al. 2013, Adams et al. 2014a, Yee et 

al. 2014, Alvarez-Romero et al. 2015, Reuter et al. 2016). Despite academic interest in cross-ecosystem 

conservation increasing within the last 15 years, this still remains disconnected from action (Reuter et 

al. 2016). 

 

When concerned with conservation across the land-sea boundary, studies highlight a number of 

considerations for planning of environmental conservation. Managers are urged to incorporate values 

from the marine and terrestrial sector, with goals set to address each realm explicitly (Álvarez-Romero 

et al. 2011, Adams et al. 2014a, Yee et al. 2014), and to account for potential conflicts in setting 

objectives and managing use (Álvarez-Romero et al. 2011). Actions should incorporate the varied scales 

of interaction between realms (Beger et al. 2010a), and account for spatial heterogeneity in each realm 

(Stoms et al. 2005, Bartley et al. 2010, 2014, Maina et al. 2013, Makino et al. 2013, Adams et al. 2014a, 

Klein et al. 2014, Rude et al. 2015, Reuter et al. 2016). Conservation across the land-sea boundary 

requires a multidisciplinary approach, as management bridges divides in academia, policy, and 

conservation practise (Álvarez-Romero et al. 2011, Klein et al. 2014, Yee et al. 2014, Pittman and 

Armitage 2016, Reuter et al. 2016). 

 

Despite the abundance of academic studies, applications of cross-ecosystem conservation remains 

scarce, particularly at the local scale. Hawaii offers the notable exception, with a long-standing tradition 

of mountain-to-sea stewardship (Kaneshiro et al. 2005). Traditional management was separated into 

watersheds, and managed by individual cultural groups. Dependent on the full range of connections 

from the mountains to the sea, all management was adapted to local needs, including crop plant breeds 

and irrigation techniques. Though colonisation devastated these traditional land management measures, 

cultural resurgence is giving rise to ecological resurgence, and long-term monitoring and education 

programs have been established (Kaneshiro et al. 2005). Outside of Hawaii a number of case specific 

studies have been conducted illustrating the potential for improvements in conservation arising from 

consideration of impacts across the marine-terrestrial divide. In Australia (Klein et al. 2010, Alvarez-
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Romero et al. 2015), Fiji (Klein et al. 2012, 2014, Makino et al. 2013), Madagascar (Maina et al. 2013), 

and the Pacific North West of the United States (Tallis et al. 2008) terrestrial conservation has been 

shown to have a positive impact on coral reef protection. 

Funding environmental conservation 

Though significant gains in returns on investment from conservation could be made with improvements 

to funding allocation, there remains an absolute shortfall in funding. The global annual deficit in 

protected area funding is estimated to be $1 – 1.7 billion, rising to $9 billion (USD 2014) if protected 

areas were expanded to provide UN recommended levels of ecosystem protection (Bruner et al. 2004). 

Funding is normally limited due to lack of accounting for the services provided by ecosystems, and the 

public good nature of these benefits (Tisdell 2011), which means that individuals who do not contribute 

to protection cannot be excluded from the benefits. Many of these services, such as the coastal 

protection, fisheries stock, and recreation provided by coral reefs (Moberg and Folke 1999), are not 

accounted for in market prices. This market failure means that economic benefits do not accrue to 

private landowners from the conservation of ecosystem services, and costs are not incurred for actions 

which result in their degradation (Tisdell 2011). Challenges in reporting and forecasting costs and 

benefits (Waldron et al. 2013) are increased due to the complexity and unpredictability of ecosystem 

responses (Tisdell 2011, Armsworth 2014), which further limits the incorporation of ecosystem services 

into markets. These challenges often lead to funding opportunities being missed due to failures in 

reporting or accountability (Adams et al. 2014b). The lack of accounting, the complexity of ecosystem 

function, and the isolation of environmental protection from other government policy, can lead to 

misguided governance of conservation and a lack of awareness of environmental damages of other 

subsidised activities.  

 

The largest financial inputs for environmental conservation traditionally come from local or national 

governments (Balmford and Whitten 2003), with a small, but growing, input from non-governmental 

organisations (Balmford and Whitten 2003), and private donors (Cleary 2006, Bennett et al. 2015). 

Disparity between timescales and agendas of environmental conservation and politics can mean that 

government funding is unreliable (Balmford and Whitten 2003), dependent on external forces 

(Balmford and Whitten 2003, Thur 2010), or falls short of the full cost of conservation (Balmford and 

Whitten 2003, Waldron et al. 2013, Whitelaw et al. 2014). While NGO and private donor funding can 

be significant at a local level (Balmford and Whitten 2003, Bennett et al. 2015), it is often tied to specific 

projects or species, which constrains its overall impact (Bennett et al. 2015). Due to the nature of many 

ecosystem services as public goods it is not possible to exclude non-contributors to receiving the 

benefits of services, such as clean water or flood protection, for example. Reliance on donation-based 

funding, such as private donors and NGO’s, will therefore under-fund conservation, as individuals have 

no incentive to contribute as long as others are doing so. The shortfall in funding is often bridged 
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through international grants (Miller et al. 2013), and remaining costs borne by local residents and 

landowners (Balmford and Whitten 2003, Bennett and Dearden 2014). Environmental conservation 

programs which are able become self-financing therefore have largely increased chance of persisting 

through the long term (Depondt and Green 2006, Whitelaw et al. 2014).  

 

One route for self-financing is arising through the growth of ecotourism (Vaughan 2000, Whitelaw et 

al. 2014). Ecotourism aims to manage environmental, economic and social impacts of tourism, with 

particular regard to protecting and interpreting natural and cultural environments (United Nations 

Environment Program and World Tourism Organisation 2002). Ecotourism can be particularly valuable 

for funding conservation in developing countries, as it represents a flow of revenue from developed to 

developing nations. Unlike grants or loans this revenue is under the control of the receiving nation, and 

can be maintained or increased over the long term (Wunder 2000). The potential funds available through 

ecotourism are substantial, with ecotourism spending overtaking combined spending of aid agencies 

and the UN on environmental conservation by two orders of magnitude (Kirkby et al. 2011). Though 

there is significant diversity in understanding of environmental issues by ecotourists (Vaughan 2000) 

willingness to pay for environmental conservation amongst ecotourists remains high (Peters and 

Hawkins 2009, Gelcich et al. 2013). However, it is important to note that this positive willingness to 

pay for environmental benefits does not always extend to supporting communities bearing costs of 

conservation actions (Bush et al. 2009), and addressing shortfalls or inequalities in ecotourist funding 

is therefore important to managing funding to achieve conservation goals. Revenue from ecotourism 

can serve environmental conservation in two ways, indirectly through increasing wealth in the 

surrounding area, therefore increasing incentive for environmental protection, and/or through direct 

contribution to environmental conservation schemes. 

 

Ecotourists stimulate environmental protection indirectly through bringing revenue into the area, in the 

form of spending on food, accommodation and transport (Vaughan 2000). This increase can be 

significant with regard to the local economy, with beach and reef tourism contributing to 15% of 

Barbados’ GDP(Gill et al. 2015), 18% of GDP in Seychelles (Mathieu et al. 2001), and forms the basis 

of the economy of Bonaire, Caribbean Netherlands (Schep et al. 2013). However, the impact of this 

local increase in wealth on environmental conservation is highly sensitive to the destination of these 

funds. Although Kruger National Park, South Africa, attracts large numbers of visitors, and is near 

unique in its ability to run at a profit, the wealth generated by the park that remains in the local area 

amounts to only 0.4% of the local economy (Saayman and Saayman 2006), creating limited local 

incentive to conserve the park. Increased revenue through ecotourism can also stimulate increases in 

Government spending on conservation, as an investment in further increasing tourism (Buckley 2009), 

as well as increasing spending by local and international businesses that stand to gain from the increased 

tourist numbers. Tour operators will increase input into environmental conservation as long as it can be 
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anticipated to increase tourist numbers to a larger degree than could be expected through infrastructure 

improvements (e.g. increasing parking facilities or improving trails, Kirkby et al. 2011). 

 

Despite local examples of success (Wunder 2000, Kirkby et al. 2011) the relationship between 

ecotourism spending and environmental conservation is weak on a global scale (Vaughan 2000). 

Revenue generated from ecotourism is often diverted for another cause, mismanaged by park managers, 

or used to improve tourism infrastructure, rather than environmental conservation. The introduction of 

user fees to directly contribute to environmental conservation can be used to address this disparity 

(Vaughan 2000, Whitelaw et al. 2014). Ecotourists are typically willing to pay user fees (Arin and 

Kramer 2002, Green and Donnelly 2003, Peters and Hawkins 2009) due to direct interaction with the 

conserved area. Though not yet widely adopted, user fees have been successful in a number of cases. 

Marine protected areas in the Caribbean Netherlands islands’ of Saba and Bonaire, as well as the British 

Virgin Islands, have been successful in covering the majority of their costs, including enforcement, 

education and administration, through the introduction of user fees (Green and Donnelly 2003). User 

fees also cover a proportion of the costs of marine parks in the Seychelles, though funds are also raised 

through mooring and filming fees, selling of souvenirs, and hiring out of picnic facilities (Mathieu et 

al. 2001). 

 

In order to be successful, user fees must meet their ecological goal to improve the environmental health 

of the area, as well as the economic goal of raising revenue (Buckley 2009). Globally 41 endangered 

and critically endangered bird species are estimated to have over 10% of their range protected through 

conservation areas funded by user fees (Steven et al. 2013). Of the mammals on the IUCN Red List for 

which range data was available, 58% of species have over 5% of their range protected through user fee 

funded areas (Buckley et al. 2012). Marine protected areas, partially funding by user fees, have shown 

increased coral cover compared to fished areas in the Philippines (Magdaong et al. 2013), and increased 

fish herbivory and reef recovery in Australia (Olds et al. 2014).  

 

Though user fees have seen some success in increasing environmental protection, they are currently 

limited to protected areas with a defined user base, such as a coral reef for diving and snorkelling 

(Wielgus et al. 2010). Management of fees also determines the extent of their impact on environmental 

conservation. Fees which are placed into a central pot for redistribution, or which are used to fund 

tourist infrastructure, have limited impact on environmental conservation (Buckley 2009, Bennett and 

Dearden 2014), and users have been shown to have a lower willingness to pay fees handled in such a 

way (Fischer et al. 2015). The development of ecotourism markets also raises concerns that they may 

open up opportunities for traditional tourism ventures to follow, with negative environmental impact 

(Buckley 2009). The introduction of ecotourism, and setting of user fees, should therefore be 
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periodically evaluated to ensure environmental, as well as economic, goals are being met (Whitelaw et 

al. 2014). 

 

In addition to uncertainties over the ability of user fees to successfully protect the environment, there is 

also concern over their economic impacts. There is potential for user fees to reduce the number of 

visitors to an area, reducing overall tourist revenue (Depondt and Green 2006), or for fees to commodify 

nature as a luxury (Gomez-Baggethun and Ruiz-Perez 2011). Promisingly, a growing literature 

indicates that user fees are widely accepted (Arin and Kramer 2002, Depondt and Green 2006, Peters 

and Hawkins 2009, Thur 2010, Farr et al. 2014), and the possibility of introducing user fees on a scale, 

to account for varied incomes and use levels (Mathieu et al. 2001, Ransom and Mangi 2010). Concerns 

are also raised about the reliability of revenue raised through tourists, because tourist numbers are 

subject to a multitude of external factors, such a civil war, economic downturn and fashion (Buckley et 

al. 2012, Steven et al. 2013). A significant drop in tourist visits was seen in Ecuador during war with 

Peru (Wunder 2000), and in Rwanda during civil war (Bush et al. 2009), however numbers quickly 

recovered following resolution of the conflict (Wunder 2000, Bush et al. 2009).  Though tourist numbers 

may vary, it is unlikely that this form of funding is substantially more volatile than alternative funding 

sources, and should not be allowed to pass by while it is present, through fear it may one day disappear 

(Peters and Hawkins 2009). 

Island conservation 

Global scale conservation prioritisation recognises island ecosystems as of high conservation priority 

(Myers et al. 2000). Due to relative environmental stability (pre-human influence) caused by buffering 

of climate by ocean, paucity of species, and relative rarity of catastrophic events, islands are home to 

many relict species, while unique ecosystems and isolation leads to speciation events (Cronk 1997), 

combining to lead to high degrees of endemism (Kier et al. 2009).  

 

Despite stability in pre-human history, islands ecosystems today are increasingly fragile (Cronk 1997). 

As human populations rise, along with island tourism, human pressures on island ecosystems increase, 

with consequences magnified due to the already limited resource availability on islands (Cronk 1997, 

Sanderson et al. 2002, Kier et al. 2009). Climate change induced ocean warming threatens marine 

ecosystems, while sea level rise threatens terrestrial ecosystems, and islands offer limited potential for 

species migration in response to rising temperatures. The isolation which preserved relict lineages, as 

well as promoting speciation, also isolates island species from selective pressures against competition 

or predation (Cronk 1997). Introduction of invasive species, which outcompete or depredate upon native 

species, are recognised as one of the most significant threats to island ecosystems (Martins et al. 2006, 

Dawson et al. 2015). Understanding impacts of invasive species across linked island ecosystems, such 
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as the terrestrial and marine, is therefore central to prioritising island conservation, particularly at the 

local scale. 

 

The island of Bonaire, Caribbean Netherlands, is situated in the Southern Caribbean (12° 10' N 68° 17' 

W), 80km north of Venezuela (Figure 1), with a terrestrial ecosystem of predominantly secondary 

tropical dry-forest, dominated by Prosopis juliflora (Appendix Three, Figure 2). The island’s landscape 

is made up of terraces in the south, and undulating landscape in the north (Figure 3). Bonaire 

experiences low and unpredictable rainfall, receiving an average of 500mm of rain per year, 

predominantly between October and March, in short heavy rain showers. The island has no surface 

rivers, and only a single year-round freshwater spring. Bonaire’s urban infrastructure is concentrated at 

the coastal town of Kralendijk, with a smaller town, Rincon, in the north. The island has three main 

roads, two which link Kralendijk and Rincon via either coast, and one around the south of the island 

(Figure 4). 

 

Bonaire has a fringing coral reef, with the majority of corals found within between 50m-100m offshore, 

though in some locations the reef begins almost immediately at the water’s edge. An often sandy terrace, 

up to depths of approximately 8m, extends to a sharp drop off to around 12m, followed by a steep slope 

down to 50m-60m (Bak 1977). Trade winds are consistent from the south east, and tides are small, at 

approximately 30cm. The coral reef is largely uniform along the leeward (west) side of the island, which 

also experiences little in the way of currents. The windward (east) experiences large currents and wave 

action, and is therefore more infrequently dived and studied than the west (Bak 1977). With no 

permanent above ground rivers or streams, the major input of sediment into Bonaire’s coastal waters is 

expected to be diffuse run-off from land with rainfall, and to a smaller extent through wind. 

 

Bonaire’s first human populations originated from Venezuela, who colonised the island repeatedly until 

Spanish arrival in 1513 (Westermann and Zonneveld 1956). Bonaire was conquered by the Dutch in 

1636, and, barring British control from 1806 to 1816, has remained a part of the Kingdom of the 

Netherlands ever since (Westermann and Zonneveld 1956, Klomp 1977). As an oceanic island Bonaire 

has no native mammals, excluding bats, with the only native herbivore being the green iguana (Iguana 

iguana). Goats, donkeys and pigs were introduced to the island in the 1500s by the Spanish, and as a 

result the dry-forest which remains is highly degraded (Freitas et al. 2005). This terrestrial degradation 

threatens Bonaire’s fringing reef system due to reduced soil retention, leading to increased sediment 

run-off and eutrophication of coastal waters (Westermann and Zonneveld 1956, Slijkerman et al. 2011).  
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Figure 2 Dry-forest on Bonaire 

Figure 1 Location of Bonaire. Google Earth V 7.1.8.3036 (14/12/2015). Bonaire, Caribbean Netherlands. 12° 10' N 

68° 17' W [25/07/2017]. 
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Figure 3 Landscape types of Bonaire. Left - Middle and lower terrace. Right - Undulating landscape. 

Figure 4 Bonaire infrastructure, 

including roads and urban areas. 

Green area indicates National Park. 

https://www.google.com/maps/@12.18

86949,-68.2909585,11.75z [31/07/2017] 
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The impacts of introduced grazing species on island vegetation are well recognised. Overgrazing, where 

vegetation is consumed at a rate faster than it can regenerate, is particularly prevalent in island 

ecosystems. Island plant species have evolved in the absence of grazing pressure, and therefore lack 

defences, such as thorns or aversive chemicals, against grazing. Introduction of grazing species can 

therefore quickly lead to overgrazing, and declines in island ecosystems (Hamann 1993, Aguirre-Munoz 

et al. 2008, Dahlin et al. 2014). Furthermore, introduced grazers create artificial selection pressure, 

which favours those species resistant to grazing, leading to altered species composition (Augustine and 

Mcnaughton 1998, Lowney et al. 2005, Melendez-Ackerman et al. 2008, Rojas-Sandoval et al. 2014). 

This has consequences for soil chemical composition, as unpalatable species are now abundant, and are 

characterised by aversive chemicals (Hobbs 1996). Not only does this impact plant growth, but also 

disrupts soil mycorrhizal fungi, used by many plant species in nutrient uptake (Carpenter et al. 2001, 

Soka and Ritchie 2016). The impact of livestock grazing on mycorrhizal fungi was found to exceed that 

of previous land degradation (Soka and Ritchie 2016). Native animals are impacted by loss of habitat 

and changes to food sources (Desender et al. 1999, Donlan et al. 2007), while introduced grazers may 

themselves compete with native species (Lowney et al. 2005). 

 

Overgrazed landscapes undergo physical changes, particularly where grazing species form herds. 

Creation of tracks, wallows, and resting areas disrupt soil structures and alter water flows (Coblentz 

1978, Schofield 1989, Wezel and Bender 2004). Lack of root systems and increased evaporation due to 

low vegetation cover destabilise soils (Wezel and Bender 2004, Ryan et al. 2008), resulting in sediment 

loss from the system (Stender et al. 2014, Risk 2014, Edmunds and Gray 2014). Sediment lost from 

terrestrial ecosystems enters marine systems through streams and rivers, or run-off with rainfall and 

wind. The direct interface between marine and terrestrial ecosystems means that sediment run-off can 

have particularly large impacts on fringing coral reefs, through suspended sediment and sedimentation, 

as well as increases in nutrients (Fabricius 2005, Ryan et al. 2008).  

 

Suspended sediment directly reduces light availability through increasing turbidity, leading corals to 

undergo arrested growth rates (Fabricius 2005, Pollock et al. 2014, Stender et al. 2014), altered 

morphology (Fabricius 2005, Erftemeijer et al. 2012) and species composition (Fabricius 2005, De’Ath 

and Fabricius 2010), and lower recruitment (Fabricius 2005, Stender et al. 2014, Jones et al. 2015). 

Sediment can act as a transport for heavy metals (Bastidas et al. 1999), which leads to further rises in 

coral stress and mortality (Howard and Brown 1984). Fish recruitment is reduced, as larva show poor 

habitat selection (Wenger et al. 2011), restricted dispersal (Wenger et al. 2011, Hess et al. 2015), and 

slowed development (Wenger et al. 2014, Hess et al. 2015). 

 

Sedimentation smothers corals, reducing light availability (Weber et al. 2006, Erftemeijer et al. 2012), 

and restricting action of feeding polyps (Erftemeijer et al. 2012). This selects for altered coral 
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morphology, away from horizontal surfaces (Erftemeijer et al. 2012). Coral establishment is reduced as 

juvenile corals are unable to settle on high sediment substrates (Fabricius 2005, Perez et al. 2014, 

Edmunds and Gray 2014). Herbivorous fish preferentially feed outside of areas of high sedimentation 

(Goatley and Bellwood 2012) 

 

Increases in nitrogen are linked to reduced calcification of coral, and increases in boring algae, both of 

which decrease reef structural stability (Fabricius 2005), reducing reef ability to withstand adverse 

weather conditions (Moberg and Folke 1999, Cesar et al. 2003, Fabricius 2005). Nutrient increases as 

a whole are linked to reductions in the coral reef’s ability to adapt to other detrimental impacts, 

including temperature changes (Risk 2014). Prevalence of disease is increased as high nutrient levels 

favour the proliferation of disease causing organisms (Fabricius 2005, Risk 2014). High concentrations 

of particulate organic matter reduce coral reef regeneration through disrupting all stages of coral 

reproduction and recruitment (Fabricius 2005). 

 

In addition to direct impacts of sediments on fish, fish populations are also impacted through their 

association to the coral reef itself. Changes to the reef alters the physical habitat of reef fish, and the 

nursery grounds for many pelagic fish species (Fabricius 2005, Rogers et al. 2014). Reductions in 

refugia available to prey species reduces both diversity and productivity of fish within the reef 

ecosystem (Rogers et al. 2014). Small fish may undergo declines (Rogers et al. 2014), and fish species 

richness falls (DeMartini et al. 2013). 

 

The extensive ecological damage to both terrestrial and marine ecosystems described above makes 

controlling overgrazing a key point in island environmental conservation. Eradication of invasive 

grazing species is often considered the optimum solution, with a large number of techniques employed 

on islands worldwide (Donlan et al. 2003, Cruz et al. 2009, Blackburn et al. 2010, Island Conservation 

et al. 2015b). However economic constraints, ecological difficulties, or social factors, may preclude this 

solution, and control of invasive species may prove more appropriate. Invasive species control can be 

achieved through restricting species movement (Augustine and Mcnaughton 1998, Donlan et al. 2002, 

Cruz et al. 2009) or artificially controlling population numbers. Population control can be achieved 

through increases in mortality using programs such as hunting (MacMillan 2004, Hothorn and Müller 

2010), or the introduction of disease (Saunders et al. 2010) or predators (Ripple and Beschta 2012), or 

decreases in fecundity through surgical sterilisation or administration of contraceptives (Reiter et al. 

1999). Though management of species numbers can be effective, maintaining low populations requires 

restrictions to movement, increased mortality, or reduced fertility to be continued indefinitely. These 

techniques also require full understanding of the environmental responses to the reduced numbers, and 

are therefore often considered impractical. 
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Eradication of invasive species has widespread support in the literature (Donlan et al. 2003, Cruz et al. 

2009, Blackburn et al. 2010) and has been used extensively for grazing species (Island Conservation et 

al. 2015b). Eradications are frequently cited as the most cost-effective solution to combatting damage 

caused by invasive species (Cruz et al. 2009, Carrion et al. 2011) (Table 1), and a large variety of 

approaches have been developed where eradication is feasible. 

 

Campbell & Donlan (2005) reviewed eradications of feral goats from 120 islands worldwide, and found 

ground hunting to be most common method of removal, with aerial hunting and live capture also widely 

used. A small number of programs used fire, biological control, or poison bait to eradicate populations. 

Although a large number of specialised techniques are available, and the advantages of multiple 

techniques are recognised (Cruz et al. 2009), the majority of studies used a single, non-specialised 

eradication technique (Campbell and Donlan 2005). 

 

Eradications to date have focused on uninhabited islands (Oppel et al. 2011, Glen et al. 2013), however 

there is increased support for the use of eradication on inhabited islands (Glen et al. 2013, Moon et al. 

2015, Santo et al. 2015). Eradications on inhabited islands present increased challenges in building 

community and stakeholder support, and explicitly addressing public concerns (Cruz et al. 2009, Glen 

et al. 2013, Moon et al. 2015, Santo et al. 2015). As public opinion on species control is not formed 

solely through provision of scientific understanding, but incorporates social connections, values, and 

locally produced knowledge, tackling opposition can be as large a program as the control itself (Moon 

et al. 2015). Even once public acceptance is assured, organisers must liaise with a number of 

stakeholders and landowners to ensure complete cooperation throughout and following eradication, to 

enable success and prevent reintroduction (Campbell et al. 2004, Glen et al. 2013, Moon et al. 2015, 

Santo et al. 2015). Eradications must be managed to eliminate risks to island inhabitants, which can 

restrict techniques available. Risks to non-target animals, particularly domestic animals, must also be 

minimised (Glen et al. 2013). 

 

Though eradications receive widespread support in the literature, they are not always feasible. 

Irrespective of long-term savings, invasive species’ eradication requires significant initial investment 

of both finances (Table 1) and labour. Social concerns can also present a barrier to eradication (Moon 

et al. 2015). Many species considered introduced grazers are kept as livestock, and represent an 

important source of protein for local communities (Aich and Waterhouse 1999). Goats are particularly 

valuable in the semi-arid tropics (Baraza et al. 2010) due to their ability to subsist on marginal lands 

(Aich and Waterhouse 1999). Additionally, livestock may represent a store of wealth, a status symbol, 

or a platform for social or cultural connection (Raish and Mcsweeney 2003). Under these circumstances 

control of populations, either through restriction of movement, or artificially reducing population size, 

may be more suitable.  
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Table 1 Costs of control methods for reduction of overgrazing in terrestrial ecosystems. All costs are 

calibrated to 2015 USD. 

Control 
Method 

Study 
Species 

Initial cost 
Ongoing 
cost/year 

Length of 
Control 

Study 

E
ra

d
ic

at
io

n
 

Goat $129/ha  

Permeant 

(Cruz et al. 2009) 

Goat $10/ha  (Cruz et al. 2009) 

Goat $1354/ha  (Holmes et al. 2015) 

Goat $91/ha  (Holmes et al. 2015) 

Pig $120/ha  
(McCann and Garcelon 
2008) 

Pig $219/ha  (Melstrom 2014) 

Pig $118/ha  (Massei et al. 2011) 

Cattle $19/ha  (Martins et al. 2006) 

Goat $13/ha  (Martins et al. 2006) 

Goat $42/ha  (Martins et al. 2006) 

Goat $242/ha  (Martins et al. 2006) 

Average Cost $214/ha $0.00/ha   

E
xc

lu
si

o
n

 A
re

a
 

Vertebrates  $419/ha 

5 – 10 years 

(Smuts-Kennedy and 
Parker 2013) 

Pig $386/ha  
(McCann and Garcelon 
2008) 

Pig $12,204/ha $693/ha (Katahira et al. 1993) 

Pig $3,611/ha  (Reidy et al. 2008) 

Pig $9,390/ha  (Reidy et al. 2008) 

Pig $881/ha  (Reidy et al. 2008) 

Average Cost $5,288/ha $556/ha   

H
u

n
ti

n
g

 

Deer $479/individual 
$479/ 
individual 

1 year 

(Ishmael and 
Rongstad 1984) 

Ungulates $20/individual 
$20/ 
individual 

(Huijser et al. 2009) 

Average Cost $250/individual 
$250/ 
individual 

  

Im
m

u
n

o
co

n
tr

ac
ep

ti
o

n
 

Horse $337/individual 
$336.56/ 
individual 

1 year 

(Bartholow 2007) 

Deer $329/individual 
$328.98/ 
individual 

(Fagerstone 2002) 

Horse $4,406/individual 
$4,400.30/ 
individual 

(Kirkpatrick and 
Turner 1985) 

Horse and  
Donkey 

$1,376/individual 
$1,374.44/ 
individual 

(Elizondo 2011) 

Ungulates $588/individual 
$587.24/ 
individual 

(Huijser et al. 2009) 

Average Cost $1,407/individual 
$1,407/ 
individual 

  

Su
rg

ic
al

 
St

er
il

is
at

io
n

 

Deer $1,032/individual 
$1,032/ 
individual 

1 
generation 

(Boulanger et al. 
2012) 

Average Cost $1,032/individual 
$1,032/ 
individual 
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Exclusion areas are able to create grazer-free refuges. These areas can range from small areas (typically 

under 1ha) designed to study the impacts of introduced grazing species (Augustine and Mcnaughton 

1998, Donlan et al. 2002, Cruz et al. 2009), to ‘ecological islands’, measuring thousands of hectares 

(e.g. Arid Recovery Reserve, South Australia (Moseby et al. 2009) and Maungatautari Ecological 

Island, New Zealand (Smuts-Kennedy and Parker 2013)). The establishment of exclusion areas can 

provide opportunity for increased tree growth and understory cover, changes to the abundance and 

diversity of plant species, and increased regeneration of vegetation (Augustine and Mcnaughton 1998, 

Relva et al. 2009). However impacts of exclusion areas are not always observable. Alternative factors 

may prevent vegetation recovery, such as the presence of rodents in an exclusion area in Hawaii, which 

prevented tree recruitment through consumption of seeds and seedlings (Cabin et al. 2000). The long 

lasting effects of overgrazing mean that time scales for regeneration are often large, with exclusion 

areas in Arizona, USA, only beginning to show improvement after 39 years (Valone et al. 2002). This 

lag in recovery time can be attributed to disruption of soil nutrient levels and composition of soil fungi, 

vital to plant uptake of nutrients (Carpenter et al. 2001, Soka and Ritchie 2016). Overgrazing also 

restricts vulnerable plants to areas free from grazing pressure, often isolated from other such populations 

(de Freitas 2008). Regeneration of these species within exclusion areas is therefore dependent on natural 

seed dispersal, which may further delay recovery. 

 

Though exclusion areas create refuges from grazing, they also increase short-term grazing pressure in 

the surrounding area. However the longevity of this increase in population density is typically short. 

Invasive species population density is most commonly controlled by the availability of resources, such 

as food, shelter or territorial space. Therefore, assuming the population was well established prior to 

the creation of the exclusion area, the limitations of these resources will increase mortality within the 

population outside of the exclusion area, and the increased density will not be maintained. 

 

Overgrazing can also be reduced across the ecosystem through artificially maintaining low population 

densities. This can be achieved by increasing mortality by means of hunting, predator introduction, or 

the introduction of a disease or parasite into the population. Alternatively low populations can be 

maintained through decreasing fertility through sterilisation or immunocontraception. As population 

responses to altered mortality or fertility, and the impact of changes on ecosystem relationships, are 

typically non-linear, maintaining low population numbers to enable ecosystem recovery requires 

continual monitoring and the ability to respond to changes in populations rapidly (Putman et al. 2011). 

 

Annual hunting quotas are widely used across Europe and North America to control invasive grazers, 

or replace predation pressure for native grazing species where natural predators have been removed 

(MacMillan 2004, Hothorn and Müller 2010). Where it can be effectively administered annual hunting 
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has been successful in reducing population sizes, with grazing by ungulates reduced by 50% due to 

increased hunting in Germany (Hothorn and Müller 2010). However the long-term labour and financial 

commitments (Table 1) required to maintain low populations mean that hunting for invasive species 

control is restricted to areas where hunting markets exist, or can be created (e.g. MacMillan 2004, 

Hothorn and Müller 2010), and therefore limited in areas in which it can be applied. 

 

Mortality can also be increased through the introduction of a disease or parasite into a population. This 

can be particularly effective in island populations due to reduced immunity as a result of low presence 

of disease and parasites within the population, which creates reduced selection pressure for resistance, 

therefore reducing the immunity of the island populations (Dobson 1988). However introduction of 

disease and parasites to inhabited islands would likely be met with local resistance, and where target or 

related species are kept as livestock would present an unacceptable risk to domestic animals. 

 

Reintroduction of predators is beginning to gain favour as a method to control overgrazing where natural 

predators have previously been removed. The reintroduction of wolves into Yellowstone National Park, 

USA, has been successful in controlling elk populations (Ripple and Beschta 2012), and 

conservationists have proposed wolf reintroduction into the Scottish Highlands to control deer 

populations (Nilsen et al. 2007). Managing predator reintroduction with the intention of reducing the 

impacts of overgrazing requires extensive knowledge of ecosystem dynamics to predict and manage the 

consequences of species introduction (Sarrazin and Barbault 1996, Putman et al. 2011). Large predator 

reintroduction also presents increased risk for people and livestock in the area, which must be managed, 

and is often met with public resistance (Nilsen et al. 2007). Islands which have never sustained 

populations of large predators are likely to be too small to support a viable predator population, and 

predators would present an unacceptable risk to native fauna, which are typically naïve of the risk posed 

by predators (Gittleman and Gompper 2001). 

 

Though generally the most efficient, controlling population sizes of introduced grazers through 

increasing mortality is often met with resistance from animal rights groups and the general public. 

Increased mortality of large species can also present increased health risks if deceased individuals are 

not removed from areas or resources in public use. In these cases reductions in fertility may represent 

an acceptable alternative to artificially maintain low population sizes (Reiter et al. 1999). Reductions in 

fertility can be achieved through surgical sterilisation (Kennelly and Converse 1993) or administering 

immunocontraceptives (Cooper 2004). Numerous models and field trials have been conducted, with 

variable results by mating system, methods of administering contraceptives or conducting sterilisation 

and social rank of individuals treated (Caughley et al. 1992, Turner et al. 1996, Barlow et al. 1997). 

This extreme variability of results (Kennelly and Converse 1993, Merrill et al. 2006, Saunders et al. 
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2010), coupled with large economic (Table 1) and labour costs, may contribute to the small number of 

studies with wild populations. 

 

Reductions in population numbers of grazers, through either increased mortality or reduced fertility, 

has been shown to increase recovery of native vegetation in some instances. Following reduction in elk 

populations due to wolf reintroduction into Yellowstone National Park, USA, previously struggling 

communities of aspen, cottonwood and willow were able to recover, increasing in growth and 

recruitment rates. Increased willow density favoured beaver populations, altering the landscape of the 

park through construction of dams. Bison populations also benefitted from reduced competition with 

elk (Ripple and Beschta 2012). Introduction of predators not only results in decreased numbers of 

grazing species, but also alters behaviour patterns to avoid areas of high predation (Creel et al. 2005). 

This increases heterogeneity in the landscape, creating areas of near zero grazing pressure where 

predation risk is high (Ripple and Beschta 2012), acting as refuges for particularly vulnerable plant 

species. However the introduction of predators into Yellowstone National Park is concerned with the 

control of native grazing species following release from predation pressure. On islands previously void 

of grazing species, recovery is less straightforward. While culling of deer and goat populations in New 

Zealand did show increased sapling recovery, species preferred by grazers continued to be negatively 

affected, and slow growing species showed little change (Wright et al. 2012). Low recovery rates of 

preferred species are a result of diet shifting of remaining grazing individuals. With reduced competition 

the proportion of diet made up of preferred plant species for each individual increases, resulting in little 

change in overall consumption rates of these species. Slow growing species can be devastated by 

proportionally little grazing due to long recovery times (Wright et al. 2012). Restoration of ecosystems 

through controlling, rather than eradicating or excluding, invasive species must therefore be carefully 

monitored to ensure that restoration goals are achieved, and may need to be used in conjunction with 

other restoration methods. 

 

Environmental managers therefore have available a large range of options to reduce grazing pressure, 

from complete eradication, to partial eradication, or restriction of movement. With all management 

options involving substantial cost (Table 1), and being potentially socially sensitive, as well as offering 

varied levels of ecological impacts, in both terrestrial and marine ecosystems, understanding and 

analysing trade-offs is important for ensuring effective prioritisation of conservation funding. 

Invasive grazing species control on Bonaire, Caribbean Netherlands 
 

Grazers, including goats, donkeys and pigs, were first introduced to Bonaire by the Spanish in the 1500s 

(Westermann and Zonneveld 1956, Klomp 1977, Burg et al. 2012), and the goat population has grown 

steadily from introduction (Figure 5, (Westermann and Zonneveld 1956). Following Dutch colonisation 

Bonaire became a ‘ranch’ for the more profitable neighbouring Curacao, with goat meat one of the key 
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exports (Klomp 1977). However the abolition of slavery in 1863 made this arrangement untenable, 

forcing the sale or rent of land, and with it goats, to private individuals (Westermann and Zonneveld 

1956, Klomp 1977), and leading to the goat becoming a symbol of status. Today goats continue to be 

farmed, predominantly for personal consumption, and all three introduced grazing species have well 

established feral populations.  

 

Overgrazing, combined with historic felling in the early 20th Century, has severely degraded Bonaire’s 

terrestrial ecosystems (Freitas et al. 2005). Large areas of Bonaire’s landscape are devoid of vegetation, 

and the dry-forest that remains is dominated by unpalatable species and dense cactus thickets (Freitas 

et al. 2005). Overgrazing directly leads to declines in Bonaire’s terrestrial species, including two 

endangered tree species (Guaiacum officinale and G. sanctum) and a vulnerable parrot species 

(Amazona barbadensis). This terrestrial degradation threatens Bonaire’s fringing reef system due to 

reduced soil retention, leading to increased sediment run-off and eutrophication of the coastal waters 

(Westermann and Zonneveld 1956, Slijkerman et al. 2011).  

 

Bonaire’s economy is built on dive tourism, with stay-over tourists numbering over 126,000 in 2014 

(Statistics Netherlands 2015), of which over 89,000 are estimated to be solely dive tourists (STINAPA 

Bonaire 2010). In 2014 direct tourist spending made up 16.4% of the island’s GDP (Statistics 

Netherlands 2015). The island is internationally renowned for the quality of its coral reef (Sport Diver 

2016). Consequently there is widespread understanding of the need to protect Bonaire’s reef system. 

Dive resorts contribute directly to reef conservation, including participation in, and support for, 

underwater fishing line clean ups, and promotion of hunting of invasive lionfish. The national park 

authority, STINAPA, administer a $25 annual user fee for entrance to the Bonaire National Marine 

Park, a marine protected area which encircles the island to a depth of 60m (Green and Donnelly 2003). 

Ecotourism is therefore widely successful in supporting marine conservation on the island, through both 

increasing income locally, and direct funding. 
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Figure 5 Change in goat population on Bonaire from 1761 to 2012. Data from Westermann and 

Zonnefeld (1956) (1761-1956), and van der Lely et al. 2012 (2012). 

 

Despite this proactive marine conservation plan, which enables Bonaire’s reef to remain healthy in 

comparison to neighbouring reefs, Bonaire’s reef, like coral reefs worldwide, is still in decline. Climate 

change induced ocean warming is increasing coral bleaching (Bak et al. 2005), while invasive lionfish 

(Pterois volitans) are damaging reef fish communities (Albins and Hixon 2008). Increased numbers of 

SCUBA divers have detrimental impacts on coral cover (Hawkins et al. 1999), and rising numbers of 

cruise ships (Tourism Corperation Bonaire 2010) leads to increased marine pollution. Sewage levels 

have caused environmentally safe nutrient and bacteria levels to be periodically exceeded (Slijkerman 

et al. 2014), and run-off from land has been recognised as a threat to the reef and bay areas (Slijkerman 

et al. 2011, Wosten 2013). 

 

It is therefore in the interests of Bonaire’s reef managers to continue to address local threats to the coral 

reef, to reduce this decline. While measures to reduce the impacts of SCUBA divers and cruise ships 

should be considered, restricting numbers would be met with significant local opposition due to their 

central role in the economy. A sewage treatment plant is currently in development. Tackling terrestrial 

run-off is therefore in the interests of Bonaire’s reef managers to continue to improve reef conservation 

on the island. 
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Despite success in the marine sector, Bonaire’s terrestrial conservation remains chronically 

underfunded. The connection between the health of the terrestrial system and the coral reef is not 

immediately apparent, and consequently public support is limited. Terrestrial conservation therefore 

relies on Government funding, and a small number of international grants. Nevertheless, the large 

economic and environmental threats associated with overgrazing ensures controlling invasive grazers, 

and restoring the terrestrial ecosystem, is a key concern of the Bonaire Island Government (Ministry of 

Economic Affairs 2013), and conservation organisations (Simal 2005, Williams 2012, Dutch Caribbean 

Nature Alliance 2013). A sterilisation program for invasive donkeys was initiated on the island in 2013, 

though has met with significant public opposition (see Citizens for a better, safer, animal friendly 

Bonaire 2014) and technical challenges, and had just about entirely halted by 2015 (F. van Slobbe, pers. 

comm.). The National Park Authority, STINAPA, undertake periodic culls of goats and pigs within 

Washington-Slagbaai National Park, and maintain a number of exclusions areas (Simal 2005). A further 

10ha of exclusion areas are in the process of being established by local NGO Echo. 

 

The direct interface between the marine and terrestrial systems on Bonaire, history of ecotourism 

funding of conservation, and economic reliance on the coral reef system, make the island the ideal site 

to model the impacts of overgrazing alongside economic damages and local funding opportunities. As 

the Bonaire Government is showing increased support for grazing control (Ministry of Economic 

Affairs 2013), the study is well- timed to inform policy. 

 

Thesis overview 

In this thesis I employ ecological and economic techniques to investigate the link between terrestrial 

restoration and marine ecosystem health, through the relationship between the dry-forest and coral reef 

ecosystems on the island of Bonaire, Caribbean Netherlands. I seek to identify the trade-offs which are 

central to the management decisions taken by environmental managers, and to link this to funding 

opportunities which span the terrestrial marine divide (Figure 6). In this way I aim to build upon the 

extensive theoretical literature in prioritising environmental management by applying this to a real 

world system. Through ongoing connections to conservation action and policy on Bonaire I ensure this 

thesis has direct real world applications. 

 

Figure 6 illustrates the questions addressed within each chapter of this thesis, as well as the links through 

which each stage is drawn together to address invasive grazing species control on Bonaire. Chapter 

Two models the impacts of grazer density on vegetation characteristics. To enable estimation of impacts 

of terrestrial changes on coral reef health I model the relationship between watershed vegetation and 

coral reef attributes in Chapter Three. In Chapter Four I estimate willingness of SCUBA divers to pay 
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for improvements in reef health predicted to arise through terrestrial conservation actions. Finally in 

Chapter Five I bring together the ecological and economic studies of previous chapters with estimates 

to social acceptability to detail trade-offs in environmental conservation actions.  

 

Figure 6 Overview of thesis questions. Blue - Chapter two, Yellow - Chapter three, Green - Chapter four, 

Red- Chapter five. 
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Chapter 2 Impacts of introduced grazing species on terrestrial 

ecosystems 

Abstract 

 

 

Islands are of high conservation priority due to high levels of endemism and susceptibility to 

degradation. As a result of long periods of isolation islands are particularly threatened by introduced 

grazing species, which degrade vegetation. On Bonaire, Caribbean Netherlands, goats, donkeys, and 

pigs were introduced in the early 1600s, and their presence is likely to substantially affect the island’s 

dry-forest ecosystem. In this chapter I mapped the densities of each grazing species using point counts, 

transects, and track plots. I assessed vegetation health through measuring tree abundance, tree size, tree 

species richness, grass cover, and herb cover. Using general linear models I investigated the relationship 

between grazer density and vegetation characteristics. I found a negative relationship between grass 

presence and both goat density and pig presence, as well as a negative relationship between total ground 

cover and dry season donkey density. No relationship was found between tree characteristics and grazer 

density, indicating that the threshold for tree recovery is probably exceeded at even the lowest grazer 

densities. Overall Bonaire’s ecosystem is characteristic of a highly overgrazed system. The shallow 

relationships observed for grass cover and total ground cover indicate that some improvement in 

ecosystem health may be observed through reductions in grazing pressure, though tree recovery would 

not be seen without significant declines in grazer population densities. These models can feed directly 

into grazer control plans for Bonaire.  
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Introduction 

Islands are recognised as of high conservation priority due to high levels of endemism, arising from 

long periods of isolation (Cronk 1997, Myers et al. 2000, Kier et al. 2009). However this isolation also 

makes island ecosystems highly susceptible to degradation by invasive species (Martins et al. 2006, 

Dawson et al. 2015). Introduced grazing species can rapidly overgraze island vegetation, due to plant 

species lack of evolved defences, and no native predators to control grazing species populations 

(Desender et al. 1999, Blackmore and Vitousek 2000, Cabin et al. 2000, Larkin et al. 2012, Rojas-

Sandoval et al. 2014). Understanding the impacts of invasive species on island ecosystems is therefore 

central to designing conservation efforts to preserve and restore these ecosystems. 

 

Though the impacts of overgrazing are well established in general, little research has been carried out 

in dry-forest ecosystems. That research which exists is focused on cattle grazing, because this is the 

leading grazing threat to mainland dry-forests (Janzen 1988). Where cattle have been excluded dry-

forests show increases in tree abundance (Blackmore and Vitousek 2000), regeneration, species 

richness, and diversity (Stern et al. 2002), altered growth patterns (Breceda et al. 2005), and increased 

biomass of vegetation (Griscom et al. 2005). Along a gradient of grazing pressure, lower grazing density 

is associated with increased abundance of juvenile trees (Álvarez-Yépiz et al. 2008), increased tree 

recruitment (Chaturvedi et al. 2012), decreased tree mortality (Chaturvedi et al. 2012), increased ground 

vegetation cover (Elmore and Asner 2006), and increased soil carbon content (Elmore and Asner 2006). 

In forest restoration projects grazing or trampling by cattle was the primary cause of death for seedlings 

in the first year (Griscom et al. 2005), though this was not seen with trees planted when over one year 

of age (Vieira et al. 2006). The impacts of past cattle grazing on dry-forest regeneration has been found 

to be equal to, or to exceed, that of crop land or housing development (Romero-Duque et al. 2007, 

Colón et al. 2011, Chaturvedi et al. 2012), with lower recruitment (Chaturvedi et al. 2012) and reduced 

biomass of vegetation (Colon and Lugo 2006) than comparable dry-forests. 

 

Though cattle represent the most common grazing threat in continental dry-forests (Janzen 1988), cattle 

farming is comparatively rare across the Caribbean, where small islands size and reduced, or 

unpredictable, rainfall makes goat farming more popular (Aich and Waterhouse 1999, Baraza et al. 

2010). Where studied, goat grazing in dry-forests has been associated with declines in vegetation 

(Desender et al. 1999, Cabin et al. 2000, Abril and Bucher 2001, Melendez-Ackerman et al. 2008, 

Larkin et al. 2012, Rojas-Sandoval et al. 2014). Combined grazing pressure of goats, horses, and cattle 

reduced the carbon sequestration potential of Argentinean dry-forests (Abril and Bucher 2001), and 

control of goats, rodents, and invasive grasses resulted in increases in vegetation cover and diversity 

(Cabin et al. 2000). An investigation of goat diet on Mona island, Puerto Rico, found goats to consume 

20% of total plant species on the island, but 50% of canopy or intermediate stratum species, suggesting 
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goat grazing would have a large impact on the physical characteristics of the forest (Melendez-

Ackerman et al. 2008), a finding supported by later studies into recovery of Mona island following 

degradation by hurricane (Rojas-Sandoval et al. 2014). Introduced goats grazing in dry-forests has also 

been associated with reduced invertebrate species diversity (Desender et al. 1999), and long term 

reductions in recovery of tree species richness and diversity when compared to sites cleared, but not 

grazed (Larkin et al. 2012). Little research has been carried out for grazing species within dry-forests 

beyond cattle and goats. 

 

Most studies into grazing pressure, within dry-forests and elsewhere, are concerned predominantly with 

presence or absence of grazing, of one or multiple species. While this analysis is easier to conduct, 

through the creation of exclusion areas for example, it is of limited value for practitioners aiming to 

reduce, rather than remove, grazing populations. Studying impacts of grazers across a natural density 

gradient can therefore add to the applicability of research for prioritising grazer control actions. The 

practise of population density estimation is well established, with a number of alternative methods 

suited to varied population densities, resource availability, and species traits. 

 

Track plots are largely considered the simplest form of density estimation, and in their most basic form 

identify presence/absence of a species in an area. Extensions of this method may use number of tracks 

as a density index, or when initially coupled with an alternative method, a conversion factor may enable 

population density to be estimated. Track plots are advantageous when studying elusive species, or 

species at low densities, as they allow survey of a large area simultaneously, and have reduced bias 

from researcher presence (Lyra-Jorge et al. 2008, Keeping and Pelletier 2014). However large, and 

often unknown, errors can be introduced, because track plots may be avoided, or crossed multiple times 

by a single individual (Keeping and Pelletier 2014). Track plots can also be obscured through adverse 

weather, or high numbers of tracks (Keeping and Pelletier 2014). 

 

Fixed radius counts involve direct counts of individuals, or counts of animal sign, such a faeces or 

burrows, either from a single point or along a transect. Density can be estimated directly from counts 

(Caro 1999), or through a conversion factor where animal sign is used (Ariefiandy et al. 2013). Fixed 

radius counts require little training or specialised equipment, but can be limited due to researcher 

presence disturbing the species to be counted, and the assumption of full detectability of individuals 

(Engeman et al. 2013). 

 

Distance counts are an extension of fixed radius counts, with the addition of distance estimates from 

the individual, or herd, to the researcher (Buckland et al. 2001). Though this requires further training 

than fixed radius counts, it has the advantage of accounting for variable detectability in the landscape 

(Buckland et al. 2001). 
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Mark-release-recapture arguably presents the most accurate, but resource expensive, estimate of 

population density (Schwarz and Seber 1999). Where true traps are used, individuals caught in the initial 

trapping period are marked, and the proportion of those caught in subsequent trapping periods used to 

estimate density, with individual markings or repeated trappings enabling estimates to be further refined 

(Schwarz and Seber 1999). Alternatively camera traps may be used, where natural markings of 

individuals are used for identification (Schwarz and Seber 1999). Camera traps enable reductions in 

bias caused by researcher presence, and monitoring of elusive species, or species at low density. 

Continual collection of data from camera traps also provides opportunity to collect data on population 

age and sex structure, and activity schedules (Lyra-Jorge et al. 2008, Franzetti et al. 2012) 

 

In this chapter I will utilise track plots, fixed radius counts, and distance point counts to map grazer 

densities, and use quadrats to map vegetation. Using general linear models I will model the impacts of 

each of Bonaire’s introduced grazers: goats, donkeys, and pigs, on the dry-forest ecosystem, across a 

gradient of grazing pressure. In addition to adding to the literature of non-cattle grazing impacts, 

measuring across a gradient of grazer densities will enable models to be used to predict responses of 

the ecosystem to reductions in grazer pressure, as well as complete eradication of grazing species. In 

this way the analyses presented here can be used to feed into prioritisation of options to control 

introduced grazing species as an alternative to complete eradication. 

Methods 

Data collection 

GPS coordinates for 101 survey locations were identified using a random number generator, stratified 

by landscape type. No survey points were located in the bottom third of the island, as this is largely salt 

pans, nor within urban areas. Locations lying within 200m of an existing site were removed.  For 

efficiency locations were grouped according to those that could be expected to be completed within a 

single sampling session. Group order was randomised for each round of sampling using the function 

‘sample’ in R Statistical Software. Survey locations which could not be accessed due to time or access 

constraints (e.g. firing range in use) at the first attempt were re-grouped and order of visiting again 

randomised. Access restrictions to the Washington Slagbaai National Park meant that locations here 

were visited on three consecutive days in each sampling session, and, with the exception of setting pig 

track plots, were only surveyed during morning sessions. Sites were located using a Garmin handheld 

GPS unit, model 72H. 

 

Dry season grazer density estimates were conducted between 1st June and 22nd July 2015. Wet season 

estimates were carried out between 20th November 2015 and 4th February 2016. Surveys were not 
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conducted if it was raining. Tree characteristics were assessed between October 2013 and March 2014, 

with additional vegetation assessments conducted between 1st June and 17th June 2015 (dry season), and 

30th November and 18th December 2015 (wet season). 

Goat density 

Distance point counts were conducted in the three hours following sunrise or three hours before sunset, 

excluding the initial and final 30 minutes of each day. Counts were conducted at each location twice 

during each season, giving four counts per location total. Distances were estimated to the nearest five 

metres and counts lasted for five minutes, with no settling period. Efforts were made to record any 

flushing animals, and distances estimated to original locations in this case. To ensure accurate distance 

estimates, markers were placed at five metre intervals across the field station to assist with visualising 

distance. Prior to counts beginning each season I estimated distances to objects in various field locations 

until I could accurately estimate distances to within five metres.  

Donkey density 

Low density precluded distance point counts for donkeys, therefore GPS locations of individuals were 

recorded on transects between survey sites. Age, sex, and presence of tag indicating sterilisation were 

also recorded. 

Pig density 

The low densities and nocturnal nature of pigs on Bonaire necessitated the use of track plots for density 

estimation. At 85 of the survey locations a 10m quadrat was measured, with the survey point in the 

south east corner. All herbivore trails entering the quadrat were identified, and 1m of each trail dug to 

a depth of 1cm. Where substrates did not allow the digging of plots sand was spread across the track 

for 1m to a depth of 1cm. Where trails could not be identified, track plots were placed around the 

perimeter of the quadrat. Plots were placed in the three hours before sunset and checked in the three 

hours following sunrise, to reduce risk of tracks being obscured by goats or donkeys during the day. A 

cross was created in the substrate of each plot to determine whether overnight rain may have obscured 

earlier tracks, if this was no longer visible the plot was repeated. Pig sign (e.g. faeces, rooting, or 

rubbing) was also recorded. 

 

Unsuitable surface or inaccessibility of 16 points prevented track plots being placed at these locations. 

During the dry season, six of these locations were surveyed using infra-red motion sensing cameras 

(Browning Strike Force, model BTC-5). Cameras were positioned to cover the 10m quadrat, set to mid 

sensitivity, to record three images on triggering and with a rest period of 1 minute. Due to cameras 

being used on other projects this was not possible during the wet season. 
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Vegetation assessments 

Vegetation characteristics to be assessed were identified following review of the literature of the 

impacts of overgrazing, and characteristics most likely to eventually impact sediment run-off. Final 

characteristics were identified as: tree abundance (Hamann 1993, Aguirre-Munoz et al. 2008, Dahlin et 

al. 2014), tree species richness (Augustine and Mcnaughton 1998, Lowney et al. 2005, Rojas-Sandoval 

et al. 2014), tree size (Romero-Duque et al. 2007, Álvarez-Yépiz et al. 2008), percentage grass cover 

(Schofield 1989), and percentage herb cover (Schofield 1989). 

 

Within each quadrat established at the survey location, percentage grass and herb cover was estimated 

during both the wet and dry seasons. Tree abundance by species, and diameter at 1.5m were also 

recorded. 

Additional variables 

Landscape type at each location was identified from the landscape ecological vegetation map of Bonaire 

(Freitas et al. 2005, Figure 7), land use from the Bonaire Zoning Plan (Openbaar Lichaam Bonaire 2011 

Figure 8) and soil type from previous soil surveys (Government of the Netherlands Antilles Ministry of 

Welfare Development plan on land and water 1967, see supplementary material). 

 

 

Figure 7 Map of landscape types. Adapted from Freitas 2005. 
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Data analysis 

Analysis was carried out in R statistical software (R Core Team, 2016), and Distance 6.2. 

Goat density 

Population densities were initially estimated using distance analysis. Distance analysis incorporates 

distance of the recorded individual from the researcher into density estimates, to account for variable 

detectability within the landscape (Buckland et al. 2001). Distances were organised into 20m intervals, 

to meet the assumption of declining detectability with distance, and analysed using multiple covariate 

distance sampling. Wet and dry season data were analysed and pooled to determine a global population 

estimate. However model fit was poor and accurate estimates were not possible.  

 

Data was therefore subsequently treated as fixed radius point counts, with radius determined separately 

for each location, ranging from 10 to 100m. Radius varied to account for variability in forest type, to 

ensure that the largest area was surveyed while maintaining full detectability. Goat density index was 

calculated as: 

Figure 8 Bonaire Zoning Plan. (Openbaar Lichaam Bonaire 2011) 
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𝐺𝑜𝑎𝑡 𝐷𝑒𝑛𝑠𝑖𝑡𝑦 =  
𝐺𝑜𝑎𝑡 𝐴𝑏𝑢𝑛𝑑𝑎𝑛𝑐𝑒

𝑆𝑢𝑟𝑣𝑒𝑦 𝐴𝑟𝑒𝑎
 

Kernel density estimation was used to map goat densities, with bandwidth calculated using likelihood 

cross validation. 

Donkey density 

GPS locations of donkeys were plotted alongside GPS tracks of transects to calculate donkey density 

index: 

𝐷𝑜𝑛𝑘𝑒𝑦 𝐷𝑒𝑛𝑠𝑖𝑡𝑦 𝐼𝑛𝑑𝑒𝑥 =  
𝑁𝑢𝑚𝑏𝑒𝑟 𝑜𝑓 𝑑𝑜𝑛𝑘𝑒𝑦𝑠 𝑜𝑏𝑠𝑒𝑟𝑣𝑒𝑑 𝑎𝑡 𝐺𝑃𝑆 𝑝𝑜𝑖𝑛𝑡

𝑁𝑢𝑚𝑏𝑒𝑟 𝑜𝑓 𝑡𝑖𝑚𝑒𝑠  𝐺𝑃𝑆 𝑝𝑜𝑖𝑛𝑡 𝑠𝑢𝑟𝑣𝑒𝑦𝑒𝑑
 

Donkeys observed at a single point on separate occasions within the same season were treated as a 

single observation. 

 

Kernel density estimation was carried out to map densities across the island, with bandwidth calculated 

using likelihood cross validation. Donkey density index was extracted from this map for each survey 

location in the wet and dry seasons. 

Pig density 

Low sample size of records of pigs prevented density estimation. A presence/absence score was given 

to each survey location based on observations of tracks, rooting, or faeces seen on any visit. 

Vegetation assessments 

Due to low tree numbers, tree abundance was reclassified as presence/absence for analysis. Grass and 

herb cover were first analysed for presence/absence, and then separately modelled for percentage cover. 

Taking a two-step approach to modelling grass and herb cover enables the understanding of the varied 

requirements for presence and percentage cover. This is particularly valuable for zero-abundant data, 

where the high number of zeros mask any relationship with cover where present. 

Model Specification 

The relationship between grazer densities and vegetation characteristics were modelled using general 

linear models. Models were estimated for tree presence, tree species richness, tree size, tree biomass 

index score, grass cover, herb cover, and combined ground cover. Models were estimated using the 

binomial distribution for tree, grass, and herb presence, normal distribution for tree biomass, and were 

log transformed for tree size, grass cover, herb cover, and ground cover. The full model was specified 

to include the variables goat density, wet season donkey density, dry season donkey density, pig 

presence, landscape type, soil type, donkey density wet*dry season interaction and goat density*donkey 

density interaction. Model specification was carried out using the information theoretic approach 

(Burnham and Anderson 1998). The ‘dredge’ function (Library - MuMIn) was used to compare 

combinations of variables within models. Variables which occurred within models within 2 ΔAIC of 
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the top model were identified, and the cumulative Akaike weights for each variable calculated as the 

sum of the weights of each model in which the variable occurred. A representative model was created 

containing those variables with a cumulative Akaike weight of greater than 0.5. 

 

Results 

Goat density 

Total number of goats recorded was 271, 116 during the wet season and 155 during the dry season, with 

a mean of 0.64 (±0.17, n=182) goats per point in the wet season, and 0.81 (±0.17, n=190) goats per 

point during the dry season. 

 

Distance sampling estimated total goat population at 85,566 (Table 2), however large errors (lower 

bound - 55,860, upper bound - 131,418), and poor model fit, indicated this estimate was not reliable, 

and it was not used in any further analyses.  

 

Table 2 Goat population estimates calculated through distance sampling, using half-normal cosine model. 

Though this provides the best fit of all models, fit is still poor and estimates have not been used. 

 

Estimate/km2 df 

Population 

lower bound 

Population 

mean 

Population   

upper bound 

Density  291.04 321.64 55,860 85,566 131,418 

 

Visual assessment of density maps (Figure 9) alongside a linear model applied to the wet and dry season 

goat density index indicated correlation between densities in the two seasons (Est.= 0.28, SE+-0.06, 

P<0.001, n=101), therefore further analysis was carried out using a universal goat density index, 

calculated as the mean of both densities. 

 

Density maps indicated two areas of high goat density, one in the east and one in the north of the island 

(Figure 9). 
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Figure 9 Goat density map. Left - Dry season, Right - Wet season. Dots indicate survey locations. 

Donkey density 

A total of 256 donkeys were recorded, 90 during the wet season and 166 during the dry season. 

 

Linear models between donkey density index indicated a correlation between densities in the wet and 

dry seasons (Est.= 0.20, SE=0.06, P<0.001, n=101). However visual assessment of the density maps 

(Figure 10) indicate a spatial difference between seasons, therefore densities continued to be separated 

by season. 

 

Donkey density in the wet season was concentrated in the far east, and in the central north, around the 

town of Rincon. During the dry season density was spread across the island, with highest densities in 

the central areas (Figure 10). 

 

Figure 10 Donkey density map. Left - Dry season, Right - Wet season. Dots indicate locations donkeys 

recorded. 
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Pig presence 

Pig sign was observed in 12 of the 101 sites, spread across the island (Figure 11). 

 

Figure 11 Locations with evidence of pig presence. 

Tree presence 

Trees were present in 30 of the 101 plots, with higher probability of presence in the north of the island 

(Figure 12). 

Tree species richness 

A total of 21 tree species were recorded, with a median tree species richness of 1 per 10m2 plot (±0.1, 

n=30). Higher tree species richness was found in the north of the island (Figure 12). 

Tree size 

Median tree diameter was estimated at 19cm (±1.7, n=58). As with other tree characteristics, this was 

higher in the north (Figure 12). 
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Figure 12 Spatial variation in tree characteristics. Top Left - Tree density, Top Right - Tree species 

richness, Bottom Left - Tree size. 

 

Grass cover 

Grass was present in 44 of the 101 locations. Percentage grass cover ranged from 0-80% in both wet 

and dry seasons, with a mean cover of 3% (±1, n=101) in the wet season, and 4% (±1, n=101) in the 

dry season. Percentage grass cover did not vary significantly between seasons (Linear model, Est.=0.63, 

SE=0.04, P<0.001, n=101, Figure 13), and was highest on Klein Bonaire (Figure 13). 

Herb cover 

Herb cover was present in 98 of the 101 locations, with percentage cover ranging from 0-75% in the 

wet season (median=5%, ±1.5, n=101) and 0-50% in the dry season (median=0%, ±1.2, n=101). Herb 

cover was highly correlated between season (Linear model, Est.=0.93, SE=0.087, P<0.001, n=101, 

Figure 13), with the highest cover on Klein Bonaire and in the north (Figure 13). 
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Figure 13 Spatial variation in grass and herb cover. Left- Dry season, Right- Wet season. 

Grazer-Vegetation Models 

Tree presence 

Tree presence data was modelled with the binomial distribution. Three top models were identified to 

estimate the relationship between tree presence and grazing pressure. These models included the 

variables goat density (1 model), wet season donkey density (1 model), and landscape type (3 models). 

The most representative model included only landscape type, with probability of tree presence highest 

in higher terrace (Table 3). 

Tree Species Richness 

Tree species richness data was log transformed. A single model was identified to best estimate the 

relationship between tree species richness and grazing pressure, and this representative model included 

only the intercept. No variables were significant in the full model (Table 4).  
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Tree Size 

Tree size data was log transformed. Two top models were identified, including goat density (1 model). 

The representative model included only the intercept. No variables in the full model were significant 

(Table 5). 

Tree biomass 

Six models were identified, including variables dry season donkey density (2), wet season donkey 

density (2), pig presence (1), and soil (5). The representative model included only soil type, with lower 

tree biomass found in sandy soils (Table 6). 
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Table 3 Results from General Linear Model (binomial distribution) investigating effects of grazing on 

tree presence. The full model (tree presence ~ goat density + dry season donkey density + wet season 

donkey density + pig presence + land use + landscape type + soil + goat density * dry season donkey 

density + goat density * wet season donkey density + wet season donkey density * dry season donkey 

density, n=86) is presented alongside the representative model (tree presence ~ landscape type, n=86). Full 

model deviance = 82.53, df=68, representative model deviance = 94.54, df=82. Full model intercept set to 

landscape type - higher terrace, soil type - sand and land use - agriculture. Representative model 

intercept set to landscape type - higher terrace. Values show transformed data. Significant terms in bold. 

Tree presence           
Full model AIC = 118.53 Representative model AIC = 102.54 

  Est. SE t P Est. SE t P 

(Intercept) -1.63 2.33 -0.70 0.49 0.98 0.68 1.45 0.15 

Goat density -211.60 1037.72 -0.20 0.84     
Dry season donkey 
density 0.12 0.23 0.52 0.60     
Wet season donkey 
density -0.38 0.28 -1.35 0.18     

Pig presence -0.93 1.09 -0.85 0.39     

Nature area 1.56 1.06 1.47 0.14     

National Park 0.47 1.50 0.31 0.75     

Open use area 2.35 1.34 1.75 0.08     

Urban use area 16.87 1455.40 0.01 0.99     
Lower terrace -4.64 1.85 -2.51 0.01 -3.47 1.24 -2.79 0.01 
Middle terrace -1.80 1.24 -1.45 0.15 -1.78 0.79 -2.26 0.02 

Undulating landscape -1.00 1.27 -0.79 0.43 -1.96 0.78 -2.51 0.01 

Loam soil 1.26 1.35 0.93 0.35     

Rocky soil 1.56 1.43 1.10 0.27         

Terraced soil 2.03 1.38 1.48 0.14         

Goat density * Dry 
season donkey density 30.91 353.12 0.09 0.93         

Goat density * Wet 
season donkey density -46.21 207.82 -0.22 0.82         
Dry season donkey 
density * Wet season 
donkey density 0.03 0.05 0.67 0.50     
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Table 4 Results from General Linear Model (poisson distribution) investigating effects of grazing on tree 

species richness. Only the full model (tree species richness ~ goat density + dry season donkey density + 

wet season donkey density + pig presence + land use + landscape type + soil + goat density * dry season 

donkey density + goat density * wet season donkey density + wet season donkey density * dry season 

donkey density, n=27) is presented as model refinement identified only the intercept as relevant. Full 

model deviance = 2.19, df=9. Full model intercept set to landscape type - higher terrace, soil type - sand 

and land use - agriculture. Values show transformed data. Significant terms in bold. 

Tree species richness   
Full model AIC = 99.59 

  Est. SE t P 

(Intercept) 0.39 2.12 0.18 0.86 

Goat density 916.20 1677.18 0.55 0.58 
Dry season donkey 
density -0.15 0.23 -0.65 0.52 
Wet season donkey 
density -0.16 0.31 -0.50 0.61 

Pig presence 1.25 1.28 0.98 0.33 

Nature area -0.82 1.11 -0.75 0.46 

National Park -1.39 1.91 -0.73 0.47 

Open use area 0.00 1.13 0.00 1.00 

Urban use area -0.52 1.20 -0.43 0.66 
Lower terrace 0.98 0.98 1.00 0.32 
Middle terrace 0.04 0.69 0.05 0.96 

Undulating landscape 0.29 0.81 0.36 0.72 

Loam soil 0.75 1.41 0.53 0.60 

Rocky soil 1.58 1.45 1.09 0.27 

Terraced soil 0.79 1.24 0.63 0.53 

Goat density * Dry 
season donkey density -422.84 577.56 -0.73 0.46 

Goat density * Wet 
season donkey density 166.43 279.92 0.59 0.55 
Dry season donkey 
density* Wet season 
donkey density 0.02 0.05 0.33 0.74 
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Table 5 Results from General Linear Model (log transformed data) investigating effects of grazing on tree 

size. Only the full model (tree size ~ goat density + dry season donkey density + wet season donkey density 

+ pig presence + land use + landscape type + soil + goat density * dry season donkey density + goat 

density * wet season donkey density + wet season donkey density * dry season donkey density, n=27) is 

presented as model refinement identified only the intercept as relevant. Full model deviance = 1.27, df=9. 

Full model intercept set to landscape type - higher terrace, soil type - sand and land use - agriculture. 

Data log transformed. Significant terms in bold. 

Tree size   
Full model AIC = 32.24 

  Est. SE t P 

(Intercept) 1.16 0.95 1.22 0.25 

Goat density -1151.69 866.98 -1.33 0.22 
Dry season donkey 
density 0.18 0.10 1.71 0.12 
Wet season donkey 
density 0.18 0.14 1.28 0.23 

Pig presence -0.65 0.58 -1.11 0.30 

Nature area 0.82 0.51 1.61 0.14 

National Park 0.75 0.91 0.83 0.43 

Open use area 0.50 0.47 1.06 0.32 

Urban use area -0.44 0.49 -0.90 0.39 
Lower terrace -0.86 0.50 -1.71 0.12 
Middle terrace 0.09 0.30 0.28 0.78 

Undulating landscape 0.22 0.36 0.61 0.56 

Loam soil 1.03 0.59 1.75 0.11 

Rocky soil 0.58 0.62 0.93 0.38 

Terraced soil 0.40 0.53 0.75 0.47 

Goat density * Dry 
season donkey density 446.84 282.39 1.58 0.15 

Goat density * Wet 
season donkey density -115.25 116.70 -0.99 0.35 
Dry season donkey 
density * Wet season 
donkey density -0.03 0.02 -1.38 0.20 
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Table 6 Results from General Linear Model (normal distribution) investigating effects of grazing on tree 

biomass index. The full model (tree biomass ~ goat density + dry season donkey density + wet season 

donkey density + pig presence + land use + landscape type + soil + goat density * dry season donkey 

density + goat density * wet season donkey density + wet season donkey density * dry season donkey 

density, n=27) is presented alongside the representative model (tree biomass ~ soil, n=27). Full model 

deviance = 2.9, df=9, representative model deviance = 5.6, df=23. Full model intercept set to landscape 

type - higher terrace, soil type - sand and land use - agriculture. Representative model intercept set to soil 

type - sand. Significant terms in bold. 

Tree biomass index  
Full model AIC = 53.9 Representative model AIC = 44.4 

  Est. SE t P Est. SE t P 

(Intercept) 2.77 1.41 1.96 0.08 2.68 0.50 5.42 <0.01 

Goat density 351.68 1295.14 0.27 0.79     
Dry season 
donkey density -0.05 0.16 -0.30 0.77     
Wet season 
donkey density -0.13 0.21 -0.65 0.53     

Pig presence 0.71 0.87 0.81 0.44     

Nature area -0.76 0.76 -1.00 0.34     

National Park -1.40 1.36 -1.03 0.33     

Open use area -0.55 0.70 -0.78 0.46     

Urban use area -1.05 0.73 -1.44 0.18     
Lower terrace 0.81 0.75 1.08 0.31     
Middle terrace -0.01 0.46 -0.03 0.98     
Undulating 
landscape 0.44 0.54 0.81 0.44     

Loam soil 1.16 0.88 1.32 0.22 0.63 0.53 1.19 0.25 

Rocky soil 2.18 0.93 2.35 0.04 1.22 0.52 2.35 0.03 

Terraced soil 1.69 0.80 2.13 0.06 0.92 0.52 1.75 0.09 
Goat density * 
Dry season 
donkey density -162.08 421.85 -0.38 0.71     
Goat density * 
Wet season 
donkey density 104.51 174.33 0.60 0.56     
Dry season 
donkey density * 
Wet season 
donkey density 0.01 0.04 0.23 0.82     
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Grass cover 

Three top models were identified to estimate the relationship between grass presence and grazing 

pressure, including the variables soil class (3 models), pig presence (3 models), goat density (2 models), 

and wet season donkey density (1 model). The representative model included pig presence, soil class 

and goat density. Probability of grass presence decreased in the presence of pigs (Table 7, Figure 14), 

and with increasing goat density (Figure 15), while probability of grass was higher in sandy or terraced 

soil, and lower in rock or loamy soil (Table 7). 

 

Estimation of the relationship between grazing pressure and percentage grass cover identified a single 

representative model, including variables soil class and landscape use. Cover was higher in nature and 

open use areas, and lower in the national park, when compared to urban areas. Cover was highest on 

terraced and sandy soils (Table 8). Data was log transformed. 

Herb cover 

The probability of herb presence with varied grazer pressure was estimated through three top models, 

including the variables dry season donkey density (3 models), wet season donkey density (3 models), 

goat density (3 models), landscape type (1 models), land use (2 model), donkey wet season and goat 

density interaction (2 models), and donkey dry season and goat density interaction (1 model). The 

representative model included goat density, dry season donkey density, wet season donkey density, land 

use, and goat density wet season donkey density interaction (Table 9), however this model shows a poor 

model fit, with AIC values above that of the full model, and large standard errors, and is therefore not 

taken further. 

 

Herb percentage cover and grazer presence was best explained by two top models, including only the 

variable pig presence (1 model). The representative model included only the intercept, and no variables 

were significant in the full model (Table 10).  

Ground cover 

Three models were identified to explain the relationship between grazer density and combined ground 

cover. These included the variables dry season donkey density (3 models), soil class (3 models), 

landscape type (2 models), and wet season donkey density (1 model). The representative model included 

dry season donkey density, landscape type, and soil class (Table 11). Increases in dry season donkey 

density were associated with a decline in combined ground cover (Figure 16). Ground cover was highest 

in higher terrace, and higher in rocky and terraced soils when compared to sandy or loam soils. (Table 

11). 
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Table 7 Results from General Linear Model (binomial distribution) investigating effects of grazing on 

grass presence. The full model (grass presence ~ goat density + dry season donkey density + wet season 

donkey density + pig presence + land use + landscape type + soil + goat density * dry season donkey 

density + goat density * wet season donkey density + wet season donkey density * dry season donkey 

density, n=86) is presented alongside the representative model (grass presence ~ goat density + pig 

presence + soil class, n=86). Full model deviance = 91.13, df=68, representative model deviance = 96.83, 

df=80. Full model intercept set to landscape type - higher terrace, soil type - sand and land use - 

agriculture. Representative model intercept set to soil type - sand. Values show transformed data. 

Significant terms in bold. 

Grass presence           
Full model AIC = 127.13 Representative model AIC = 108.83 

  Est. SE t P Est. SE t P 

(Intercept) 1.21 1.84 0.66 0.51 0.87 0.85 1.02 0.31 

Goat density -724.09 909.15 -0.80 0.43 -517.81 317.82 -1.63 0.10 
Dry season donkey 
density 0.87 1.97 0.44 0.66     
Wet season donkey 
density 0.65 1.83 0.36 0.72     

Pig presence -2.07 1.04 -1.99 0.05 -2.34 0.90 -2.61 0.01 

Nature area 0.00 0.98 0.00 1.00     

National Park 0.67 1.33 0.51 0.61     

Open use area 0.34 1.19 0.28 0.78     

Urban use area -14.94 1455.40 -0.01 0.99     
Lower terrace -1.02 1.40 -0.73 0.46     
Middle terrace -0.11 1.14 -0.09 0.93     
Undulating 
landscape -1.06 1.18 -0.90 0.37     

Loam soil -1.09 1.10 -0.99 0.32 -1.19 0.94 -1.26 0.21 

Rocky soil -1.59 1.14 -1.40 0.16 -1.49 0.95 -1.56 0.12 

Terraced soil 0.47 1.16 0.41 0.68 0.69 0.93 0.74 0.46 
Goat density * Dry 
season donkey 
density 

-
4082.62 7564.54 -0.54 0.59     

Goat density * Wet 
season donkey 
density 6964.50 9665.83 0.72 0.47     
Dry season donkey 
density * Wet 
season donkey 
density -1.91 3.01 -0.63 0.53     
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Figure 14 Probability of grass presence in presence and absence of pigs. Soil - Sand, Goat density - 0. 

 

 

Figure 15 Probability of grass presence with increasing goat density. Soil - sand, pig presence - no. 
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Table 8 Results from General Linear Model (log transformed data) investigating effects of grazing on 

grass percentage cover. The full model (grass percentage cover ~ goat density + dry season donkey 

density + wet season donkey density + pig presence + land use + landscape type + soil + goat density * dry 

season donkey density + goat density * wet season donkey density + wet season donkey density * dry 

season donkey density, n=41) is presented alongside the representative model (grass percentage cover ~ 

land use + soil class, n=41). Full model deviance = 26.13, df=24, representative model deviance = 37.8, 

df=34. Full model intercept set to landscape type - higher terrace, soil type - sand and land use - 

agriculture. Representative model intercept set to land use – agriculture, soil type - sand. Values show 

transformed data. Significant terms in bold. 

Grass cover           
Full model AIC = 133.88 Representative model AIC = 128.97 

  Est. SE t P Est. SE t P 

(Intercept) -1.30 1.39 -0.93 0.36 0.91 0.64 1.43 0.16 

Goat density 2378.70 1866.72 1.27 0.21     
Dry season donkey 
density 0.19 0.20 0.91 0.37     
Wet season donkey 
density 0.00 0.17 -0.01 0.99     

Pig presence -0.67 1.05 -0.64 0.53     

Nature area 2.29 0.78 2.93 0.01 1.52 0.47 3.24 <0.01 

National Park -0.13 1.13 -0.12 0.91 -0.66 0.60 -1.10 0.28 

Open use area 0.98 0.71 1.39 0.18 0.01 0.53 0.03 0.98 

Urban use area 2.29 0.78 2.93 0.01     
Lower terrace -0.63 1.10 -0.57 0.57     
Middle terrace 0.70 0.78 0.90 0.38     

Undulating landscape 0.77 0.86 0.90 0.38     

Loam soil -1.41 0.79 -1.79 0.09 -1.65 0.68 -2.42 0.02 

Rocky soil -0.19 0.87 -0.22 0.83 -0.72 0.70 -1.03 0.31 

Terraced soil 0.81 0.73 1.11 0.28 0.01 0.59 0.01 0.99 
Goat density * Dry 
season donkey 
density -501.06 540.92 -0.93 0.36     
Goat density * Wet 
season donkey 
density -170.02 230.16 -0.74 0.47     
Dry season donkey 
density * Wet season 
donkey density 0.00 0.03 -0.10 0.92     
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Table 9 Results from General Linear Model (binomial distribution) investigating effects of grazing on 

herb presence. The full model (herb presence ~ goat density + dry season donkey density + wet season 

donkey density + pig presence + land use + landscape type + soil + goat density * dry season donkey 

density + goat density * wet season donkey density + wet season donkey density * dry season donkey 

density, n=86) is presented alongside the representative model (herb presence~ goat density + dry season 

donkey density + wet season donkey density + landscape type, n=86). Full model deviance = 66.2, df=68, 

representative model deviance = 73.6, df=77. Full model intercept set to landscape type - higher terrace, 

soil type - sand and land use - agriculture. Representative model intercept set to landscape type – higher 

terrace. Values show transformed data. Significant terms in bold. The representative model shows poor 

fit, as seen by the high standard errors. 

Herb presence           
Full model AIC = 102.2 Representative model AIC = 91.6 

  Est. SE t P Est. SE t P 

(Intercept) 16.63 1840.09 0.01 0.99 -0.44 1.02 -0.43 0.66 

Goat density -561.01 719.92 -0.78 0.44 -758.12 651.54 -1.16 0.24 
Dry season 
donkey density -0.38 0.27 -1.43 0.15 -0.36 0.17 -2.04 0.04 
Wet season 
donkey density 0.19 0.36 0.52 0.61 0.30 0.14 2.12 0.03 

Pig presence 0.78 1.03 0.76 0.45     

Nature area 1.86 0.99 1.88 0.06 2.86 0.86 3.34 <0.01 

National Park 1.78 1.51 1.18 0.24 1.76 1.16 1.52 0.13 

Open use area 0.45 1.38 0.32 0.75 0.62 0.87 0.71 0.48 

Urban use area -16.53 6522.64 0.00 1.00 -14.11 1455.40 -0.01 0.99 
Lower terrace -17.90 1840.09 -0.01 0.99     
Middle terrace -17.01 1840.09 -0.01 0.99     
Undulating 
landscape -17.59 1840.09 -0.01 0.99     

Loam soil 0.13 1.09 0.12 0.90     

Rocky soil 0.88 1.20 0.74 0.46     

Terraced soil 1.18 1.17 1.00 0.32     
Goat density * 
Dry season 
donkey density -643.93 1404.14 -0.46 0.65     
Goat density * 
Wet season 
donkey density 2662.47 2709.57 0.98 0.33 1869.11 998.59 1.87 0.06 
Dry season 
donkey density * 
Wet season 
donkey density 0.02 0.05 0.31 0.76     
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Table 10 Results from General Linear Model (log transformed data) investigating effects of grazing on 

herb percentage cover. Only the full model (herb percentage cover ~ goat density + dry season donkey 

density + wet season donkey density + pig presence + land use + landscape type + soil + goat density * dry 

season donkey density + goat density * wet season donkey density + wet season donkey density * dry 

season donkey density, n=27) is presented as model refinement identified only the intercept as relevant. 

Full model deviance= 61.0, df=38.  Full model intercept set to landscape type - higher terrace, soil type - 

sand and land use - agriculture. Data log transformed. Significant terms in bold. 

Herb cover   
Full model AIC = 197.75 

  Est. SE t P 

(Intercept) 3.18 1.28 2.48 0.02 

Goat density -926.89 1194.01 -0.78 0.44 
Dry season donkey 
density -0.16 0.17 -0.95 0.35 
Wet season donkey 
density -0.01 0.14 -0.11 0.92 

Pig presence -0.16 0.65 -0.25 0.80 

Nature area -0.60 0.81 -0.74 0.46 

National Park -0.45 1.20 -0.38 0.71 

Open use area 0.16 0.86 0.19 0.85 
Lower terrace 0.01 1.00 0.01 1.00 
Middle terrace 0.36 0.78 0.47 0.64 

Undulating landscape -0.32 0.97 -0.33 0.74 

Loam soil 0.63 0.95 0.66 0.51 

Rocky soil 0.82 0.86 0.95 0.35 

Terraced soil 0.39 0.81 0.48 0.63 
Goat density * Dry 
season donkey 
density 81.78 282.75 0.29 0.77 
Goat density * Wet 
season donkey 
density 66.61 86.92 0.77 0.45 
Dry season donkey 
density * Wet season 
donkey density 0.00 0.02 0.03 0.98 
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Table 11 Results from General Linear Model (log transformed data) investigating effects of grazing on 

ground cover. The full model (ground cover ~ goat density + dry season donkey density + wet season 

donkey density + pig presence + land use + landscape type + soil + goat density * dry season donkey 

density + goat density * wet season donkey density + wet season donkey density * dry season donkey 

density, n=86) is presented alongside the representative model (ground cover ~ goat density + dry season 

donkey density + landscape type + soil class, n=86). Full model deviance = 110.8, df=68, representative 

model deviance = 128.8, df=78. Full model intercept set to landscape type - higher terrace, soil type - sand 

and land use - agriculture. Representative model intercept set to landscape type – higher terrace, soil type 

– sand, and land use - agriculture. Values show transformed data. Significant terms in bold. 

Ground cover           
Full model AIC = 303.8 Representative model AIC = 296.8 

  Est. SE t P Est. SE t P 

(Intercept) 1.79 1.03 1.73 0.09 3.00 0.67 4.48 <0.01 

Goat density -501.99 316.39 -1.59 0.12     
Dry season donkey 
density -0.12 0.10 -1.18 0.24 -0.15 0.06 -2.61 0.01 
Wet season donkey 
density 0.06 0.12 0.51 0.61     

Pig presence -0.40 0.48 -0.83 0.41     

Nature area 1.10 0.51 2.14 0.04     

National Park 0.85 0.74 1.16 0.25     

Open use area 0.97 0.58 1.67 0.10     

Urban use area -0.67 1.33 -0.50 0.62     
Lower terrace -1.28 0.77 -1.66 0.10 -1.28 0.65 -1.96 0.05 
Middle terrace 0.00 0.64 0.00 1.00 -0.46 0.57 -0.81 0.42 

Undulating landscape -0.30 0.64 -0.48 0.63 -0.95 0.49 -1.95 0.05 

Loam soil -0.35 0.58 -0.60 0.55 -0.47 0.53 -0.89 0.38 

Rocky soil 0.27 0.62 0.44 0.66 0.36 0.56 0.64 0.52 

Terraced soil 0.87 0.62 1.40 0.17 1.25 0.58 2.14 0.04 
Goat density * Dry 
season donkey 
density 164.62 138.61 1.19 0.24     
Goat density * Wet 
season donkey 
density -45.19 82.13 -0.55 0.58     
Dry season donkey 
density * Wet season 
donkey density 0.00 0.02 -0.10 0.92     
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Figure 16 Relationship between donkey density and percentage ground cover. Figure shows back-

transformed data. Landscape type - higher terrace, soil - sand. 

Discussion 

Spatial variation was identified in grazer density, with densities of goats, donkeys, and pigs showing 

different spatial distribution. This variation did not reflect in tree presence, tree species richness, or tree 

size, but was associated with declines in grass and ground cover. 

 

The absence of an observed relationship between tree characteristics and grazing pressure indicates that 

grazing pressure is always in excess of the threshold for tree recovery. Trees are characterised by long 

generation times, with dry-forest tree species having particularly slow growth due to restricted water 

availability. Trees therefore exist in an extended period of vulnerability before reaching the age of 

reproduction, during which they are highly susceptible to grazing. The damage caused by goats to tree 

recruitment on Bonaire is well documented, and was first reported anecdotally as early as 1902 

(Westermann and Zonneveld 1956). Additionally, Bonaire carries the legacy of tree felling 

(Westermann and Zonneveld 1956, Freitas et al. 2005), which reduced the number of mature trees to 

set seeds, and continues to limit the number of seedlings each year. Our data does not recognise 

improvements in tree characteristics on Klein Bonaire, from which grazers were removed in 1990 

(Island Conservation et al. 2015b). This may be a result of limited seed availability on the inshore island, 

as well as limited shelter from wind or sea spray, but also shows the long recovery times of dry-forest 

tree species. It is understandable therefore that even the lowest level of grazing may preclude tree 

recovery. 
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Similar responses were recorded following degradation of dry-forest due to a hurricane on Mona Island, 

Puerto Rico, in which goat grazing alone prevented forest regeneration (Rojas-Sandoval et al. 2014). 

Across ecosystems ungulate grazing has been found to have significant impacts on tree recruitment, 

even at low levels (Schofield 1989, Hamann 1993, Cabin et al. 2000, Stern et al. 2002, Griscom et al. 

2005, Ceccon and Hernandez 2009, Chaturvedi et al. 2012), and particularly for sensitive species 

(Augustine and Mcnaughton 1998, Relva et al. 2009, Rojas-Sandoval et al. 2014). However this pattern 

is not observed in continental cattle grazing studies which dominate the literature of dry-forest grazing. 

Here reduced levels of grazing are shown to result in increased numbers of juvenile trees (Álvarez-

Yépiz et al. 2008), increased recruitment (Chaturvedi et al. 2012), and decreased mortality (Chaturvedi 

et al. 2012). These differences may arise due to lower stocking rates of cattle, enabling grazing pressure 

to remain below the threshold for recruitment. The combination of three grazing species in Bonaire’s 

dry-forest, including predominant grazers in donkeys, grazers and browsers in goats, and soil disruption 

of pigs, puts further pressure on the ecosystem when compared to cattle alone. 

 

The differences observed highlight the need to understand ecosystem relationships for individual sites, 

in order to design conservation measures to achieve desired goals. While low stocking rates of cattle 

have been shown to enable improvements in dry-forest tree species (Álvarez-Yépiz et al. 2008, 

Chaturvedi et al. 2012), this is not observed where combined grazing by goats, donkeys, and pigs are 

found in our study system. Failing to account for these species and site specific differences in designing 

conservation action to improve tree species could therefore lead to failure to achieve desired goals. 

 

Though no relationship between grazing pressure and tree characteristics were seen, annually recruiting 

grass species did show shallow improvements with reduced grazing pressure, as well as improvements 

in overall ground cover. Short generation times mean that these species spend less time in vulnerable 

life stages, and have not undergone the catastrophic removal seen in tree populations. Reduced ground 

cover with increased grazing pressure is well reported within the literature (Hamann 1979, Coblentz 

1980, Bock et al. 1984, Coblentz and Baber 1987, Cabin et al. 2000, Wezel and Bender 2004, Larkin et 

al. 2012). The shallow relationship seen between grazing pressure and ground cover may be attributed 

to limited variation in grazing pressure, which leaves no true refuge for vegetation recovery. 

 

Probability of grass presence declined with pig presence and increased goat density, though no 

relationship between grazer density and percentage grass cover was observed, likely due to the limited 

variation in grass cover. Though donkey density did not impact grass cover, declines in percentage 

ground cover (combined grass and herb cover), was seen with increased donkey density during the dry 

season. Targeted conservation actions can be designed through accounting for the differences in species 

impacts and characteristics.  
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Conclusions and policy implications 

Bonaire’s vegetation is characteristic of a highly overgrazed system, with low tree numbers, species 

richness, and size, and poor ground cover. Across the island the lowest level of grazing remains above 

that of the threshold for tree recovery, though shallow improvements are seen in grass and ground cover 

for reduced grazing pressure. 

 

Identifying differences in the relationship between varied vegetation characteristics is important for 

designing and prioritising conservation management options to achieve identified objectives. The 

models created within this chapter can be used to predict the impacts of conservation actions, such as 

fencing or population control, to the dry-forest ecosystem. This enables the benefits of potential 

conservation actions to be compared during the planning stages, and the action most suited to achieve 

the conservation goal to be identified. This ensures metrics for comparison of alternative conservation 

actions are set to reflect the ultimate goals of ecosystem restoration, rather than the proximate goal of 

invasive species control. The data presented in this chapter serves to record the current state of Bonaire’s 

dry-forest ecosystem. This data therefore illustrates the baseline state of the ecosystem, from which to 

measure the impacts of enacted conservation actions to achieving their intended goals. 
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Chapter 3 Impacts of vegetation cover on coral reef health 

 

Abstract 

 

Coral reefs are in decline worldwide, with 

sediment run-off from terrestrial 

ecosystems representing a significant local 

threat. Sediment run-off is associated with 

increased coral mortality, reduced growth 

rates, and changes in species composition. I 

used general linear models to investigate the 

link between vegetation ground cover and tree 

biomass index, within a dry-forest ecosystem, 

to coral cover, fish communities and 

visibility in Bonaire, Caribbean 

Netherlands. I found a positive relationship 

between ground cover and coral cover 

below 10m depth, and a negative 

relationship between tree biomass 

index and coral cover below 

10m. Greater ground cover is 

associated to sediment 

anchored through root 

systems, and higher surface 

complexity, slowing water 

flow, which would otherwise 

transport sediment. The negative relationship between tree biomass index and coral cover is unexpected, 

and may be a result of the deep roots associated with dry-forest trees. Deep roots arise due to limited 

availability of water, and they do not anchor surface sediment, or contribute to surface complexity. My 

analysis provides evidence that coral reef managers could improve reef health through engaging in 

terrestrial ecosystem protection, for example by taking steps to reduce grazing pressures, or in restoring 

degraded forest ecosystems.  
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Introduction 

Coral reefs are threatened at the global, regional and local scales (Wilkinson 1999, Kennedy et al. 2013). 

While climate change induced ocean warming presents the largest overall threat (Hughes et al. 2003), 

regional threats, such as invasive species (Albins and Hixon 2008), and local threats, such as fishing 

(McClanahan 1995) and recreation (Hawkins et al. 1999), continue to cause significant damage. At the 

local scale terrestrial degradation can lead to coral reef damage through sediment and nutrient run-off 

(Rogers 1990, Fabricius 2005, Álvarez-Romero et al. 2011, Klein et al. 2014, Risk 2014). 

 

Local level reef management enables local managers to improve reef health. Reefs with higher and 

more diverse coral and fish populations, which may be achieved by effective local management, are 

more able to adapt to rising ocean temperatures, increased algae cover, or invasive species introduction 

(Kennedy et al. 2013, Maina et al. 2013, Risk 2014). While local reef management is often focused on 

recreation and fishing, significant gains could be seen through reducing terrestrial degradation on 

connected watersheds. The purpose of this chapter is to investigate this link, and illustrate the potential 

gains to coral reefs through targeted watershed restoration. Analysis presented in this chapter can be 

used to feed into prioritisation of conservation actions across ecosystem boundaries, increasing potential 

environmental gains. 

 

Watersheds provide inputs to coral reefs through sediment and nutrient run off. While these inputs are 

central to coastal ecosystems, increases in run off can lead to degradation. Levels of sediment and 

nutrient inputs are impacted by a large number of interacting factors. Varied soil types have different 

potential for erosion (Millward and Mersey 1999, Renard et al. 2000), while watershed slope can impact 

the rate of sediment transport (Millward and Mersey 1999, Renard et al. 2000, Boer and Puigdefábregas 

2005). Sediment may travel through rivers, while lakes or salinas (salt water lakes with direct 

connection to the sea) within the watershed can act as sediment traps. In addition human modifications 

to the watershed may impact run off, with urban areas covering soil in concrete and tarmac increasing 

water flow, and sewage leaking into coastal waters (Hunter and Evans 1995). Removal of vegetation 

for development, or through extractive uses such as grazing or firewood collection, further increases 

sediment run-off though removing root systems which would previously anchor soils (Tilman et al. 

2001, Boer and Puigdefábregas 2005, Carilli et al. 2009, Bartley et al. 2010, Álvarez-Romero et al. 

2011, Rodgers et al. 2012, Maina et al. 2013, Risk 2014, Mateos-Molina et al. 2015, Rude et al. 2015). 

 

High sediment run-off can impact corals through both increasing suspended sediment, and through 

sedimentation. Suspended sediment increases water turbidity, reducing light availability. In reduced 

light coral growth rates are slowed (Rogers 1990, Torres 2001, Dutra et al. 2006, Pollock et al. 2014), 

coral morphology changes, and structural stability is compromised (Fabricius 2005, Erftemeijer et al. 
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2012), with larger impacts seen as depth increases (Fabricius 2005). Coral recruitment declines, as 

changing light levels cause asynchronicity in gamete release, sediment disrupts fertilisation (Jones et 

al. 2015), and time spent in vulnerable larval stages is increased (Wenger et al. 2014). High turbidity, 

often associated with increases in nutrient levels, leads to increases in macroalgae growth, which 

smother hard corals (De’Ath and Fabricius 2010).  Species richness is reduced, because those species 

most susceptible to low light levels, and competition with macroalgae, undergo disproportionate 

damage, leaving only tolerant species (Rogers 1990, Fabricius 2005, De’Ath and Fabricius 2010). Fish 

development is negatively impacted, with suspended sediments being related to more random habitat 

choices of fish larva, reducing survival (Wenger et al. 2011). Due to preferences for remaining in clear 

waters, larva dispersal is also restricted (Wenger et al. 2011). Predator-prey interactions are modified, 

with suspended sediments impacting visual recognition of prey, and interfering with chemical signals 

(Wenger et al. 2013). Fish increase mucus production in their gills in high sediment waters, reducing 

efficiency of oxygen uptake (Hess et al. 2015). Reduced oxygen uptake slows development of fish larva 

(Wenger et al. 2014, Hess et al. 2015), and restricts larval dispersal due to reduced energy availability 

(Hess et al. 2015). 

 

Smothering of corals through sedimentation directly leads to coral mortality, due to restricting light 

penetration, which is needed for photosynthesis (Weber et al. 2006, Erftemeijer et al. 2012). Smothering 

inhibits feeding polyps, reducing energy intake in heterotrophic corals (Erftemeijer et al. 2012), though 

these may see improvements for moderate increases in suspended sediment (De’Ath and Fabricius 

2010). Coral morphology changes to favour vertical or sloped, rather than horizontal, surfaces 

(Erftemeijer et al. 2012), morphology changes which also reduce area suited to light absorption, and 

can therefore increase the detrimental impacts of low light caused by suspended sediment. Coral 

recruitment decreases, as juvenile corals struggle to become established on high sediment substrates 

(Rogers 1990, Edmunds and Gray 2014, Jones et al. 2015). Mucus production is increased to provide 

protection from settling sediments, but also increases coral stress (Erftemeijer et al. 2012). Increased 

mucus production leads to heightened microbial activity on coral tissue surface, which contributes to 

anoxic conditions, damaging coral tissues (Weber et al. 2006, 2012). Sedimentation can have direct 

impacts on fish communities, with herbivorous fish negatively associated to high sedimentation 

(Goatley and Bellwood 2012). Furthermore, reefs under high sediment loads have unpredictable 

recovery (Rogers 1990), and reduced ability to cope with future ocean warming (Maina et al. 2013, 

Risk 2014), or algae invasion (Birrell et al. 2005). 

 

With such clear links established between terrestrial and marine systems, it is in the interests of coral 

reef managers to work with terrestrial managers and private landowners to incorporate watershed 

conservation into coral reef protection plans. Within the last 15 years an increasing number of studies 

have emerged highlighting the importance of conserving watersheds within reef conservation (Cox et 
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al. 2006, Tallis et al. 2008, Klein et al. 2010, Beger et al. 2010a, Álvarez-Romero et al. 2011, Carroll et 

al. 2012, Makino et al. 2013), and a number of models have been developed to identify erosion threats 

(Álvarez-Romero et al. 2014), and integrate threat management between ecosystems (Cox et al. 2006, 

Tallis et al. 2008, Klein et al. 2010, 2012, 2014). 

 

Empirical studies have predominantly focused on direct impacts of watershed vegetation on sediment 

run-off. Reductions in vegetation cover on the watershed may increase erosion risk (Bartley et al. 2010, 

2014, Maina et al. 2013, Mateos-Molina et al. 2015), with deforestation in Madagascar presenting more 

of a risk to local coral reefs than climate change (Maina et al. 2013). Impacts of watershed development 

have also been investigated, with increases in agricultural land area (Bartley et al. 2014, Begin et al. 

2014), intensity of agricultural management, (Carroll et al. 2012, Bartley et al. 2014), land cleared for 

construction (Nemeth and Nowlis 2001), and unpaved roads (Begin et al. 2014) correlated to increases 

in sediment run-off. Improvements to agricultural practises within the watersheds of the Great Barrier 

Reef have shown reductions in sediment run-off at the catchment level, though some time will be needed 

before these improvements will become apparent at the level of the coral reef (Carroll et al. 2012). 

Spatial patterns of vegetation have also been shown to be influential, with spatial distribution of 

vegetation better predicting run-off than average cover in some systems (Boer and Puigdefábregas 2005, 

Bartley et al. 2010) 

 

Identifying the link between watershed ecosystem health and coral reef health has been less widely 

covered than the direct link to sediment run-off. Significant relationships between watershed vegetation 

cover and reef health (combined coral cover and species richness, abundance, diversity and biomass of 

fish) were found in coral reefs in Hawaii, though this was small on an ecological scale, and was 

exceeded by the impacts of reef characteristics (wave action, depth and degree of shelter) (Rodgers et 

al. 2012). Improvements in terrestrial conservation in Fiji were estimated to result in a 10% 

improvement in reef health (Klein et al. 2014), and increases in bleaching have been observed following 

increases in sediment caused by land clearing for construction (Nemeth and Nowlis 2001). Though 

coral decline continued following land cover increases in Puerto Rico, this study was not able to account 

for other changes in reef pressures over time, such as increases in ocean temperature, or changes to 

fishing or recreational use, which may have larger reef health impacts, and mask the impacts of 

increases in sediment levels (Ramos-Scharron et al. 2015). Palaeontological techniques have been used 

to estimate historical coral reef cover and species in Caribbean Panama (Cramer et al. 2012) and the 

Great Barrier Reef (Roff et al. 2012), and have illustrated that reef declines began prior to ocean 

warming, and correlate to European arrival into each area, suggesting that land clearance may have led 

to coral reef decline as early as the 19th Century (Cramer et al. 2012, Roff et al. 2012). Indeed reef 

declines due to sediment run-off were first recorded in Hawaii as early as 1889 (Hunter and Evans 

1995). Studies investigating this full link from watershed vegetation to the coral reef in the field are 
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limited by the large number of variables impacting reef health across a range of scales (Hughes et al. 

2003), introducing large variation into the system.  

 

In this chapter I will investigate the link between watershed vegetation and coral reef health using the 

coral reefs on the west coast of Bonaire. Bonaire’s coral reef encircles the island, with no large breaks 

in cover. This study site offers variability in watershed vegetation coverage, while reefs are under 

broadly similar external stressors, such as wave action, currents, and recreational use. I will build upon 

previous studies to link individual characteristics of the watershed to reef health attributes, investigating 

tree biomass and ground cover impacts on coral, fish and visibility. In this way the study will feed 

directly into watershed restoration programs, and add to the limited empirical data linking the terrestrial 

ecosystem to reef health in situ. 

 

To achieve this I used volunteer data collection to map reef health characteristics. Reef cover and 

visibility were estimated by recreational divers on Bonaire, while reef fish data was taken from the 

established REEF database (REEF 2016), which recruits and trains volunteers to undertake fish surveys. 

Though volunteer data collection has a long history (Cohn 2008, Dickinson et al. 2010), the use of 

volunteers, or ‘citizen scientists’, has gained momentum is recent years (Pattengill-Semmens and 

Semmens 2003, Cohn 2008, Dickinson et al. 2010, Conrad and Hilchey 2011, Hassell et al. 2013, 

Thorson et al. 2014), particularly as internet access had increased links between scientists and the 

general public (Dickinson et al. 2010). Though the use of volunteer collected data requires careful 

design of data collection (Conrad and Hilchey 2011), data validation (Tulloch and Szabo 2012), and 

accounting of potential biases (Dickinson et al. 2010, Tulloch and Szabo 2012, Sullivan et al. 2016), 

the possibility for collection of large amounts of data at national or international scales is important for 

filling gaps in conservation knowledge (Conrad and Hilchey 2011, Sullivan et al. 2016), and accurate 

results have been shown with only a small amount of training (Hassell et al. 2013). REEF fish survey 

data has been adopted by conservation organisations (e.g. Reef Conservation Society, Jamaica), 

National Parks (e.g. Cozumel National Marine Park) and state agencies (e.g. Florida Fish and Wildlife 

Conservation Commission) to form the basis of reef monitoring programs (Pattengill-Semmens and 

Semmens 2003). The database has been shown to perform well against professionally collected data 

(Holt et al. 2013), with Bonaire being one of the most surveyed locations within the REEF database 

(Pattengill-Semmens 2002, Pattengill-Semmens and Semmens 2003). REEF data has been used to 

estimate reef fish assemblages along the island’s west coast and surrounding Klein Bonaire, and is used 

by the national park organisation, STINAPA, within reef management (Pattengill-Semmens 2002). 

Outside of the REEF database, non-experts have also been shown to accurately estimate reef fish using 

methods designed for simplicity of use (Hassell et al. 2013), to monitor mammals along the Appalachian 

trail (Cohn 2008), to locate and track monarch butterfly breeding (Cohn 2008), and to survey bird 

populations worldwide (Cohn 2008, Sullivan et al. 2016). 
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In this chapter I will use volunteer collected data to map coral reef characteristics along Bonaire’s west 

coast. Employing data collected in chapter two I will estimate tree biomass index and ground cover for 

the 11 watersheds which feeds into Bonaire’s coral reef. Through this I will model the relationship 

between watershed vegetation and coral reef health, and conclude by discussing the impacts that this 

relationship may have for coral reef conservation. 

Methods 

Data Collection 

Reef health 

Coral cover and visibility were recorded by volunteer recreational SCUBA divers. Literature was 

reviewed to identify reef attributes which are impacted by terrestrial sediment run-off (Rogers 1990, 

Fabricius 2005, Uyarra et al. 2009, Schep et al. 2013, DeMartini et al. 2013, Pollock et al. 2014, Risk 

2014, Rogers et al. 2014), and interviews held with dive instructors on Bonaire to determine which of 

these attributes would be identifiable by recreational SCUBA divers. Attributes to be measured were 

identified as visibility, coral cover at 5m (where the majority of divers will conduct a three minute safety 

stop), and coral cover at deepest depth of dive.  

 

Surveys also asked divers to record their level of diving experience as the number of dives undertaken, 

and their familiarity with Bonaire, their status (resident or tourist) and number of visits if a tourist. 

Weather was recorded at each site when surveyed as clear, overcast, or raining. Visibility was estimated 

numerically, because this is generally recorded by divers when logging dives. Visibility was used in 

place of Secchi disk estimates as this enabled divers to estimate visibility at multiple points in time, 

enabling estimation across surveys of average water clarity at each location. Whilst horizontal visibility 

is related to suspended sediment, and therefore water clarity, it is not directly comparable to Secchi disk 

estimates, which measure vertical visibility, and are therefore impacted by the exponential decline in 

light with depth. Visibility estimated by divers is therefore more relevant to diver preferences, which is 

of concern in this study, than Secchi disk depth. Coral cover was matched to one of four cards showing 

Under 25%, 26%-50%, 51%-75%, or over 75% cover (Figure 17). Divers were also asked to rate their 

enjoyment of the dive overall compared to other dives undertaken in on Bonaire in that year, on a ten 

point scale (0 = worst dive on Bonaire, 10 = best dive on Bonaire). 
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Figure 17 Cards presented to volunteer reef surveyors illustrating four categories of coral cover 

 

Surveys were carried out by 61 divers, with 372 individual reef health surveys completed between 13th 

July 2015 and 12th February 2016, at dive sites on the west coast of the island (Figure 18). No surveys 

were conducted on the east side of the island due to high waves and currents which prevent diving along 

the majority of the coast. Surveys were handed out to tourists by 13 dive centres, as well as being carried 

out by resident divers following a public introduction to the project, and handed to divers at shore dive 

sites. 

 

Data on fish populations were taken from the REEF database (REEF 2016), using surveys conducted 

between 1st January 2015 and 31st December 2015. REEF surveys are conducted by trained volunteers 

using the Roving Diver Technique, at individually identified sites. During a normal dive divers record 

the species of fish observed, and classify their abundance as single (1), few (2-10), many (11-100), or 

abundant (>100). Across surveys carried out at each site the density of a fish species is calculated using 

the weighted mean (Pattengill-Semmens and Semmens 2003): 

𝐷𝑒𝑛𝑠𝑖𝑡𝑦 =
[(𝑛𝑆 × 1) + (𝑛𝐹 × 2) + (𝑛𝑀 × 3) + (𝑛𝐴 × 4)]

𝑛𝑆 + 𝑛𝐹 +  𝑛𝑀 + 𝑛𝐴
 

 

Where nx is the number of times the species was recorded in that category. Relative species abundance 

is then calculated as (Pattengill-Semmens and Semmens 2003): 
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𝐷𝑒𝑛𝑠𝑖𝑡𝑦 ×  % 𝑜𝑓 𝑑𝑖𝑣𝑒𝑠 𝑖𝑛 𝑤ℎ𝑖𝑐ℎ 𝑠𝑝𝑒𝑐𝑖𝑒𝑠 𝑟𝑒𝑐𝑜𝑟𝑑𝑒𝑑 

 

From this data fish abundance, species richness, and Shannon-Weaver diversity (R package - Vegan) 

were calculated for each dive site. A composite fish score was also created, to encompass all attributes. 

This was created through calibrating each of fish abundance, species richness, and diversity to a four 

point scale, where four represents the highest recorded value, and one represents zero. These calibrated 

scores were summed to give a composite fish score, ranging from 3-12.  

 

Composite reef score was also calculated to illustrate overall reef health. Visibility was calibrated to a 

four point scale as with fish attributes above, and the sum of the composite fish score, calibrated 

visibility score, and both coral cover scores (with each category assigned score of 1 (under 25%) to 4 

(over 75%) taken as the composite reef score. Composite reef scores therefore ranged from 6-24. 

Watershed vegetation 

Watersheds for each dive site were estimated using watercourse and contour maps for Bonaire (Dutch 

Caribbean Nature Alliance 2016, Figure 12). 

 

 

Figure 18 Locations of dive sites surveyed. Red – Shore accessible. Watersheds outlined, and salinas 

presented in blue. Kralendijk represents the only urban area. The gap in sites surveyed is the oil storage 

terminal, where access is restricted. 
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Data collection for terrestrial vegetation is described in detail in Chapter 2. At 101 locations across 

Bonaire tree abundance, tree species, tree diameter at breast height, percentage grass cover, and 

percentage herb cover were estimated within 100m2 quadrats. From this data average tree abundance, 

tree species richness, tree size, grass cover, and herb cover was calculated for each landscape type 

(Table 12). Average watershed values were derived from the weighted mean of each variable by 

landscape type. 

 

Table 12 Descriptions of landscape types. Taken from Landscape ecological vegetation map of Bonaire 

(Freitas et al. 2005) 

Landscape type Percentage 

land cover 

Elevation Terrein 

Higher terrace 7.2 % 50-85 m Fragmented, slants to join middle 

terrace. 

Middle terrace 24.6 % 15-50 m Continuous, small hills or cliffs 

boardering coast. 

Lower terrace 15 % 4-15 m Flat continuous, slight dip 

landwards. 

Undulating landscape 30.9 % 0-241 m Peaks and valleys, slopes can be 

steep, but rarely form cliffs. 

 

The conceptual model by which watershed characteristics may impact reef health is illustrated in Figure 

19. To create factors most likely to contribute to sediment run-off variables were considered 

independently, and consolidated into: 

 

𝑀𝑒𝑎𝑛 𝑡𝑟𝑒𝑒 𝑏𝑖𝑜𝑚𝑎𝑠𝑠 𝑖𝑛𝑑𝑒𝑥 = 𝑚𝑒𝑎𝑛 𝑡𝑟𝑒𝑒 𝑎𝑏𝑢𝑛𝑑𝑎𝑛𝑐𝑒 × 𝑚𝑒𝑎𝑛 𝑡𝑟𝑒𝑒 𝑠𝑖𝑧𝑒 

 

𝑀𝑒𝑎𝑛 𝑔𝑟𝑜𝑢𝑛𝑑 𝑐𝑜𝑣𝑒𝑟 = 𝑚𝑒𝑎𝑛 𝑔𝑟𝑎𝑠𝑠 𝑐𝑜𝑣𝑒𝑟 + 𝑚𝑒𝑎𝑛 ℎ𝑒𝑟𝑏 𝑐𝑜𝑣𝑒𝑟 
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Figure 19 Conceptual model of impacts of watershed characteristics on sediment run-off, and therefore 

reef health. 
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Data analysis 

Statistical analysis was carried out using R Statistical Software (R Core Team 2016). 

 

‘Deepest depth’ coral scores were categorised as shallow (under 10m), mid-level (10m-18m), deep 

(19m-30m), and very deep (deeper than 30m). The ‘shallow’ category contained only one value, and 

the ‘very deep’ category only eight values, therefore these values were pooled into the mid-level and 

deep categories. ANOVA was carried out to determine differences in coral cover between ‘safety stop’ 

(5m depth, hereafter ‘shallow’) scores and mid and deep level coral scores. Shallow coral cover was 

significantly lower than deep and mid coral cover (Table 13).  No significant difference was observed 

between deep and mid-level coral cover (Table 13), and these scores were therefore combined for 

further analysis. Due to the similarities in coral cover with depth, and previous work indicating that 

Bonaire’s reef habitats are largely similar across space (Bak 1977), we did not further separate data by 

habitat. 

 

Table 13 Results from ANOVA on differences in coral cover by depth class. Residual degrees of freedom 

107. 

 Est. SE P 

Intercept (shallow) 60.50 3.00 <0.01 

Mid depth 20.25 5.25 <0.01 

Deep 26.25 4.50 <0.01 

 

 

Figure 20 Mean coral cover at varied depths. Deep - Below 18m, Mid - 6m to 18m, Shallow - 5m 
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Impacts of depth and weather on visibility were tested through a linear model, which indicated no 

difference with weather, but significant difference with depth (Table 14). Visibility estimates were 

therefore adjusted to 18m in all further analysis. 

 

Table 14 Results from linear model on differences in visibility with varied weather and depth. 

 Est. SE P 

Intercept (Weather - Clear) 16.14 1.27 <0.01 

Weather - Overcast 1.67 1.34 0.22 

Weather - Rain -1.26 3.82 0.74 

Depth/m 0.16 0.05 <0.01 

 

Data reliability 

To account for potential inaccuracies in coral cover data collected by volunteers, data reliability was 

tested using a paired t-test against data collected by van Beek (2011). During 2011 van Beek visually 

estimated coral cover on Bonaire at 5m depth through snorkel surveys (van Beek 2011). The data 

collected by all recreational divers (residents and tourists combined) within my study showed a 

significant difference when compared to data collected in van Beek’s (2011) study (t = -2.4, df = 61, 

p=0.02). No significant difference was seen between data collected by resident divers only and van 

Beek’s (2011) data (Paired t-test - t = 0.9, df = 41, p = 0.4). I have therefore used only data collected by 

Bonaire residents in further analysis. Mean scores were calculated from this data for each dive site. 

 

An ANOVA indicated significant relationship between extent of inaccuracy of coral score and 

interaction between status and number of dives (Table 15). Tourists are found to underestimate coral 

cover, regardless of number of dives completed, while residents over estimate cover when they have 

completed low numbers of dives, and under estimate when they have completed high numbers of dives 

(Table 15, Figure 21) 

 

Table 15 Results from ANOVA investigating differences in accuracy of diver assigned coral score by 

status and number of diver completed. Residual degrees of freedom 272. 

 Df Sum of squares F P 

Status 1 14.8 10.44 <0.01 

Number of dives 1 4.3 3.01 0.08 

Status * number of dives 1 10.5 7.39 <0.01 
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Figure 21 Change in accuracy of coral cover estimation with status on Bonaire and number of dives 

completed. Solid line – resident, Dashed line - tourist. Dotted lines indicate standard errors. Highest 

accuracy = 0. 

Spatial variation in reef health 

Mean scores for each site from the diver collected reef surveys were calculated for shallow coral (5m), 

deep coral (below 10m), and visibility.  

 

Spatial variation in reef characteristics was first mapped for individual and combined reef 

characteristics. Spatial similarities for overall reef health was then visualised using hierarchical 

clustering with variables shallow coral cover, deep coral cover, fish score (from 4 (low fish abundance, 

diversity and species richness) to 16 (high fish abundance, diversity and species richness), and visibility. 

Clusters were determined using smallest distances as calculated by average (groups merged according 

to smallest average distance between points), single (groups merged according to smallest distance 

between individual points), and ward methods (groups merged to achieve minimum increase in sum of 

squares) (Shaltzi 2009). Number of clusters was decided visually through viewing cluster trees. To 

investigate differences in attributes between sites an ANOVA was conducted for mean overall coral 

cover, composite fish score, and visibility. 
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Vegetation-Reef health relationship 

General linear models were used to investigate the relationship between reef health and terrestrial 

vegetation. Plotting model estimates indicated a single high visibility estimate as over 35m, which was 

deemed larger than possible visibility. Models were therefore repeated excluding this estimate, using 

log transformed data, with both models reported. Individual models were created for the following reef 

health indicators: composite reef score, shallow coral cover, deep coral cover, composite fish score, and 

visibility (full data and excluding one outlier). Models used the normal distribution for composite reef 

score, shallow coral cover, deep coral cover, and visibility (full data). Data were log transformed for 

composite fish score and visibility (excluding outlier).  

 

The full model in each case included the variables tree biomass index (Figure 22), mean percentage 

ground cover (Figure 22), shore accessibility (Figure 18), distance along coast from town centre (Figure 

18),  predominant soil type (Government of the Netherlands Antilles Ministry of Welfare Development 

plan on land and water 1967), presence of salina (Figure 18),  average watershed slope (Figure 23), and 

tree biomass index*percentage ground cover interaction. Variables included were those identified to 

likely account for variation within the watershed which could lead to increases in sediment run off, as 

well as shore accessibility, which may increase re-suspended sediment though divers entering and 

exiting the site. Currents and wave action have not been included, because these are largely similar 

across the sites studied. Interactions were limited to vegetation characteristics because these are 

characteristics the study is concerned with impacting reef health. Model simplification was carried out 

using the information theoretic approach (Burnham and Anderson 1998), in which the Akaike weights 

of variables occurring in models within 2AIC of the top model were calculated, and a representative 

model created using variables with an Akaike weight of greater than 0.5.   

 

 

Figure 22 Spatial variation in tree biomass index and percentage ground cover on Bonaire 
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Figure 23 Terrain map of Bonaire 

Bonaire’s rainfall is typically higher in the north than the south of the island (Freitas et al. 2005), 

however no significant difference was found in period of our study (Un-paired t-test - t = 0.4, df = 15.2 

p-value = 0.67). Rain was therefore not included in models because it would not be expected to vary by 

location, though run-off from rainfall is the main mechanism of sediment transport.  

Results 

Spatial variation in reef health 

Reef score and shallow coral cover did not show clear variation across space. Coral cover below 10m 

was higher in central sites , visibility highest around Klein Bonaire , and fish score lowest in the north 

(Figure 24). 

 

Hierarchical clustering did not show spatial similarities between reef characteristics for sites located 

near to one another (Figure 25). 



Chapter 3 Impacts of vegetation cover on coral reef health 

68 

 

 

Figure 24 Spatial variation in reef attributes. 

Top left - Composite reef score, top right - coral 

cover at 5m, middle left - coral cover below 10m, 

middle right – visibility, bottom – fish score. 
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Figure 25 Hierarchical cluster analysis by reef characteristics, calculated with average (top left), single 

(top right) and ward distances (bottom left). Colours indicate cluster membership. 

 

Coral cover (ANOVA F=2.08, p=0.05, df=11,35) and visibility (ANOVA F=5.57, p<0.01, df=11,37) 

were found to vary significantly by watershed. No variation was seen with composite fish score 

(ANOVA F=1.38, p=0.23, df=9,42). 
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Vegetation-Reef health relationship 

Reef composite score 

The full model best explained composite reef score (Table 16). The full model showed a significant 

decline in reef score with shore accessible sites, and with terraced soils when compared to loam soils, 

though these are both very small. Reef score showed a positive relationship to tree biomass and ground 

cover, though errors were large and this relationship was reduced if either tree biomass or ground cover 

were low (Figure 26). 

 

Table 16 Results from General Linear Models (normal distribution) investigating effects of watershed 

vegetation on composite reef health. Only the full model (reef score ~ tree biomass index + percentage 

ground cover + shore accessibility + distance from town + predominant soil type + salina presence + slope 

+ tree biomass index * percentage ground cover, n=47) is presented as model refinement identified only 

the intercept as relevant. Full model deviance = 10.97, df=36. Intercept for full model set to soil type – 

loam, shore access – no, salina - no. Significant terms in bold. 

Full Model 

AIC 88.99 

 Est. SE t P 

Intercept 4.83 1.04 4.64 <0.01 

Tree biomass index -0.84 0.34 -2.45 0.02 

Percentage ground 

cover -0.01 0.02 -0.74 0.46 

Shore accessible -0.54 0.25 -2.13 0.04 

Distance from town 0.00 0.00 2.63 0.01 

Rocky soil -0.97 0.68 -1.42 0.17 

Terrace soil -2.19 0.98 -2.24 0.03 

Terrace/rocky soils -0.86 0.86 -1.01 0.32 

Salina present 0.95 0.68 1.40 0.17 

Slope -9.82 5.45 -1.80 0.08 

Tree biomass index * 

percentage ground 

cover 0.06 0.03 2.48 0.02 
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Figure 26 Impact of ground cover on composite reef score, impacted by tree biomass. Dashed - Median 

tree biomass, Solid - minimum tree biomass. Dotted lines upper and lower limits of impact of ground 

cover and tree biomass index. Maximum possible reef score = 20, due to the unconstrained nature of the 

model estimates exceed these bounds, but are not displayed here. 

Coral cover 

Five models were identified to explain shallow (5m) coral cover, including the variables tree biomass, 

percentage ground cover, shore accessibility and distance to town. Model refinement indicated small, 

and largely equal weights for each variable, ranging from 0.28 (percentage ground cover) to 0.34 (shore 

accessibility). However, models created using these variables show large errors, and shallow coral is 

best explained by the full model, with only the intercept significant (Table 17). 
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Table 17 Results from General Linear Models (normal distribution) investigating effects of watershed 

vegetation on mean coral cover at 5m. Only the full model (reef score ~ tree biomass index + percentage 

ground cover + shore accessibility + distance from town + predominant soil type + salina presence + slope 

+ tree biomass index * percentage ground cover, n=47) is presented as model refinement identified only 

the intercept as relevant. Full model deviance = 32.4, df=38. Intercept for full model set to soil type – 

loam, shore access – no, salina - no. Significant terms in bold. 

Full Model 

AIC 142.72 

 Est. SE t P 

Intercept 3.46 1.64 2.11 0.04 

Tree biomass index -0.48 0.42 -1.15 0.26 

Percentage ground 

cover -0.52 0.53 -0.99 0.33 

Shore accessible -0.01 0.02 -0.43 0.67 

Distance from town 0.00 0.00 1.46 0.15 

Rocky soil -0.23 1.14 -0.20 0.84 

Terrace soil -1.23 1.52 -0.81 0.42 

Terrace/rocky soils 0.28 1.33 0.21 0.83 

Salina present 0.16 1.02 0.16 0.87 

Slope -6.62 7.74 -0.86 0.40 

Tree biomass index * 

percentage ground 

cover 0.04 0.04 0.98 0.33 

 

A single top model was identified to explain deep (below 10m) coral cover, including variables tree 

biomass index, percentage ground cover, shore accessibility, distance to town, presence of a salina, and 

tree biomass*percentage ground cover interaction (Table 18). A positive relationship was found 

between deep coral cover and ground cover, with a steeper relationship as tree biomass increased 

(Figure 27). Tree biomass had a negative relationship to deep coral cover, with a steeper relationship 

with lower levels of ground cover (Figure 28). Coral cover also increased where the watershed 

contained a salina (Figure 31). A decrease in coral cover was seen with shore accessibility (Figure 29), 

as well as with increased distance from town (Figure 30), though this impact was very small. 
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Table 18 Results from General Linear Model (normal distribution) investigating effects of watershed 

vegetation on mean coral cover deeper than 5m. The full model (deep coral cover ~ tree biomass index + 

percentage ground cover + shore accessibility + distance from town + predominant soil type + salina 

presence + slope + tree biomass index * percentage ground cover, n=49) is presented alongside the 

representative model (coral cover ~ tree biomass index + percentage ground cover + shore accessibility + 

distance from town + salina presence + tree biomass index * percentage ground cover, n=49). Full model 

deviance = 18.0, df=38, representative model deviance = 21.0, df=42. Intercept for full model set to soil 

type – loam, shore access – no, salina - no. Significant terms in bold. Representative model intercept set to 

shore access - no. Significant terms in bold. 

Full Model 

AIC 113.93 

Representative Model 

AIC 113.42 

 Est. SE t P Est. SE t P 

Intercept 5.15 1.23 4.20 <0.01 3.18 0.46 6.98 <0.01 

Tree biomass index -0.81 0.31 -2.62 0.01 -0.74 0.15 -4.83 <0.01 

Percentage ground 

cover -1.31 0.39 -3.34 <0.01 0.00 0.01 -0.06 0.96 

Shore accessible -0.02 0.02 -1.15 0.26 -0.69 0.31 -2.19 0.03 

Distance from town 0.00 0.00 2.37 0.02 0.00 0.00 2.41 0.02 

Rocky soil -1.28 0.85 -1.52 0.14     

Terrace soil -1.90 1.13 -1.68 0.10     

Terrace/rocky soils -0.87 0.99 -0.88 0.39     

Salina present 1.85 0.76 2.43 0.02 1.34 0.38 3.53 <0.01 

Slope -2.69 5.77 -0.47 0.64     

Tree biomass index * 

percentage ground 

cover 0.10 0.03 3.34 <0.01 0.06 0.01 4.70 <0.01 
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Figure 27 Change in deep coral cover with ground cover showing how this relationship was dependent on 

tree biomass. Dashed – Median tree biomass, Solid – Min tree biomass. Dotted lines indicate upper and 

lower confidence intervals of ground cover impact. 

 

Figure 28 Relationship between tree biomass and coral cover, and how this varies dependent on ground 

cover. Solid - min ground cover, Dashed - median ground cover. Dotted lines indicate upper and lower 

confidence intervals. 
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Figure 29 Change in coral cover below 10m with shore accessibility. 

 

 

 

Figure 30 Impact of distance from urban area on coral cover below 10m. Dotted lines upper and lower 

confidence intervals of impact of distance. Due to the unbounded nature of the model estimates exceed 

100%, but are not displayed here. 
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Figure 31 Impact of salina presence on percentage coral cover below 10m 

Fish characteristics 

Four top models were identified to explain the relationship between fish characteristics and watershed, 

including the variables distance to town, salina presence, shore accessibility, slope, and predominant 

soil type. The representative model included shore accessibility and distance to town (Table 19). Fish 

score increased with shore accessibility (Figure 32) and decreased with distance to town, though this 

decrease was very small. 
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Table 19 Results from General Linear Model (normal distribution) investigating effects of watershed 

vegetation on fish score. The full model (fish score ~ tree biomass index + percentage ground cover + 

shore accessibility + distance from town + predominant soil type + salina presence + slope + tree biomass 

index * percentage ground cover, n=53) is presented alongside the representative model (fish ~ shore 

accessibility + distance to town, n=53). Full model deviance = 0.5, df=42, representative model deviance = 

0.9, df=50. Intercept for full model set to soil type – loam, shore access – no, salina - no. Representative 

model intercept set to shore access – no, soil - loam. Significant terms in bold. 

Full Model 

AIC -75.16 

Representative Model 

AIC -57.34 

 Est. SE t P Est. SE t P 

Intercept 2.21 0.19 11.54 <0.01 2.27 0.04 62.79 <0.01 

Tree biomass index 0.04 0.06 0.65 0.52     

Percentage ground 

cover 0.00 0.00 0.17 0.87 

    

Shore accessible 0.13 0.04 2.84 0.01 0.15 0.04 3.49 <0.01 

Distance from town 0.00 0.00 -2.52 0.02 0.00 0.00 -3.90 <0.01 

Rocky soil -0.10 0.13 -0.83 0.41     

Terrace soil 0.14 0.18 0.77 0.45     

Terrace/rocky soils 0.08 0.16 0.49 0.63     

Salina present -0.14 0.11 -1.20 0.24     

Slope -0.38 0.98 -0.38 0.70     

Tree biomass index * 

percentage ground 

cover 0.00 0.00 -0.64 0.52     
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Figure 32 Impacts of shore accessibility on fish community. 

Visibility 

Five top models were identified for visibility, including the variables tree biomass index, percentage 

ground cover, shore accessibility, predominant soil type, salina presence, and tree biomass 

index*percentage ground cover interaction. The representative model included tree biomass index, 

percentage ground cover, shore accessibility, predominant soil type, salina presence, and slope (Table 

20). Visibility decreased with increased tree biomass and increased ground cover, though errors were 

large. Visibility also decreased in shore accessible sites, with presence of a salina on the watershed, 

with increased slope, and in rocky, terraced and combined rock and terrace soils when compared to 

loam soils. 
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Table 20 Results from General Linear Model (normal distribution) investigating effects of watershed 

vegetation on visibility. The full model (visibility ~ tree biomass index + percentage ground cover + shore 

accessibility + distance from town + predominant soil type + salina presence + slope + tree biomass index 

* percentage ground cover, n=49 (full model), n=48 (outlier removed) is presented alongside the 

representative model – full data (visibility ~ tree biomass index + percentage ground cover + shore 

accessibility + predominant soil type + salina presence + slope, n=49), representative model – outlier 

removed (visibility ~ shore accessibility + slope, n=48). Full model deviance = 792.1 df=38, representative 

model deviance = 877.9, df=41. Full model deviance- excluding outlier = 1.1. df=37, representative model 

deviance- excluding outlier = 1.2, df=45. Intercept for full model set to soil type – loam, shore access – no, 

salina - no. Representative model intercept set to shore access – no. Significant terms in bold. 

Full Model 

AIC 299.42 

Representative Model 

AIC 298.45 

 Est. SE t P Est. SE t P 

Intercept 21.88 8.13 2.69 0.01 34.28 3.26 10.52 <0.01 

Tree biomass index 4.88 2.60 1.87 0.07 -0.12 0.10 -1.26 0.22 
Percentage ground 

cover 0.06 0.12 0.46 0.65 -0.07 0.09 -0.77 0.44 
Shore accessible -5.37 2.06 -2.61 0.01 -5.88 2.07 -2.84 0.01 
Distance from town 0.00 0.00 -0.90 0.37     
Rocky soil -2.46 5.62 -0.44 0.66 -10.06 3.00 -3.36 <0.01 
Terrace soil 4.88 7.53 0.65 0.52 -8.70 2.46 -3.53 <0.01 
Terrace/rocky soils 5.65 6.57 0.86 0.40 -5.39 2.88 -1.87 0.07 
Salina present -11.83 5.06 -2.34 0.02 -3.34 2.53 -1.32 0.19 
Slope 45.86 38.28 1.20 0.24 -10.06 3.00 -3.36 <0.01 

         

Tree biomass index * 

percentage ground 

cover -0.37 0.19 -1.94 0.06     

Full Model (Outliers removed) 

AIC -21.28 

Representative Model (Outliers 

removed) 

AIC -31.50 

 Est. SE t P Est. SE t P 

Intercept 3.53 0.32 11.18 <0.01 3.20 0.05 59.41 <0.01 
Tree biomass index -0.01 0.11 -0.13 0.90     
Percentage ground 

cover 0.00 0.00 -1.04 0.30     
Shore accessible -0.32 0.08 -4.13 <0.01 -0.26 0.06 -4.63 <0.01 
Distance from town 0.00 0.00 -0.37 0.71     
Rocky soil -0.18 0.21 -0.84 0.41     
Terrace soil -0.23 0.29 -0.78 0.44     
Terrace/rocky soils -0.12 0.26 -0.49 0.63     
Salina present -0.03 0.21 -0.16 0.87     
Slope -1.36 1.56 -0.87 0.39 -1.09 0.59 -1.85 0.07 
Tree biomass index * 

percentage ground 

cover 0.00 0.01 0.12 0.91     
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Models were repeated excluding a single high visibility estimate, using log transformed data. Five 

models were identified, including the variables percentage ground cover, salina presence, shore 

accessibility, and slope. The representative model included slope (Figure 33), and shore accessibility 

(Figure 34), with both reducing visibility. 

 

Figure 33 Impact of watershed slope on visibility at 18m. Outlier at 45m removed from model estimate. 

Dotted lines upper and lower confidence intervals of impact of slope 
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Figure 34 Impact of shore accessibility on visibility at 18m depth. Outlying point (visibility <35m) 

removed. 

Discussion 

Reef health is impacted by terrestrial ecosystems through sediment run-off. Sediment run-off can be 

altered by changes to watershed characteristics, including vegetation ground cover and tree biomass. I 

modelled the impacts of these on coral cover, fish communities, and visibility. Overall Bonaire’s coral 

cover (below 10m) showed a positive relationship with ground cover and, unexpectedly, a negative 

relationship with tree biomass. When considering overall reef health, the impact of watershed 

vegetation was smaller than that of shore accessibility, related to increased suspended marine sediment 

due to presence of a sandy shelf, and divers coming into contact with the reef when entering and exiting 

the site, which had a significant impact in all models. Soil type, salina, and slope, all of which may 

impact the amount of sediment which can enter the coral reef, had small impacts, influencing reef score, 

deep coral, and visibility respectively. 

 

Resident divers were found to be able to reliably estimate coral cover when compared to ‘professionally’ 

collected data (van Beek 2011), though tourist divers underestimated coral cover. Within the resident 

divers, reliability varied, with divers with low levels of experience over estimating cover, and diver 

with high levels of experience under estimating cover. Improvements in reliability as divers become 

more experienced with Bonaire’s reefs is to be expected, as divers become familiar with the range of 

coral, are less concerned with managing their air and equipment, and are more able to appreciate their 

surroundings. The reductions in reliability for highly experienced divers may relate to these divers 
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comparing the reef to cover in previous years, and therefore perceiving a decline. Such a shifting 

baseline has been observed in SCUBA divers on Bonaire with regard to overall reef health and fish 

abundance (Johnson and Jackson 2015), and could therefore be expected for coral cover. The overall 

reliability of residents when compared to tourists is in agreement with previous studies, where increased 

familiarity with the system and methods increases reliability of data collection (Dickinson et al. 2010). 

The differences observed here support the calls to validate volunteer collected data with alternative data 

sources (Cohn 2008, Conrad and Hilchey 2011, Tulloch and Szabo 2012, Sullivan et al. 2016). 

 

Composite reef score was impacted by both watershed vegetation and watershed soil type, with terrace 

soils associated with a reduced reef score, highlighting the importance of watershed characteristics to 

overall coral reef health on Bonaire. Reef score was comprised of percentage coral cover, fish 

community index, and visibility. Whilst this does not capture all of the variation in reef health on 

Bonaire, these are reported to be reliable indicators of reef health, and have been used in a range of 

studies  (Rogers 1990, Fabricius 2005, Uyarra et al. 2009, Schep et al. 2013, DeMartini et al. 2013, 

Pollock et al. 2014, Risk 2014, Rogers et al. 2014). Our results therefore indicate the importance of the 

watershed to coral reef conservation, and may be used to suggest that sediment run-off is impacting 

additional reef attributes not tested here. It is important to note the large errors associated with this 

model, which indicates further analysis of individual reef attributes is important to fully understand the 

relationship. 

 

The relationship between watershed characteristics and coral cover varied with depth. Shallow coral 

cover was not well represented by variables tested in the models. This may be a result of shallow corals 

experiencing multiple stresses not felt by deeper corals, masking the impacts of watershed. Shallow 

coral was measured at 5m, whilst divers were carrying out their safety stop. This stop occurs for three 

minutes at the end of each dive, and is therefore carried out in areas of high diver traffic, or near to 

mooring buoys, both of which may reduce coral cover. Shallow coral may also be more vulnerable to 

collisions from boats, snorkelers, trainee divers, and other water sports. 

 

Deep corals, below 10m depth, showed a positive relationship with ground cover, interacting with tree 

biomass. The strength of the relationship between deep coral and ground cover increased as tree biomass 

index increased. Increases in ground cover are associated with increased root systems within the soil, 

as well as creating surface complexity. Areas with high ground cover therefore slow water flow, 

reducing energy available to dislodge sediment. 

 

In contrast to existing literature, a negative relationship was seen between deep coral cover and tree 

biomass index, though review studies have indicated that ecological context is important in determining 

impacts of tree biomass on sediment run-off (Brown et al. 2005, van Dijk and Keenan 2007). Increased 
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tree biomass index would be expected to reduce sediment run-off, and therefore increase coral cover, 

through tree roots anchoring soils, and creating pools of water, increasing water seeping into the soil. 

However Bonaire’s dry-forest is characterised by very low rainfall. Dry-forest tree species therefore 

have deep root systems, which have little impact on anchoring surface sediments susceptible to 

transport, or in increasing surface complexity. These deep roots rather act to reduce water levels in the 

water table (van Dijk and Keenan 2007). In dry-forest such as Bonaire sediment transport through the 

water table is of limited impact to sediment levels when compared to surface run-off (Bartley et al. 

2014), and therefore we could expect tree biomass to have little impact in reducing sediment levels in 

the coral reef. The negative relationship observed may arise from increased tree litter associated with 

trees with higher above ground biomass, which would increase sediment available for transportation. 

In overgrazed systems disruption of leaf litter has been suggested to be linked to increases in sediment 

run-off (van Dijk and Keenan 2007). The highly degraded nature of Bonaire’s dry-forest may also 

contribute to the negative relationship observed, with positive impacts of afforestation recorded only in 

studies which increased tree abundance in over 20% of the catchment (Brown et al. 2005). The low tree 

density on Bonaire may therefore limit the impact these have on reducing sediment run-off. 

 

Salina presence is associated with an increase in deep coral cover. This may result from salinas acting 

as a sediment traps, reducing sediment run-off. Building of salinas may therefore perform a role in 

reducing sediment run-off into the reef, but would have a smaller impact than increasing ground cover. 

Shore accessibility decreased coral cover, probably because it is associated with increased suspended 

sediment. Both of these impacts are small at the scale of deep coral cover when compared to ground 

cover, though shore accessibility is larger with regard to whole reef ecosystem health, in comparison to 

the impact of watershed vegetation. The impact of shore accessibility across measurements of reef 

health, being present in all models, likely relates to shore accessible sites being characterised by a large 

number of different attributes, which may impact the coral reef. In addition to increased suspended 

sediment through diver entry, shore accessible sites most commonly have a sandy shelf leading to the 

reef itself, increasing habitat heterogeneity for fish populations. Sites accessed from shore are also more 

likely to be visited without a dive master, or be used for night dives, as they do not require a boat for 

access. This may lead to increased damage by SCUBA divers. The variation in impacts of shore 

accessibility indicate that further work would be needed to determine which attributes were impacting 

reef health, before this could be used to direct coral reef management. 

 

Composite fish score did not show significant variation with watershed vegetation. Unlike coral, fish 

have a large range, and may therefore move between areas of high and low sediment. Fish are also 

impacted by sediment through their relationship with coral (Rogers 1990, DeMartini et al. 2013, 

Edmunds and Gray 2014, Rogers et al. 2014, Jones et al. 2015), therefore the coral declines seen in 

Bonaire may not have reached levels high enough to impact fish communities. Fish score was improved 
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in sites accessible from shore. Shore dive sites are characterised by sandy flats, leading to the reef. This 

may provide larger variation in habitat for fish species, a result observed by Pattengill-Semmons (2002) 

on Bonaire using the REEF database. Fish may also be more easily identified on sandy areas when 

compared to the reef itself, leading to inflated estimates. 

 

Once a single, probably unrealistically high, visibility outlier is removed, visibility shows a negative 

relationship to watershed slope. Increased slope is associated with higher sediment run-off (Millward 

and Mersey 1999, Renard et al. 2000, Boer and Puigdefábregas 2005), and would therefore be expected 

to relate to reduced visibility. Shore accessible sites also show reduced visibility, due to the presence of 

sandy flats from which sediment may be disturbed. 

 

The overall weak relationship between reef characteristics and watershed vegetation is in line with 

existing literature (Rodgers et al. 2012, Ramos-Scharron et al. 2015), and is a consequence of the 

multitude of threats to coral reef ecosystems (Hughes et al. 2003). However, the largely uniform nature 

of threats impacting the coral reef on Bonaire’s west coast has enabled me to identify increased 

degradation of vegetation ground cover as decreasing composite reef score and coral cover below 10m 

depth. Though this impact is small across reef characteristics measured, watershed ground cover is 

within the capacity of reef managers to improve through terrestrial restoration, for example, by reducing 

grazing pressures. It is also valuable to note that the terrestrial ecosystem on Bonaire has already 

undergone significant environmental damage, resulting in limited variation in vegetation. Modelling 

the effects of management using links established here can therefore help to target conservation efforts 

to achieve the highest impacts. Long-term monitoring of both reef health and watershed vegetation 

would improve understanding of this relationship, and enable joint management of the terrestrial and 

marine ecosystems on Bonaire, and across the tropics. 

Conclusions and policy implications 

The analysis presented in this chapter illustrates, in situ, the relationship between watershed vegetation 

and coral reef health, in particular coral cover at depths below 10m. As coral reefs are in decline 

worldwide (Wilkinson 1999, Kennedy et al. 2013), understanding the scope of threats is important for 

managing conservation actions. Whilst local managers are limited in their ability to address threats at 

the global and regional scales, reductions in local level threats can increase reef resilience to outside 

threats (Birrell et al. 2005, Maina et al. 2013, Risk 2014). Our models show that where additional threats 

remain the same, improvements to watershed vegetation could probably lead to improvements to reef 

health. Taken further, these models can be used to estimate the impacts of terrestrial conservation 

measures across the ecosystem boundary, and thus feed into prioritisation of island conservation 

measures.  

 



Chapter 3 Impacts of vegetation cover on coral reef health 

85 

 

Bonaire’s economy is highly reliant on dive tourism, therefore reef protection is high on the agenda of 

Government and dive operators. However until now reef conservation has largely focused on only 

marine-based actions. Here I show that ground cover and tree biomass decrease coral cover at depths 

below 10m, where the majority of recreational diving occurs, highlighting the need for the island to 

integrate terrestrial and marine conservation to further preserve the island’s valuable coral reef. The 

models presented in this chapter enable estimation of the impacts of terrestrial conservation on 

Bonaire’s coral reef. As with the models presented in Chapter Two, this will enable the expected 

ecological impacts of conservation actions to be estimated and compared during the planning stages. 

Evaluation of conservation action success will be possible through comparison to the baseline data 

presented here. This will improve the efficiency of environmental conservation on Bonaire, and increase 

chances of meeting conservation targets. Furthermore the models can be applied to all proposed land-

use change, such as clearing for agriculture, to estimate impacts to the coral reef. Given the high value 

of the coral reef to Bonaire’s economy the ability to trade-off gains in development with declines in the 

coral reef will improve the ability of policy makers to manage Bonaire’s natural assets.  
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Chapter 4 User fees across ecosystem boundaries: Are SCUBA divers 

willing to pay for terrestrial biodiversity conservation? 

 

Abstract 

While ecological links between ecosystems have 

been long recognised, management rarely 

crosses ecosystem boundaries. Coral reefs are 

susceptible to damage through terrestrial run-

off, and failing to account for this within 

management threatens reef protection. In order 

to quantify the extent to which coral reef users 

are willing to support management actions to improve ecosystem quality, I conducted a choice 

experiment with SCUBA divers on the island of Bonaire, Caribbean Netherlands. Specifically, I 

estimated their willingness to pay to reduce terrestrial overgrazing as a means to improve reef 

health. Willingness to pay was estimated using the multinomial, random parameter and latent 

class logit models. Willingness to pay for improvements to reef quality was positive for the 

majority of respondents. Estimates from the latent class model determined willingness to pay for 

reef improvements of between $31.17 - $413.18/year, dependent on class membership. This 

represents a significant source of funding for terrestrial conservation, and illustrates the potential 

for user fees to be applied across ecosystem boundaries. 
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Introduction 

Despite the potentially catastrophic impacts of environmental degradation, environmental 

conservation remains chronically underfunded (Bruner et al. 2004). Significant gains in 

environmental protection can therefore be seen where alternative funding mechanisms are 

identified, and where funding is directly connected to the ecosystem (e.g. through running events 

at the site, or charging entrance fees)  (Depondt and Green 2006, Whitelaw et al. 2014). As 

ecotourist numbers rise, the potential to fund environmental conservation through tourist 

spending increases (Eagles 2002, Kirkby et al. 2011). However, improvements in environmental 

state are only observed where ecotourism funds are effectively managed (Vaughan 2000, 

Saayman and Saayman 2006). User fees administered directly by conservation organisations 

offer one possible mechanism to achieve this (Vaughan 2000, Mathieu et al. 2001, Green and 

Donnelly 2003, Whitelaw et al. 2014).   

 

The application of user fees to fund environmental conservation is well established within 

National Park networks, and when managed correctly can generate significant gains in 

environmental protection (Eagles 2002). Marine protected areas are less often subject to user 

fees than their terrestrial counterparts, however they have still be successful in a number of 

locations (Wielgus et al. 2010, Thur 2010). Though they have seen some success, user fees are 

still highly limited due to the small spatial scale on which they are employed. Fees are typically 

tied directly to the resource under use, despite the health of this resource depending on 

ecosystem services on a much larger spatial scale. This is well illustrated through marine park 

fees charged to SCUBA divers visiting coral reefs. Coral reef health is intrinsically linked to 

ecosystem health in its terrestrial catchment. High sediment levels entering the marine system 

from terrestrial catchments result in reduced light availability, causing declines in coral growth 

rates (Rogers 1990, Fabricius 2005, Pollock et al. 2014). Coral mortality rises as risk of 

smothering increases (Fabricius 2005), while recruitment and fecundity fall (Rogers 1990, 

Wenger et al. 2014, Edmunds and Gray 2014). Fish populations are also impacted, with declines 

in small fish abundance, fish productivity (Rogers 1990), and fish species richness (DeMartini et 

al. 2013). Increased nutrient loads further compound coral reef degradation through promoting 

increased algae growth (Fabricius 2005). 

 

Declines in coral reef cover, species diversity, and fish communities reduce value of the coral reef 

for SCUBA divers who visit reefs to view these attributes (Uyarra et al. 2009, Schep et al. 2013). 

Reductions in visibility also reduce value due to inability to view the reef, and increase challenges 

in safety and navigation. 
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Implementing user fees requires an understanding of how users value the resource under use, 

and changes in its condition, to ensure appropriate fee levels are introduced. This is not 

concerned with non-use values, such as existence or bequest values. Capturing use values can be 

achieved through revealed or stated preference methods.  

 

Revealed preference methods, such as the travel cost method, are advantageous in that they are 

rooted in market values and actual behaviour. Travel cost models utilise costs associated with 

experiencing a good, for example fuel costs of visiting a national park, and the attributes of the 

visited good, such as presence of mega-fauna, well-marked trails, or camping facilities, to estimate 

maximum willingness to pay for the good in question, in terms of its value to recreational users. 

The travel cost method is useful as it is reflected in actual spending, and therefore not subject to 

hypothetical or strategic bias. However it is also limited to goods for which sites with sufficiently 

varied attributes and costs exist. The travel cost method cannot therefore value a good where 

travel costs do not vary, such as in package dive holidays, where a single fee is paid for all boat 

trips.   

 

Stated preference methods rely on hypothetical markets for valuation. Though this imposes limits 

due to the hypothetical nature of payments, stated preference methods allow estimation of value 

in a wider range of contexts than that of revealed preference methods. Stated preference methods 

fit broadly into two categories, contingent valuation, and choice experiments. Contingent 

valuation requires respondents to state their willingness to pay for a prospective change in a 

single good, most often whether they would be willing to pay a specified sum, though open-ended 

valuation may also be used 

 

Choice experiments require respondents to make trade-offs between multiple hypothetical 

scenarios, with varied attributes and payment levels. Respondents make repeated choices over 

which scenario they prefer, enabling estimation across respondents of willingness to pay for 

changes in each individual attribute. Though choice experiments must be carefully designed to 

minimise hypothetical bias , they enable a direct link to be drawn between willingness to pay and 

environmental change, as well as comparisons of alternative management options, enabling 

analysis to feed directly into prioritisation and planning of conservation (Train 2009). 

 

Choice experiments have been widely employed to value coral reefs. Valuation has been carried 

out with non-users (Rolfe and Windle 2011, 2012, 2013, Rogers 2012, 2013), with residents 

gaining use and non-use benefits (Rolfe and Windle 2011, 2012, Lacle et al. 2012, Christie et al. 

2014, Marre et al. 2015), and with visitors gaining direct use benefits (Wielgus et al. 2003, Sorice 
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et al. 2007, Yacob and Shuib 2009, Doshi et al. 2012, Beharry-Borg et al. 2013, Schep et al. 2013, 

Schuhmann et al. 2013, Christie et al. 2014, Gill et al. 2015, Grafeld et al. 2015, Rodrigues et al. 

2016). Amongst visitors, SCUBA divers are frequently targeted, due to their direct use of the coral 

reef. 

 

Choice experiments conducted with SCUBA divers have valued reef attributes (Wielgus et al. 

2003, Parsons and Thur 2008, Doshi et al. 2012, Schuhmann et al. 2013, Grafeld et al. 2015, 

Rodrigues et al. 2016), reef management options (Sorice et al. 2007, Yacob and Shuib 2009), or a 

combination of the two (Schep et al. 2013, Christie et al. 2014, Gill et al. 2015). Throughout these 

studies divers have been found to have a positive willingness to pay for improvements in both 

reef attributes and management. Willingness to pay remained positive even where management 

increased requirements on divers, such as compulsory education courses (Sorice et al. 2007), or 

restricted the number of divers permitted at a site (Sorice et al. 2007, Yacob and Shuib 2009). 

This would suggest that divers understand the need for reef protection, and recognise their role 

in maintaining a healthy coral reef. 

 

The Caribbean is a highly regarded SCUBA diving destination (Sport Diver 2016), and diver 

valuation studies indicate that significant losses in revenue would arise from declines in reef 

health across the region (Parsons and Thur 2008, Schep et al. 2013, Schuhmann et al. 2013, 

Christie et al. 2014, Gill et al. 2015). On Bonaire, SCUBA divers and general tourists were found in 

earlier studies to have positive willingness to pay to protect marine health (Sorice et al. 2007, 

Parsons and Thur 2008). SCUBA divers were found to have an estimated welfare loss of $45 to 

$192 (2002USD) per person per trip for small to large declines in reef health, measured through 

coral cover, coral diversity, and visibility. This survey used collinear attributes, and did not 

therefore estimate coefficients for individual attributes (Parsons and Thur 2008).  

 

In this chapter I report on a choice experiment undertaken with tourist SCUBA divers to 

investigate willingness to pay for reef health improvements anticipated to arise from terrestrial 

ecosystem improvements. This chapter adds to the literature by determining willingness to pay 

for specific reef attributes, and by linking payments to management options related to reducing 

terrestrial pressures from overgrazing. In this way this analysis can feed directly into policy, and 

considerations of available funding can be incorporated into prioritisation of conservation action. 

This increases the potential for prioritisation to move from the planning to implementation stage, 

and to be sustainable over the long term. As far as I am aware this represents the first attempt to 

estimate SCUBA divers willingness to pay for reef health improvements arising from terrestrial 
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conservation in the Caribbean region, and the first to use choice experiments with divers to this 

end. 

Methods 

Survey development 

Choice experiment attributes were first identified following review of the literature of SCUBA 

diver preferences (Uyarra et al. 2009, Schep et al. 2013), discussions with Bonaire’s dive 

operators, and first-hand experience of diving on Bonaire. This list was then refined using 

literature investigating impacts of sediment on the coral reef (Rogers 1990, Fabricius 2005, 

DeMartini et al. 2013, Pollock et al. 2014, Risk 2014, Rogers et al. 2014), to identify attributes 

likely to be both valued by SCUBA divers and negatively impacted by increased levels of sediment. 

The final attributes selected were horizontal visibility, percentage coral cover, and percentage 

fish decline.  All attributes are expected to decline with increased sediment. Suspended sediment 

reduces light levels, which directly reduces visibility, slows coral growth rates (Rogers 1990, 

Fabricius 2005, Risk 2014), reduces fish recruitment (Wenger et al. 2011), and alters fish 

predatory-prey dynamics (Wenger et al. 2013). Sedimentation leads to coral mortality through 

smothering (Weber et al. 2006, Erftemeijer et al. 2012), as well as altering morphology 

(Erftemeijer et al. 2012), and reducing coral recruitment (Rogers 1990, Edmunds and Gray 2014, 

Jones et al. 2015)   

 

An annual user fee is already in place for divers visiting the Bonaire National Marine Park, 

therefore the fee mechanism was presented as an increase in this fee (Table 21). Each choice task 

consisted of two reef sites under grazer management, and a status quo option (Figure 35). The 

status quo option remained the same in each choice task, and presented the current dive fee of 

$25 and the largest potential declines arising from increased sediment run-off. An opt-out option 

was not included, as divers visiting Bonaire are typically committed divers, taking at least one 

dive holiday each year. As the number of divers continues to increase (PADI 2010), despite reef 

health decline worldwide, it would not be expected that these divers would cease taking dive 

holidays in response to continued decline, unless the reef experienced catastrophic decline 

leading to reef collapse. It is also not expected that Bonaire’s reef would decline at a higher rate 

than alternative reefs, leading to a change in destination. 
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Table 21 Levels of attributes presented to divers during choice experiment on Bonaire 

Attribute Level One 

(Status 

quo) 

Level 

Two 

Level Three Level 

Four 

Level 

Five 

Level 

Six 

Level 

Seven 

Visibility 25ft 50ft 75ft 100ft - - - 

Coral Cover Under 25% 26%-50% 51%-75% Over 75% - - - 

Fish 

Decline 

35% 25% 15% 5% - - - 

Fee $25 $30 $40 $55 $75 $100 $125 

 

Choice cards were designed in Ngene, using the multinomial logit form and D optimisation. During 

the pilot study visibility, coral cover and fish decline were coded with dummy variables, though 

in the final design coral cover and fish decline were treated as linear. Restrictions were placed to 

confine the lowest fee level to the status quo option, and to prevent all reef attributes taking the 

lowest form within a single card. As the 24 choice tasks needed to consider all 24 cards was 

deemed too high a number for a single respondent to answer, two alternative choice experiments 

were presented during the pilot study, including either four blocks of six cards or three blocks of 

eight cards. Following the pilot the final study was designed using three blocks of eight cards, as 

respondents did not report fatigue when completing eight choice tasks, and this allowed for more 

responses per respondent, improving the statistical power of the models. 

 

Feedback was sought from five dive instructors and ten divers on Bonaire, leading to clarification 

of information presented and rewording of a number of questions. 47 pilot surveys were carried 

out between 11th July and 11th August 2015, at two dive centres. This led to further clarification 

Figure 35 Example choice cards. Respondents were presented with eight successive cards. 
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of the questions and provision of information, and ensured that the choice task was understood 

by respondents. 

The final survey consisted of five sections, including the choice experiment (See Appendix  One 

for full survey). This enabled me to collect socioeconomic and trip characteristic data to be 

included in investigation of variation in willingness to pay, as well as data on certainty of answers 

and understanding of the survey. In addition I provided the following information regarding the 

link between terrestrial and marine ecosystem health and management options on Bonaire: 

 

Section One: Multiple choice questions were presented to determine level of diving 

experience and familiarity with diving on Bonaire. 

 

Section Two: Information was provided detailing decline in reefs worldwide and on 

Bonaire, the contribution of sediment run-off caused by overgrazing of terrestrial species, 

and how this may be reduced on Bonaire. 

 

Section Three: Participants were first asked whether they would be willing to pay 

anything at all to reduce terrestrial overgrazing if this were to lead to improved coral reef 

health. As this study was concerned with increasing diver user fee, this helped to ensure 

that divers were considering their own economic constraints and preferences, as 

payment would be sought from the divers themselves. If participants responded yes they 

proceeded to the choice experiment, if they responded no they were asked to indicate 

why not. This question was also presented if the status quo option was chosen in each of 

the choice cards. Following completion of the choice experiment, five point Likert scale 

questions were presented to determine certainty of answers and the importance of 

attributes in making choices. 

 

Section Four: A combination of multiple choice and five point Likert scale questions were 

presented to investigate reasons for choosing Bonaire as a destination, activities 

participated in during the trip and future plans to return to Bonaire. 

 

Section Five: Demographic characteristics were assessed using multiple choice questions. 

 

The final surveys were conducted between 18th August and 24th September 2015. As no central 

record of visiting divers on Bonaire is available, random sampling was not possible. Instead a 

convenience sampling strategy was employed, approaching divers between dives at shore 

accessible dive sites, and when disembarking from boats at dive centres. These two sampling 
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locations were chosen to ensure the sample included both ‘resort’ divers, who are restricted by 

boat schedules to dictate location and times of dives, and ‘independent’ divers, who rent vehicles 

and have flexibility to visit dive sites at choice. Though no data exists on the proportion of divers 

which fit into each category, I anticipated that there are slightly more ‘independent’ divers than 

‘resort’ divers, based on Bonaire’s reputation for providing this ‘independent’ option, 

communication with dive operators, and observations at dive locations.  Dive centres were 

selected to represent the full range of services available on Bonaire, including high, mid and low 

range resorts, and one group of independent dive centres. 

 

Analysis 

For clarity in estimating willingness to pay for improving reef health, ‘fish decline’ was 

reclassified during analysis as ‘fish remaining’ through subtracting percentage fish decline from 

100. Coral cover was assigned as the midpoint for each range. Following initial investigation of 

results, all attributes were treated as linear, so that the deterministic part of utility for each diver 

is treated as a linear function of each attribute. 

 

Parameters were estimated using the multinomial, random parameter, and latent class logit 

models. Three alternative models were used to fully explore the data. 

 

The multinomial logit model was selected as the basic model, and was estimated initially with no 

additional explanatory variables. This is to ensure the data is behaving in a way consistent with 

economic theory, that is attribute coefficients with the expected signs, and a negative cost 

coefficient. The multinomial logit in its basic form presumes no individual variation in preference. 

 

The random parameter logit model assumes preferences vary across individual. This model 

requires the researcher to make an assumption as to the distribution of these coefficients. In these 

models I have assumed a normal distribution, as the simplest distribution to explain the variation. 

This is supported by good model fit of the random parameter logit models. The random 

parameter logit model expands on the multinomial logit model through allowing individual 

variation in preferences in a manner which does not need to be explained by any observable 

variable, such as experience or income. Interactions can also be added to investigate such 

observable heterogeneity. 

 

The latent class logit model identifies ‘classes’ of individuals with similar preferences. Coefficients 

are able to vary between, but not within, classes. This model is able to highlight differences 
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between groups of respondents, and provide coefficients for each group, unlike the multinomial 

which estimates a single mean coefficient. 

 

All models were run to include explanatory variables of income, plan to return within 5 years, and 

diving qualification of level above PADI Advanced Open Water. These variables were interacted 

with selection of the status quo option, and were included to account for income constraints, 

future plans to utilise the resource, and diving experience. 

 

For each model willingness to pay estimates were calculated through dividing the attribute 

coefficient by the cost coefficient: 

 

𝑊𝑇𝑃 =  (
𝛽𝑥

−𝛽𝐶𝑜𝑠𝑡
) 

 

Multinomial and random parameter logit models were estimated in R statistical software (R Core 

Team, 2016), using the package ‘mlogit’. 95% confidence intervals were estimated using the delta 

method and the package ‘msm’. Latent class modelling was carried out in STATA, using packages 

‘mixlogit’, ‘lclogit’, ‘gllamm’, and ‘fmlogit’.  

 

Results 

Total number of surveys completed was 299 (72% success rate, defined as percentage of 

individuals approached, in accordance with the sampling strategy described above, that 

completed the full survey), with 58% collected at shore dive sites (81% success) and 42% at dive 

centres (62% success). Respondent characteristics are reported in Table 22. 
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Table 22 Choice experiment respondent characteristics 

 Proportion Median SE Min Max 

Age - 49 12 18 73 

Gender – female 41% - - - - 

Home country – North America 56% - - - - 

Home country - Netherlands 23% - - - - 

Home country – Europe (excl. Netherlands) 15% - - - - 

Home country – South America and Caribbean 7% - - - - 

Education – Bachelor degree or above 65% - - - - 

Monthly income - $9,000 $440.67 $999.5 $20,000 

Dive certification – PADI open water (or 

equivalent) 

24% - - - - 

Diver certification – PADI advanced open 

water (or equivalent) 

35% - - - - 

Diver certification – PADI rescue diver and 

above (or equivalent) 

41% - - - - 

Number of years diving - 11 0.65 <1 56 

Number of logged dives - 200 18.19 10 1001 

First visit to Bonaire 44% - - - - 

Taken 5 or more dive holidays in the last 5 

years 

49% - - - - 

Anticipate returning to Bonaire 90% - - - - 

 

Respondents reported high certainty, believed they have enough information to make a choice, 

and had high understanding of the choice task (Table 23). They reported all reef attributes as 

highly important and the annual fee of mid-level importance in making their choices (Table 24). 

 

Table 23 Reported understanding of choice experiment. 1=strongly disagree, 2= disagree, 3=neutral, 

4=agree, 5=strongly agree. 

 Mean Standard Error 

I am certain of my answers 4.22 0.034 

I had enough information to make a decision 4.09 0.042 

I understood the questions 4.34 0.038 
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Table 24 Importance of choice experiment attributes in decision making. 1=very low, 2=low, 3=mid, 

4=high, 5=very high. 

 Mean Standard Error 

Visibility 4.11 0.04 

Coral Cover 4.36 0.04 

Fish Decline 4.39 0.04 

Annual Fee 3.12 0.06 

 

Protest bids were defined as those respondents stating zero willingness to pay for reasons other 

than their valuation of the coral reef. These included those that did not believe the fee would be 

used for the activities stated, that did not feel the reef was undergoing decline, they did not think 

that tourists should be responsible for the costs of conservation, or that did not believe the 

proposed conservation measures would impact reef health. Protest bids were made by 38 

participants (12%), with the most predominant reason for protest being that they should not be 

responsible for payment (11 protests), or that the current fee is not used correctly (9 protests). 

 

The multinomial logit model identified each attribute as significant, with positive coefficients for 

the reef attributes and status quo, and a negative cost coefficient, indicating a preference for 

improved reef attributes and away from rising costs.  (Table 25). Respondents choosing the status 

quo option were more likely to not plan to return to Bonaire within the next five years, more 

likely to have a diving qualification above that of PADI Advanced Open water, and have lower 

income (Table 25). The probability of returning to Bonaire within the next five years was a 

stronger predictor of not selecting the status quo than diving qualification or income. 
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Table 25 Results summary of choice experiments with SCUBA divers on Bonaire, analysed using 

multinomial logit, random parameter and latent class logit models. Attributes visibility, coral cover and 

reduced fish decline were treated as random with normal distribution. Return to Bonaire within five 

years, holding advanced diving certification, and income were all interacted with the status quo in the 

multinomial logit and random parameter logit model. SD – Standard deviation for attributes within the 

random parameter logit model. SQ – Status quo *** Indicates significant result at the 0.05 level. 

 Multinomial Logit Random Parameter Logit 

 Coef. SE Coef. SE 

Visibility 0.012*** 0.0014 0.013*** 0.0018 

SD 

 
  0.014*** 0.0049 

Coral cover 0.014*** 0.0019 0.017*** 0.0019 

SD 

 
  -0.013*** 0.0052 

Reduced fish 

decline 
0.029*** 0.0031 0.037*** 0.0052 

SD 

 
  -0.033*** 0.014 

Cost 

 
-0.008*** 0.0014 -0.01*** 0.0018 

Status quo 1.34*** 0.17 1.5*** 0.02 

Return within 5 

years* SQ 
-1.31*** 0.008 -1.49*** 0.19 

Advanced 

certification* 

SQ 

0.40*** 0.011 0.47*** 0.15 

Income* SQ -0.00005*** 0.000006 -0.00002*** 0.000009 

 

Latent Class Logit 

Class 1 Class 2 Class 3 

 Coef. SE Coef. SE Coef. SE 

Visibility 

 
0.023*** 0.003 0.021*** 0.005 0.032 0.034 

Coral cover 

 
0.021*** 0.002 0.018*** 0.004 0.040 0.028 

Reduced fish 

decline 
0.027*** 0.005 0.002 0.009 -0.063 0.056 

Cost 

 
-0.007*** 0.003 -0.058*** 0.005 -0.141 0.081 

Status quo 

 
-3.04*** 0.5 -2.31*** 0.30 2.91*** 0.81 

Return within 5 

years 
1.5*** 1.7*** - 

Advanced 

certification 
-0.42 -0.57 - 

Income 0.00 0.00 - 

       

Class share 0.65 0.20 0.16 
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All reef attributes were identified as random within the random parameter logit model, and were 

modelled with a normal distribution. The standard deviations of the cost and status quo were not 

significantly different from zero, and were therefore treated as non-random. Within this model 

each of the attributes was significant, with positive coefficients for the reef attributes and status 

quo, and a negative cost coefficient. The model also indicated significant preference heterogeneity 

in the reef attributes, as indicated by significant standard deviation values (Table 25). In line with 

the multinomial logit model, respondents selecting the status quo option were less likely to plan 

a return trip to Bonaire within the next five years, had a diving qualification above that of PADI 

Advanced Open Water, and had lower income.  The largest impacts on selecting the status quo 

option was no planned return to Bonaire (Table 25). 

 

The appropriate number of latent classes was identified as three through investigation of model 

errors, class share, and consideration of the data. Attributes in all classes show the expected sign, 

and negative cost coefficients (Table 25). Class one, with the highest class share (0.66, Table 25), 

have a positive preference for all reef attributes, and a negative preference for the status quo. This 

negative preference for the status quo indicates a preference to move away from the current state, 

and therefore to increase coral reef protection. Class two (class share - 0.20, Table 25) show a 

positive preference for visibility and coral cover, no significant preference for reducing fish 

decline, and a negative preference for the status quo. Class three (class share - 0.16, Table 25) 

have no significant preference for any reef attribute, but a positive preference for the status quo, 

indicating a preference to remain at the current reef state and fee level. Classes one and two are 

characterised by being more likely to return to Bonaire within the next five years, with no 

significant impact seen by diving qualification level or income (Table 25). 

 

Model fit was best for the latent class logit model, followed by the random parameter logit and 

multinomial logit, including individual variables, when considering AIC values (Table 26).  

 

Table 26 AIC values for multinomial, random parameter and latent class logit models 

Model AIC LL 

Latent class logit 2501 -1235 

Random parameter logit - Including individual specific variables 3828 -1952 

Multinomial logit - Including individual specific variables 3836 -1907 

Random parameter logit 3919 -1900 

Multinomial logit 3926 -1958 
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Willingness to pay estimates were calculated for the multinomial, random parameter and latent 

class logit models. This was carried out through dividing the attribute coefficient by the cost 

coefficient, estimating the implicit price for marginal changes in each attribute (Table 27). 

Willingness to pay was positive for each reef attribute in the multinomial logit and random 

parameter logit models, with higher willingness to pay estimated through the multinomial logit 

model. In both models reduced fish decline was associated with the highest willingness to pay. In 

the latent class model, class one (class share - 0.66) were willing to pay for improvements for all 

reef attributes, with willingness to pay an order of magnitude higher than that of class two, and 

twice as high for coral cover and visibility when compared to estimates from the multinomial or 

random parameter logit models. Class two had a positive willingness to pay for improvements in 

coral cover and visibility, but not for reducing fish decline (class share - 0.20). Class three were 

not willing to pay for reef health improvements achieved through terrestrial conservation (class 

share - 0.16) (Table 27). 

 

Table 27 Estimate of willingness to pay to reduce reef health decline through control of terrestrial 

overgrazing. 2015USD. 95% Confidence intervals in brackets, calculated through delta method. 

 Multinomial 

Logit 

Random 

Parameter 

Logit 

Latent Class Logit 

 Class One Class Two Class Three 

Visibility 

increase (per m) 

 

$1.50 

(1.26-1.74) 

$1.30  

(1.09-1.51) 

$3.29 

(2.13-3.50) 

$0.36 

(0.20-0.50) 

$0 

Coral cover 

increase (per % 

point) 

$1.75  

(1.31-1.99) 

$1.70  

(1.49-1.91) 

$3.00 

(2.13-3.13) 

$0.31 

(0.16-0.41) 

$0 

Fish decline 

reduced (per % 

point) 

$3.63 

(2.78-4.48) 

$3.70  

(2.93-4.47) 

$3.86 

(2.13-4.63) 

$0 $0 

 

Discussion  

Most tourist SCUBA divers on Bonaire were found to have a positive willingness to pay for 

improvements in reef condition associated with terrestrial conservation.  

 

All models estimated a positive willingness to pay, with some small variation between models, 

though large variation is seen between estimates between classes in the latent class model. 
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General agreement between models provides evidence for successful model fit across models, 

with the latent class model identified as providing the best model fit between models. The latent 

class model is also of most use for policy makers, as it enables identification of groups of 

preferences, enabling policy to be tailored to address this preference variation. 

 

Individual variables of planned return within five years, dive certification above that of PADI 

Advanced Open Water, and income, all impacted the likelihood of respondents displaying 

stronger preferences for reef health improvements in both the multinomial and random 

parameter logit model. In both models anticipated return within five years decreased the 

likelihood that respondents would select the status quo. This is to be expected, because repeat 

visitors will continue to gain utility from coral reef protection on Bonaire into the future. Higher 

income was also negatively associated with selection of the status quo, respondents with a higher 

income were more likely to be willing to pay for reef protection, again as expected because higher 

income is associated with fewer economic constraints. Unexpectedly in both models higher levels 

of dive qualification, of above the level of PADI Advanced Open Water, was associated with higher 

preference for the status quo, and therefore less willingness to pay. This may be a result of 

Bonaire’s reputation for ‘easy’ diving, with little in the way of currents, and simple navigation due 

to the reef fringing the island. Divers with higher qualifications may be less constrained in their 

choice of dive locations, and therefore have more options for ‘high quality’ reef diving. Those 

divers with fewer qualifications may feel they have fewer substitutes which offer both high 

quality reefs and simple diving opportunities, and therefore more to gain in protecting Bonaire’s 

reef in particular. 

 

In the latent class model classes one and two, representing the preferences of 65% and 20% of 

respondents respectively, show a positive willingness to pay for reef health, though this is not 

seen for class three, 16% of respondents. People more likely to belong to  classes one and two are 

more likely to plan to return to Bonaire within the next five years, though did not show difference 

in diving certification or income, when compared to class three. Anticipation of return would be 

expected to increase probability of positive willingness to pay, because respondents will gain 

more utility through repeated visits.  

 

Class one represent the highest proportion of divers on Bonaire, and have a willingness to pay an 

order of magnitude above that of class two. This class likely represents Bonaire’s most common 

diver, typically experienced and committed, visiting the island with the sole purpose of diving. As 

such they stand to gain high utility from preserving the coral reef, class two are most likely more 

casual divers, therefore have a lower willingness to pay. 
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Reduced fish decline was identified as significant only in class one divers. The absence of a value 

for reducing fish decline in class two may relate to the unfamiliarity of rating fish abundance, 

when compared to visibility and coral cover, particularly if this class represents less committed 

divers. Both visibility and coral cover are routinely included numerically in dive site reports, and 

divers will estimate visibility when logging dives. Fish abundance, however, will not generally be 

reported numerically, and likely only included in reports when it differs from the average for the 

area. It may also be that the largest decline presented (35%) was below the maximum acceptable 

decline, or that our choice of abundance as an attribute descriptor did not capture respondents’ 

value of fish, where diversity, size or rarity may have been more important (Uyarra et al. 2005). 

 

Within the choice experiment 32 respondents (11%, not including protest bids) stated they were 

not willing to pay for improved reef quality achieved through terrestrial conservation. Follow up 

questions illustrated that the most common reason for this was that they could not afford more 

than the current fee (18/32, 56% respondents), and/or that they did not agree with the proposed 

conservation measures (19/32, 59% respondents). Respondents were able to select multiple 

options for the reasons they were not willing to pay. Identifying groups with objections to 

proposed management options is important for environmental conservation, enabling early 

measures to manage conflict to be established (Estévez et al. 2014). The importance of including 

management options within choice experiment tasks is well recognised (Czajkowski and Hanley 

2009), with willingness to pay for protection of the Great Barrier Reef shown to vary significantly 

with management (Rogers 2012, Rolfe and Windle 2012, 2013), and respondents found to 

assume highest restrictions when management was not specified (Rogers 2012). 

 

Here I have considered payments only from one group of the users of the ecosystem, tourist 

SCUBA divers, to fund conservation actions to reduce ecosystem degradation outside of their 

influence, in the terrestrial ecosystem. This is in contrast to the more traditional ‘polluter pays 

principle’, in which costs of conservation fall to those causing the damage. However in the case of 

grazing impacting reef health on Bonaire, this ‘user pays’ approach may be more appropriate. The 

majority of the grazing species on the island are feral, with all free ranging pigs and donkeys 

falling into this category, along with a large proportion (exact numbers unknown) of the goat 

population. Those farmers that own free-ranging goats are primarily feeding family and friends, 

they do not have high income, and few goats are sold in the markets (unpublished data). The 

majority of goat farmers also gain little utility from the coral reef, because dive operators are 

owned predominantly by Americans or Europeans. They may gain value through fishing, though 

again this is likely to be predominantly to feed family and friends, and not a source of income. As 
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such the capacity to apply the ‘polluter pays principle’ is limited, most grazing animals are not 

owned, and those that do own goats have little ability to pay, and little to gain through reef 

protection. If the position were taken that feral grazing species were the responsibility of the 

Government, the polluter pays principle would place environmental conservation in competition 

with all other Government spending, including schools, healthcare, or security. Contrastingly, 

visiting SCUBA divers have generally high incomes (median - $9,000/month), and large utility 

gains from the health of the coral reef, and represent an additional source of funding for the island, 

rather than a competitive one.  

 

Worldwide we are aware of only two papers linking valuation of coral reefs to terrestrial 

conservation. Rolfe and Windle (2011) conducted choice experiments with Australian residents 

to determine whether the non-use values prescribed to the coral reef justified the cost of reef 

protection through limiting agricultural run-off. Participants were given information about the 

problems caused by agricultural run-off onto the coral reef, and told that reef improvements 

could be achieved following changes to agricultural practises. They were then presented with 

choice tasks including a ‘water quality and reef health’ attribute, the level of certainty around a 

given outcome, and an annual tax for the next five years. Values given to improvements in reef 

health were found to be approximately equal to the costs of implementing the program, and the 

paper makes the suggestion that implementing the measures would therefore be within the 

public interest (Rolfe and Windle 2011). In the second paper, a contingent valuation study was 

utilised with SCUBA divers in Guam to determine willingness to pay to reduce sediment run-off 

onto the coral reef (Grafeld et al. 2015). Divers were asked whether they would be willing to pay 

$5, $10 or $15 in a one off payment to reduce sediment run-off through a revegetation program. 

Willingness to pay was found to be positive, with a $10 fee being most acceptable (Grafeld et al. 

2015). Our study broadly agrees with these findings, with Bonaire’s SCUBA divers showing 

positive willingness to pay for terrestrial conservation where impacts are expected on marine 

ecosystem health. Our estimates from the largest latent class however estimated willingness to 

pay higher than that estimated for SCUBA divers on Guam (Grafeld et al. 2015). The lower 

estimates for SCUBA divers in Guam may arise from the survey mechanism, where the highest fee 

presented was $15, lower than the $125 fee presented in this study. Guam is less well known than 

Bonaire for its coral reefs, and therefore also likely attracts more casual SCUBA divers, visiting 

Gaum for a number of reasons in addition to SCUBA diving on the reef. It would be reasonable to 

expect therefore that these divers have reduced willingness to pay when compared to the 

committed divers visiting Bonaire. 

 



Chapter 4 User fees across ecosystem boundaries: Are SCUBA divers willing to pay for terrestrial 

biodiversity conservation? 

104 

 

Conclusions and policy implications 

Though variations in model estimates exist, divers are willing to pay for protection of Bonaire’s 

coral reef through terrestrial conservation. In 2014 Bonaire saw over 126,000 stay-over tourists 

(Statistics Netherlands 2015), with an average of 71% of tourists purchasing a dive tag each year 

(STINAPA Bonaire 2010), and funding tied to conservation, this presents a significant source of 

revenue for terrestrial conservation on the island. A three year-long pig control program initiated 

in 2016 by local NGO, Echo, is estimated to cost $38,000 in establishment costs, and $20,000 in 

annual running costs (S. Williams, pers. comm.). With an estimated 89,460 dive tags sold in 2014 

funding the project through a user fee would require an increase above the current fee of only 

$0.42/diver for the first year, and $0.22/diver/year in subsequent years, well within SCUBA 

divers’ willingness to pay. 

 

The positive willingness to pay of SCUBA divers on Bonaire for terrestrial conservation illustrates 

the potential to implement user fees across ecosystem boundaries. Though the terrestrial and 

marine ecosystems are intrinsically linked (Rogers 1990, Fabricius 2005, Risk 2014), 

management rarely crosses this boundary (Klein et al. 2010, 2012, 2014, Beger et al. 2010a, 

Álvarez-Romero et al. 2011, Makino et al. 2013, Mateos-Molina et al. 2015). In recent years 

modelling of the link between marine and terrestrial conservation planning has increased (Klein 

et al. 2010, Maina et al. 2013, Álvarez-Romero et al. 2014). This study supports this research 

through illustrating a potential source of funding which can bridge this gap as well. Joint 

management will not only improve conservation of the coral reef, but also ensure that the less 

charismatic and obviously valuable dry-forest ecosystem receives increased protection. In 

addition, joint funding makes explicit the link between ecosystems for users, policy makers and 

practitioners. It is reasonable to expect that similar positive willingness to pay would be 

experienced by users of other linked ecosystems, such as grassland and river systems, or 

mountain regions and savannahs. 
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Chapter 5 Prioritising conservation actions 

Abstract 

Prioritisation of environmental conservation actions leads to improved environmental outcomes, and 

increases the possibility that actions can be sustained over the long term. To be most successful 

prioritisation must take account of economic and social aspects of conservation, alongside the 

ecological. Further improvements in prioritisation are seen where impacts can be measured across 

ecosystem boundaries, and can be tied to funding sources. At a global scale, island ecosystems are 

recognised as of high priority, with one of the most significant threats being introduction of invasive 

species. To investigate prioritisation of control of invasive species on islands, I have conducted a cost 

benefit analysis of donkey control on Bonaire, Caribbean Netherlands. I have modelled the expected 

ecological impacts to both the dry-forest and coral reef, of three potential control options eradication, 

population reduction, and fencing. I have estimated costs of each option using costs of previous projects, 

and connected this to willingness of SCUBA divers to fund such projects. Finally I have surveyed 

experts to understand social acceptability of donkey control. Of the control options, eradication is 

predicted to have the highest ecological impacts in both the dry-forest and coral reef, followed by 

fencing. Population reduction impacts exceed that of fencing only when populations are reduced by 

more than 91%. Donkey eradications were estimated to cost five times the amount for fencing. Costs 

of both fencing and eradication were within SCUBA diver willingness to pay for one year. Reductions 

in population could not be funded by a SCUBA diver fee. Social acceptability was highest for fencing, 

and lowest for any lethal control (eradication or reduced population size). Though eradication offers the 

highest ecological impacts, I suggest that lower costs and higher social acceptability make fencing the 

more appropriate choice for grazer control on Bonaire in the immediate future. In this way I illustrate 

the importance of considering economic and social impacts alongside the ecological in environmental 

conservation. Though fencing may be most appropriate for Bonaire where funding is tied to the coral 

reef, it is important to recognise the context of these actions, and alternative conservation goals may 

alter prioritisation. 
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Introduction 

Improvements in environmental outcomes are observed when prioritisation of conservation actions 

incorporates trade-offs across the ecological (Maron et al. 2013, Adams et al. 2014a, Alvarez-Romero 

et al. 2015), economic (Bruner et al. 2004, Donlan et al. 2014, Boyd et al. 2015), and social domains 

(Guerrero et al. 2010, McLeod et al. 2015). The direct interface between terrestrial and marine 

ecosystems on islands adds additional complexity to prioritisation of conservation actions, because 

costs and benefits must be considered across the ecosystem boundary (Álvarez-Romero et al. 2011, 

Pittman and Armitage 2016, Reuter et al. 2016). With islands identified as of high conservation priority 

(Myers et al. 2000), and conservation funds remaining scarce (Bruner et al. 2004), improving 

conservation prioritisation on islands offers substantial conservation gains. 

 

Though prioritizing environmental conservation through returns on investment is met with some 

opposition (Armsworth 2014, Buckley 2016), funding for environmental conservation remains scarce, 

and some kind of prioritisation strategy is unavoidable  (Balmford and Whitten 2003, Bruner et al. 2004, 

Boyd et al. 2015). Explicitly addressing differences in economic costs of management options can 

greatly improve conservation gains (Murdoch et al. 2007, Polasky and Segerson 2009, Evans et al. 

2015). Where human populations have an interest in the area or species under management, accounting 

for social concerns is also of high importance. Failing to recognise and mitigate social concerns in 

selecting management options can result in long delays in completing environmental conservation, or 

prevention of completion in its entirety, due to public protests, legal opposition, or sabotaging of control 

efforts. Economic costs rise not only through time lost, but through mitigating impacts to, or 

compensation for, communities and individuals effected (Linklater et al. 2002, McLeod et al. 2015, 

Moon et al. 2015, Tassin and Kull 2015). 

 

Recent reviews of environmental management across ecosystem boundaries have identified a focus on 

theoretical studies, with a limited amount of research on applied systems (Pittman and Armitage 2016, 

Reuter et al. 2016). Across studies, the need to incorporate long-term objectives and identify sustainable 

funding is paramount, however disparity in priorities between theoretical and applied studies is also 

evident. Theoretical studies identify increased ecological understanding and stakeholder involvement 

and investment as key in ensuring success of cross ecosystem management, whilst applied studies 

identify the need for management to be adaptive and to easily scale up (Reuter et al. 2016). This 

disconnect between theoretical and applied priorities for research, as well as differences in governance 

and management priorities (Pittman and Armitage 2016), may therefore contribute to the limited uptake 

of cross-ecosystem management by local conservation managers. 
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Though applied studies of cross-ecosystem management are less common than theoretical studies, a 

number have been conducted (Tallis et al. 2008, Maina et al. 2013, Makino et al. 2013, Klein et al. 

2014, Mateos-Molina et al. 2015). Models of cross ecosystem conservation in Fiji predicted that coral 

reef health would improve with the incorporation of terrestrial ecosystem management (Klein et al. 

2014), though larger improvements were seen at the reef scale if marine protected areas were sited away 

from areas of high terrestrial input (Makino et al. 2013). In both the Mediterranean, (Mateos-Molina et 

al. 2015) and Madagascar (Maina et al. 2013), reef health improvements were predicted following 

afforestation, however accounting for spatial variation in run-off was also important. Incorporation of 

threats which cross the terrestrial-marine ecosystem divide when prioritising sites for protected areas in 

the Pacific North West of the United States led to large changes in location of areas with high priority, 

when compared to consideration of threats within only a single ecosystem (Tallis et al. 2008). 

 

Invasive species represent the most significant threat to terrestrial island ecosystems, due to long periods 

of isolation of island species from threats of predation and competition (Bowen and van Vuren 1997). 

Introduced grazing species can profoundly affect island vegetation (Bowen and van Vuren 1997, 

Desender et al. 1999, Blackmore and Vitousek 2000, Cabin et al. 2000, Larkin et al. 2012, Rojas-

Sandoval et al. 2014), because they lack defences, such as thorns or aversive chemicals, against grazers 

(Bowen and van Vuren 1997). 

 

Overgrazing in terrestrial ecosystems impacts marine systems through changes to sediment run-off. As 

vegetation is lost through grazing, root systems which anchor soils and slow water flow are also 

reduced. As water flow speed is increased the amount of water able to soak into the soil is decreased, 

resulting is larger volumes of water moving across more easily dislodged sediments with higher energy, 

and therefore increasing sediment run-off into coastal ecosystem (Tilman et al. 2001, Boer and 

Puigdefábregas 2005, Carilli et al. 2009, Bartley et al. 2010, Álvarez-Romero et al. 2011, Rodgers et 

al. 2012, Maina et al. 2013, Risk 2014, Mateos-Molina et al. 2015, Rude et al. 2015). 

 

Increased suspended sediment reduces light availability through increasing water turbidity. This can 

have damaging effects on coral reef ecosystems, because coral growth rates are reduced, mortality is 

increased (Fabricius 2005), and recruitment falls (Rogers 1990, Wenger et al. 2014, Edmunds and Gray 

2014, Jones et al. 2015). Fish recruitment and dispersal of larva decreases (Wenger et al. 2011), and 

predator-prey interactions are disrupted (Wenger et al. 2013). Sedimentation increases coral mortality 

(Weber et al. 2006, Erftemeijer et al. 2012), and leads to changes in morphology (Erftemeijer et al. 

2012). Changes in coral reef assemblages also disrupt fish communities (DeMartini et al. 2013, Rogers 

et al. 2014), and reduces the ability of the reef to adapt to ocean warming (Maina et al. 2013, Risk 

2014), or algae invasion (Birrell et al. 2005). It is therefore in the interest of coral reef managers to 

promote terrestrial ecosystem protection which reduces run-off of sediments from land. 
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Where environmental degradation is caused by introduced grazing species, conservation benefits arise 

from reducing grazer pressure. Eradication of the introduced species is widely regarded as the most 

environmentally effective solution (Donlan et al. 2003, Cruz et al. 2009, Blackburn et al. 2010, Island 

Conservation et al. 2015a), however high costs or social concerns, may preclude this option. 

Alternatives, such as maintaining reduced population densities through lethal control or reducing 

fertility, (Reiter et al. 1999, MacMillan 2004, Saunders et al. 2010, Hothorn and Müller 2010, Ripple 

and Beschta 2012) or restricting grazer movement through fencing (Augustine and Mcnaughton 1998, 

Donlan et al. 2002, Cruz et al. 2009), may therefore need to be considered. 

 

Though cross-ecosystem management may improve efficiencies of conservation funding, variations in 

conservation objectives can alter prioritisation. Where funding is tied to a specific ecosystem, or a single 

species, criteria for prioritisation is therefore tied to this system or species. Whilst economically 

Bonaire’s coral reef is considered more valuable due to its role in attracting dive tourists to the island, 

Bonaire is home to extensive, but degraded, dry-forest, an ecosystem under significant threat worldwide 

(Janzen 1988), and the only population of vulnerable yellow-shouldered Amazon parrot (Amazona 

barbadensis) outside of Venezuela (Williams 2009). Both the dry-forest and the yellow-shouldered 

Amazon are threatened by overgrazing, and may therefore be improved through control actions, altering 

prioritisation. Understanding spatial variation in impacts of control on alternative objectives (coral 

cover, ground cover, or parrot roosts), is important in siting conservation areas. 

 

We conduct prioritisation of donkey control actions for the island of Bonaire, considering options of 

full eradication, lethal population control and fencing of nature areas. Fertility reduction was not 

considered because the capacity for such is limited on the island.  

 

Prioritising actions to tackle degradation by introduced species requires prediction of environmental 

state both with and without action, to identify the added environmental value of proposed initiatives 

(Maron et al. 2013). I quantify impacts of invasive species reduction on dry-forest vegetation, and the 

impacts of vegetation on coral reef health for no action and three possible control scenarios.  Though 

estimating costs of invasive species control is fraught with difficultly (Martins et al. 2006, de Brooke 

et al. 2007, Donlan and Wilcox 2007), inclusion of even broad cost estimates have been shown to be 

valuable to prioritising conservation action (Boyd et al. 2015). Utilising published costs of previous 

eradications, and budgets for a current fencing project, I estimate economic costs of each invasive 

species’ control option. Because conservation action is limited by restricted funding (Bruner et al. 

2004), and persistence of conservation programs more likely where they are able to raise revenue 

directly (Whitelaw et al. 2014), I investigate preferences for reef health improvements by users 

(SCUBA divers), to estimate a potential funding mechanism. Addressing social concerns has been 
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recognised as of high importance for successful invasive species control actions (Guerrero et al. 2010, 

McLeod et al. 2015), and is of particular importance for conservation on inhabited islands, due to tight 

socioeconomic connections to natural resources, and increasing human pressures due to population 

growth and island tourism. I work with local experts to estimate social acceptability of invasive species 

control. Drawing these together I illustrate the necessary trade-offs in selecting invasive species control 

actions on islands worldwide, and make recommendations for moving forward with control on Bonaire. 

The theoretical framework of the chapter is illustrated in Figure 36. 

 

 

Figure 36 Map to indicate relationship between vegetation, coral reef, potential diver funding and 

controlling of grazing. 
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Methods 

Quantifying grazer impacts on vegetation health 

Through a review of the literature (Schofield 1989, Hamann 1993, Augustine and Mcnaughton 1998, 

Lowney et al. 2005, Romero-Duque et al. 2007, Aguirre-Munoz et al. 2008, Álvarez-Yépiz et al. 2008, 

Rojas-Sandoval et al. 2014, Dahlin et al. 2014) vegetation characteristics expected to impact reef health 

were identified as tree biomass and percentage vegetation ground cover. General linear models were 

used to estimate the relationship between these vegetation characteristics and grazer densities, with full 

models including the variables goat density, dry season donkey density, wet season donkey density, pig 

presence, land use designation, landscape type, soil type, and interaction effects between goat and 

donkey densities. Percentage ground cover decreased with increasing dry season donkey density 

(Equation 1 & Figure 37), and varied with landscape and soil type (Equation 1). Tree biomass index 

did not show variation with grazer or landscape characteristics and is therefore not reported here. For 

full explanation of methods and results see Chapter Two. 

 

Equation 1 

𝐺𝐶 = (exp(2.99 + (−1.77 × 𝐷) + (−1.26 × 𝐿𝑇) + (−0.45 × 𝑀𝑇) + (−0.95 × 𝑈𝐿)

+ (−0.47 × 𝐿𝑆) + (0.37 × 𝑅𝑆) + (1.25 × 𝑇𝑆))) − 1 

 

GC = Ground cover 

D = Dry season donkey index 

UT = Upper terrace landscape type 

LT = Lower terrace landscape type 

MT = Middle terrace landscape type 

UL = Undulating landscape 

CS = Clay soil 

LS = Loam soil  

RS = Rock soil  

TS = Terraced soil  
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Figure 37 Changes in ground cover with increasing dry season donkey density. Shown for sandy soil and 

higher terrace landscape type. 

 

Equation 1 was used to calculate predicted impacts on ground cover of each grazer control strategy. For 

all calculations landscape and soil types were included as percentage cover. To estimate impacts of 

fencing, estimates were first made of ground cover with median donkey densities, and with zero donkey 

density. Changes to ground cover with increasing levels of fencing were then calculated using the 

weighted mean of these estimates. Ground cover for donkey control and eradication was estimated from 

0 to 100% donkey removal. 

 

Sensitivity of models to errors associated with the estimates was tested through repeating the 

calculations using the upper and lower 95% confidence intervals for donkey density impact. 

Quantifying vegetation impacts on coral reef health 

Coral reef characteristics predicted to be affected by changes in sediment levels were identified as coral 

cover (at 5m and deeper than 10m), visibility and fish community (composite score of abundance, 

species richness, and diversity), following a review of the literature (Rogers 1990, Fabricius 2005, 

Uyarra et al. 2009, Schep et al. 2013, DeMartini et al. 2013, Pollock et al. 2014, Risk 2014, Rogers et 

al. 2014). The relationship between these reef characteristics and watershed variables were estimated 

using general linear models. The full models included the variables tree biomass index, vegetation 
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ground cover, shore accessibility, distance from urban area, watershed soil type, presence of salina (salt 

water lake with direct connection to the sea) on watershed, watershed slope, and the interaction between 

tree biomass index and vegetation ground cover. 

 

Coral cover below 10m depth was the only model to show a relationship to watershed characteristics. 

A positive relationship was found between coral cover and both tree biomass index and vegetation 

ground cover, with a larger impact seen where both measures were high (Equation 2 & Figure 38). 

Coral cover is predicted to be lower at shore accessible sites, likely due to increased diver contact with 

the reef where sites are accessed from shore, and increased with distance from urban areas, as these are 

associated with sewage input and urban run-off. Salina presence on the watershed was associated with 

increased cover, because salinas trap sediment (Equation 2). For full explanation of methods and results 

see Chapter Three. 

 

Equation 2 

𝐶𝑜𝑟𝑎𝑙 𝑐𝑜𝑣𝑒𝑟 = 3.16 + (−0.7 × 𝑊𝑇𝐵) + (0.0003 × 𝑊𝐺𝐶) + (−0.7 × 𝑆) + (0.0001 × 𝐷)

+ (1.34 × 𝑆𝑎) + (0.05 × 𝑊𝑇𝐵 × 𝑊𝐺𝐶) 

 

WTB = Tree biomass index on the watershed 

WGC = Percentage ground cover on the watershed (estimated using Equation 1) 

S = Shore accessible (0 = no, 1 = yes) 

D = Distance from town (m) 

Sa = Presence of salina (0 = absent, 1 = present) 
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Figure 38 Change in deep coral cover with ground cover showing how this relationship was dependent on 

tree biomass. Dashed – Median tree biomass, Solid – Min tree biomass. Dotted lines indicate upper and 

lower confidence intervals of ground cover impact. 

 

Equation 2 was used to estimate coral cover arising from grazer control options. For all calculations 

tree biomass and distance from urban areas was input as median values, and sites treated as shore 

accessible. Ground cover was entered using the estimates calculated by Equation 1 for each control 

option. 

 

Due to the unbounded nature of the model, estimates of coral cover arising from donkey control were 

estimated beyond the possible range for coral cover (below 0% or above 100%). Cover reported in 

figures has been restricted to between 0 and 100%, with levels of control beyond this expected to have 

no further impact on coral cover. 

 

Sensitivity of the model to errors associated with the estimates were tested through repeating the 

calculations using the upper and lower 95% confidence intervals of ground cover, and these are reported 

in figures as dotted lines. 

Economic costs and grazer control strategies 

Options for controlling grazing were identified through communication with local stakeholders 

(Bonaire Island Government, Echo, National Park Authority STINAPA), and consideration of the 
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models created in Chapters Two and Three. Control options likely to impact vegetation and reef health 

were identified as: 

1. Fencing of designated nature areas, 

2. Lethal control of feral donkey populations (reducing populations but not eliminating them), 

3. Eradication of feral donkey populations. 

 

Economic costs are estimated only for material and labour involved in conducting grazer control. 

Opportunity costs are not included as any restriction of use (e.g. fencing) is considered only for land 

designated as ‘nature area’, where further development or grazing is prohibited, therefore any 

opportunity costs are equal across all sites. The donkey population is feral, and therefore reducing or 

removing the population does not incur economic costs to individuals. Viewing donkeys is included in 

many island tours, but because this is not the single attraction for these tours, lost revenue is likely to 

be small and is also not considered. 

 

Costs could not be calculated for loss of grazing for free ranging goats associated with the establishment 

of fenced areas, because the total number of farmed goats free ranging, and their movements, are not 

known. While this is likely to be of concern, it is unlikely that the costs incurred from this would cause 

the costs of fencing to exceed that of donkey control. 

 

Costs for fencing were adapted from budgets for a fencing project begun by Echo on Bonaire in 2016, 

which will create 10ha of fenced areas. This included materials, labour, transport, and administration 

costs, accounting for increased funds needed to source materials to the relatively remote island of 

Bonaire. Labour and material costs were scaled up proportionally with the size of the project, whilst 

infrastructure and administration costs increased at 10% of proportional costs. An additional 10% was 

added to each budget following communication with Echo staff, to reflect underestimation of costs in 

initial budgets (S. Williams & L. Schmaltz). Costs were initially estimated for a single square exclusion 

area covering the equivalent area of nature designated land on Bonaire. This estimate was used to enable 

ease of comparison between this study and exclusion areas in other locations. Costs were also estimated 

for the necessary length of fencing for nature areas as they occur on Bonaire, accounting for irregular 

shapes of necessary fenced areas.  

 

Control and eradication costs were first estimated using costs reported in the literature. A search of Web 

of Science for eradication and ungulate or goat or donkey or pig returned 81 relevant papers, of which 

six reported costs (Martins et al. 2006, McCann and Garcelon 2008, Cruz et al. 2009, Massei et al. 2011, 

Melstrom 2014, Holmes et al. 2015). Costs for control on Bonaire were estimated using median cost 

per hectare, and repeated using the maximum and minimum reported costs, once unrealistic outliers 

were removed.  
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Following communication with industry experts (Chad Henson, Island Conservation), Bonaire specific 

costs were also calculated. Costs were estimated for a two year long program using only ground hunting 

(including corrals and dogs), and for a 14 month long program with the additional use of helicopter for 

two months. Costs of confirming eradication were estimated for 6, 12, and 24 month programs. Control 

costs were estimated as a proportion of the total eradication costs. Full cost estimates can be found in 

Appendix Two. 

 

Cost curves for improvements in coral cover were plotted using coral cover estimates from Equation 2. 

Funding grazer control strategies 

Choice experiments were used to estimate the maximum willingness of SCUBA divers to pay for 

terrestrial grazing control, where this would be expected to improve reef health. Divers valued 

improvements in coral cover, visibility, and fish abundance through an increase in annual user fee. 

Analysis using latent class modelling, which groups respondents into ‘classes’ with similar preferences, 

indicated a positive willingness to pay for reef health improvements for the majority of respondents. 

For full explanation of methods and results see Chapter Four. 

 

For each control strategy, willingness to pay was calculated for estimated improvements in coral cover 

when compared to estimated coral cover with median donkey densities (46%), and zero improvement 

in either visibility or fish abundance, because this was not predicted to improve with increased 

vegetation ground cover (Equation 2). The current fee of $25, already used to run the marine park, was 

subtracted from individual willingness to pay. To estimate funds raised across divers, individual mean 

maximum willingness to pay was multiplied by the number of dive tags sold annually (2015 estimate, 

89,460 (STINAPA Bonaire 2010, Statistics Netherlands 2015).  This does not allow for possible 

increases in diver numbers in the future that might arise due to improvements in coral cover due to the 

management measures, and may therefore be an underestimation of potential funds that could be raised. 

 

Willingness to pay was estimated using preferences of the majority of divers (latent class one, class 

share - 0.66, Table 28), and sensitivity to preferences illustrated through repeating estimates using the 

upper and lower 95% confidence intervals of preferences for coral cover. Individual willingness to pay 

was estimated through calculating the marginal utility value for each reef attribute (visibility, coral 

cover, and fish) and multiplying this by the expected change resulting from reductions in grazing 

pressure (Equation 3). Total funds raised over one year were plotted alongside costs of control 

strategies. Estimates were also repeated for divers with lower preferences for reef health (latent class 

two, class share - 0.20, Table 28). Remaining divers were not willing to pay for reef improvements 

(latent class three, class share - 0.16, Table 28). 
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Table 28 Results from latent class logit model on choice experiment data for SCUBA divers valuing coral 

reef attributes. Significant results in bold. 

 Class 1 Class 2 Class 3 

 Coef. SE Coef. SE Coef. SE 

Visibility 

 

0.023 0.003 0.021 0.005 0.032 0.034 

Coral cover 

 

0.021 0.002 0.018 0.004 0.040 0.028 

Reduced fish decline 0.027 0.005 0.002 0.009 -0.063 0.056 

Cost 

 

-0.007 0.003 -0.058 0.005 -0.141 0.081 

Status quo 

 

-3.04 0.5 -2.31 0.30 2.91 0.81 

Return within 5 years 1.5 1.7 - 

Class share 0.65 0.20 0.16 

 

 

Equation 3 

𝑊𝑇𝑃 = ((
𝛽𝑉𝑖𝑠

𝛽𝐶𝑜𝑠𝑡
)  × 𝛥𝑉𝑖𝑠) + ((

𝛽𝐶𝑜𝑟𝑎𝑙

𝛽𝐶𝑜𝑠𝑡
)  × 𝛥𝐶𝑜𝑟𝑎𝑙) + ((

𝛽𝐹𝑖𝑠ℎ

𝛽𝐶𝑜𝑠𝑡
)  × 𝛥𝐹𝑖𝑠ℎ) 

 

βVis = Visibility preference coefficient (Table 28) 

βCoral = Coral preference coefficient (Table 28) 

βFish = Fish preference coefficient (Table 28) 

βCost = Cost preference coefficient (Table 28) 

ΔVis = Change in visibility/m 

ΔCoral = Percentage change in coral cover 

ΔFish = Percentage change in fish abundance 

 

Social acceptability of control options 

Social acceptability of grazer control options were estimated through scores assigned by five experts 

working in invasive species control on Bonaire (Experts from Bonaire Ministry of Economic Affairs, 

Bonaire Department of Nature and the Environment, Echo, and myself). Experts scored each strategy, 
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and no grazer control, for their social acceptability to five local stakeholders (Conservation NGO, 

Government, Goat farmer, Pro-donkey group, and tour organisers), from 0 to 2: 

0 – This group has no opposition to this strategy, 

1 – This group has some opposition to this strategy which must be taken into account, but the 

project could feasibly commence within the next 6 months, 

2 – This group has large opposition to this strategy, which would prevent the project from 

beginning within the next 6 months. 

Scores for each strategy were taken as the mean of these scores. 

 

Spatial prioritisation of fencing 

Changes in ground cover were re-estimated from Equation 1 using individual watershed values, and 

used to estimate coral cover for individual dive sites using Equation 2. Watersheds were then ranked 

for fencing prioritisation based on improvements in coral cover divided by estimated cost of fence 

length. Costs per metre of fencing were considered equal for each location. Whilst some variation in 

costs is likely, because northern sites are more remote and have more challenging terrain, whilst central 

and southern sites experience heavier human traffic, the extent to which this will influence costs is not 

known, and differences are unlikely to be substantial considering the small size of Bonaire. 

 

Rankings were checked for sensitivity through repeating coral cover estimates using the upper and 

lower 95% confidence intervals of ground cover impacts. 

 

Control option trade offs 

Strategies were compared for improvements in coral cover and ground cover to compare ecological 

impacts, as well as for cost and social acceptability. 

 

To compare changes in fencing prioritisation for terrestrial conservation, or conservation of the yellow-

shouldered Amazon, ranking was repeated for ground cover values only, compared to no action, and 

for number of parrot roosts present in each area. Scores were combined to give an overall prioritisation. 

Results 

Quantifying grazer impacts on vegetation health 

Ground cover improved with each grazer control option when compared to no control (Figure 39). 

Improvements were higher for donkey control than fencing, with full donkey eradication predicted to 

improve ground cover to 18%, compared to 14% (lower estimate - 13%, upper estimate - 15%) for 

fencing. Current ground cover is estimated to be 4% (for full analysis of vegetation see Chapter Two). 
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Figure 39 Ground cover change with alternative grazer control measures. Left - Fencing of nature areas, 

Right - Removal of donkeys. Dashed lines show estimates using lower and upper bounds of donkey 

densities. 

 

Quantifying vegetation impacts on coral reef health 

Coral cover showed improvements with each grazer control option (Figure 40). Donkey control was 

estimated to have the largest impact, with coral cover at 100% compared to cover of 46% estimated for 

median donkey density, while fencing predicted increases in coral cover to 85%. Donkey control 

impacts exceeded the possible values for coral cover, therefore figures present only those impacts 

between 0 and 100%. 
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Figure 40 Changes in coral cover with alternative grazer control strategies. Left - Fencing, Right - 

Donkey control. Dashed lines show estimates using upper and lower estimates of ground cover.  

 

Economic costs of grazer control strategies 

Six papers detailing the costs of eleven eradications were identified, including seven goat eradications 

(Martins et al. 2006, Cruz et al. 2009, Holmes et al. 2015), three pig eradications (McCann and Garcelon 

2008, Massei et al. 2011, Melstrom 2014), and one cattle eradication (Martins et al. 2006). We 

considered only those studies concerned with ungulate eradications, and all eradications took place in 

forested areas. Ten of the eradications were on true islands (Martins et al. 2006, Cruz et al. 2009, Massei 

et al. 2011, Melstrom 2014, Holmes et al. 2015), with one study within a fenced area (McCann and 

Garcelon 2008). Eradication costs ranged from $10/ha USD2015 (Cruz et al. 2009) to $1,353/ha 

USD2015 (Holmes et al. 2015) (Table 29). For analysis the highest value was removed as an outlier, as 

this was five times the nest highest cost, and therefore deemed to be unrealistic. Cost estimates for 

Bonaire calculated from the median value ($104/ha), and the highest and lowest values ($10/ha to 

$242/ha). 

 

Using costs reported in the literature total eradication of donkeys was estimated at $30.1 million (lower 

estimate - $2.9 million, upper estimate - $71.1 million). For Bonaire specific estimates, costs ranged 

from $8.8 million for eradication including two months helicopter use and six months of monitoring, to 

$12.9 million for ground hunting only and 24 months of monitoring (Table 30). Costs of lethal 

reductions in population size increased at a decelerating rate (Figure 41). 
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Figure 41 Cost curve for increasing action to control donkey grazing, related to predicted improvements 

in coral cover. Left - Fencing of single square area (10 years), Right - Lethal population control (1 year). 

Red - Including aerial hunting, Blue - Ground hunting only. 
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Table 29 Cost of eradication of goats and pigs from islands. 

Species Methods Island 

size/ha 

Human 

population 

Individuals 

removed 

Cost/ha 

(USD2015) 

Study 

Goat Helicopter 

Dogs  

Judas goat 

Corrals 

Ground hunting 

 

58,465 No 79,000 $129 (Cruz et al. 

2009) 

Goat Helicopter 

Dogs  

Judas goat 

Corrals 

Ground hunting 

 

464,000 Yes 59,000 $10 (Cruz et al. 

2009) 

Goat Ground hunting 

Corrals 

 

520 No Unknown $1354 (Holmes et 

al. 2015) 

Goat Ground hunting 

Corrals 

 

500 No Unknown $91 (Holmes et 

al. 2015) 

Pig Trapping 

Ground hunting 

Dogs 

Judas pigs 

 

5,700 No 200 $120 (McCann 

and 

Garcelon 

2008) 

Pig Helicopter 25,000 No 5,036 $219 (Melstrom 

2014) 

Pig Ground hunting 

Trapping 

Judas pigs 

5,666 No Unknown $118 (Massei et 

al. 2011) 

Cattle Ground hunting 

(primary, others 

unknown) 

710 No Unknown $19 (Martins et 

al. 2006) 

Goat Unknown 3,230 No Unknown $13 (Martins et 

al. 2006) 

Goat Ground hunting 

(primary, others 

unknown) 

14,600 Yes Unknown $42 (Martins et 

al. 2006) 

Goat Ground hunting 

(primary, others 

unknown) 

2,938 No Unknown $242 (Martins et 

al. 2006) 

 

The perimeter to area ratio of the single square exclusion area meant that costs per area fenced increased 

at a decelerating rate, with fencing equivalent to that of the total area of land classified as ‘nature area’ 

estimated to cost $1,222,822 USD2015 (Figure 41). When measuring fencing to cover the true 

perimeter of nature areas on Bonaire this increased to $2,545,247 for nature areas on watersheds, and 

$2,739,419 for all watersheds. These estimates are larger than the estimates for a single area due to their 

irregular shape. 

 



Chapter 5 Prioritising conservation actions 

125 

 

Table 30 Estimated costs of donkey eradication on Bonaire for ground and aerial hunting, plus 6, 12, or 

24 month monitoring period following eradication. Costs are shown per unit, as defined in row heading 

(e.g. day, month, or per equipment piece), and multiplied by number required for each option. Time 

taken for ground hunting without monitoring is 24 months, and aerial hunting without monitoring 14 

months. This initial time is added to costs of 6, 12, or 24 month monitoring in each column. Costs in 

USD2015. 

  Cost 

per 

unit 

Ground hunting Helicopter 

  6 months 12 months 24 months 6 months 12 months 24 months 

Professional 

hunter /day 320 4454400 4915200 5836800 3686400 4147200 5068800 

Local hunter 

/day 160 1113600 1228800 1459200 921600 1036800 1267200 

Housing 

/hunter 

/month 800 950400 1056000 1267200 598400 704000 915200 

Ammunition 1500 1500 1500 1500 1500 1500 1500 

GPS collar 3000 90000 90000 90000 90000 90000 90000 

Fitting GPS 

collar 1000 30000 30000 30000 30000 30000 30000 

Corral 2250 2250 2250 2250 2250 2250 2250 

Firearms /unit 2000 72000 72000 72000 72000 72000 72000 

Permit /firearm 2000 72000 72000 72000 72000 72000 72000 

Dog and 

handler /day 400 1856000 2048000 2432000 1536000 1728000 2112000 

Management 

/day 480 307200 364800 480000 259200 316800 432000 

Transport /km 0.3 5760 6840 9000 4860 5940 8100 

Vehicle 1500 3000 3000 3000 3000 3000 3000 

Camera Traps 700 35000 35000 35000 35000 35000 35000 

Helicopter 

/hour 2000 0 0 0 640000 640000 640000 

Pilot /day 600 0 0 0 24000 24000 24000 

Admin   899311 992539 1178995 797621 890849 1077305 

TOTAL   9892421 10917929 12968945 8773831 9799339 11850355 
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Funding grazer control strategies 

The mean maximum willingness to pay for class one (latent class share - 0.66, Table 28) for coral reef 

cover arising from fencing (85% coral cover), when compared to predicted cover with median donkey 

density (46% coral cover), was estimated at $82.76/individual/year (lower bound - 

$57.11/individual/year, upper bound - $103.29/individual/year). Mean maximum willingness to pay for 

donkey removal (for a predicted improvement to 100% coral cover), was estimated at 

$124.21/individual/year (lower bound - $95.79/individual/year, upper bound - 

$152.00/individual/year). Willingness to pay is reported minus $25 fee already charged for maintaining 

the marine park. 

 

With an estimated 89,460 dive tags sold in 2015, total fees raised across all divers was estimated at 

$7,403,709.60 ($5,109,060,60 - $9,240,323,40). Funds raised for donkey control across divers was 

estimated at $11,111,826,60 ($8,569,373 - $13,597,920). Funds raised through diver fee exceed costs 

of fencing and eradication mean and lower estimates (Figure 42). 

 

 

Figure 42 Estimated income from a user fee on divers for increasing levels of coral cover (line), related to 

costs of alternative conservation measures, and their predicted impacts on coral cover (points). Solid lines 

shows mean willingness to pay, whilst dotted lines show higher and lower confidence intervals of the coral 

coefficient. Circle = fencing, square = donkey eradication. Filled symbols represent mean cost estimates, 

with empty symbols representing upper (ground hunting and 24 months’ monitoring) and lower cost 

(helicopter and ground hunting, and six months’ monitoring) estimates. 
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Class two (class share - 0.20, Table 28) were not willing to pay above $25 for coral cover improvements 

achieved through grazer control. 

Social acceptability of control options 

Fencing of nature areas was found to be most socially acceptable, with a mean score of 0.52 (0= fully 

acceptable, 2=unacceptable), while donkey control had a score of 0.95 (Figure 43). All options, 

including no action, received a score of 2 for at least one stakeholder from at least one expert. 

 

 

Figure 43. Social acceptability of control measures. 0= Fully accepted, 1=Partly accepted, 2=Not accepted 

Spatial prioritisation of fencing 

Coral cover was estimated to show largest improvements for grazer control measures targeted at central 

watersheds, followed by the northernmost sites. Least improvement was seen in the watershed 

containing the town of Kralendijk, and the south (Table 31, Figure 44). Ranking of watersheds was 

consistent across lower and upper estimates of coral cover, and reflects robustness of estimates to 

impacts of ground cover on coral cover. 
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Table 31 Percentage improvements (x10-6) per dollar spent expected in ground cover and coral cover, 

with fencing by watershed, that was used to determine ranking of fencing priorities. Lower and upper 

bounds are calculated using lower and upper impacts of grazer density on ground cover and ground 

cover on coral cover. Areas labelled from north to south (a to s) watersheds, with m= central, n= north 

(not watershed). 

A
re

a 

Ground cover 

increase  

(lower bound) 

Ground cover 

increase 

(median) 

Ground cover 

increase 

 (upper bound) 

Coral increase 

(lower bound) 

Coral increase 

(median) 

Coral increase 

(upper bound) 

Parrot 

roosts 

a 1 1 0 19 0 0 1 

b 4 3 2 13 1 1 1 

c 15 11 8 21 4 4 1 

d 93 71 46 33 16 18 1 

e 89 68 44 36 18 19 0 

f 63 48 31 56 40 42 0 

g 57 45 30 68 52 52 0 

h 11 10 8 22 10 11 2 

i 1 1 1 44 2 2 0 

s 0 0 0 8 0 1 0 

m 50 41 28 na na na 1 

n 2 1 1 na na na 5 
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Figure 44 Priority ranking for fenced areas. Prioritisation based on: Top Left - Coral values only, Top 

Right - Terrestrial values only, Bottom Left - Parrot roost locations only. 

Control option trade offs 

Donkey eradication had the highest impact on coral and ground cover, the highest costs, and lowest 

social acceptability. Though fencing had lower costs and higher social acceptability, it had lower impact 

on coral and ground cover. 
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Where alternative conservation priorities were considered, changes were observed in prioritisation of 

fencing locations. Prioritising for ground cover improvements only continues to place highest priority 

on the central area of the east coast. The centre of the island was given second priority, followed by the 

north. The south remained of least priority. Where only parrot roost locations were considered however, 

highest priority was given to the north, followed by central areas. The south remained of least priority. 

When prioritising for combined coral, ground, and parrot improvements the central coast was again of 

top priority, followed by the north and central areas, with the south of least priority (Table 31, Figure 

44). 

Discussion 

Fencing and lethal donkey control increased vegetation ground cover, and consequently coral cover, 

above that predicted for no action, with full eradication of donkeys showing the largest ecological 

improvements. Predictions for impacts on ground cover and coral cover were robust to changes in the 

magnitude of impacts of donkey density and ground cover respectively. Though full eradication of 

donkeys had highest ecological benefits, population control did not exceed benefits associated with 

fencing until 91% of the donkey population was removed. Costs of fencing were estimated to be one 

fifth of the costs of eradication, though fencing lifetime is estimated to be ten years, as opposed to 

permanent control through eradication. Costs for population control of over 91% of the population 

(required to exceed benefits of fencing) were estimated at five times the cost of fencing, and required 

annually. Fencing had highest social acceptability, exceeding even that of no action. 

 

Reporting of economic costs of lethal control programs within the literature is scarce, with only six 

studies identified, reporting the costs of eleven eradications (Martins et al. 2006, McCann and Garcelon 

2008, Cruz et al. 2009, Massei et al. 2011, Melstrom 2014, Holmes et al. 2015), and no studies reporting 

costs of continual control. The rarity of reporting costs is to be expected, because rarely do those 

carrying out control also publish papers, and high profile journals will rarely publish case studies. 

However, this reduces the ability of environmental managers to accurately assess alternative 

management options (Martins et al. 2006, Cruz et al. 2009). Further challenges arise in using the data, 

due to data on time scales, habitat types, or number of individuals removed being absent from reports. 

Across the studies identified, costs per hectare ranged from $10/ha (Cruz et al. 2009) for goat removal, 

predominantly by helicopter, from Isabela island, Galapagos, to $1,354/ha (Holmes et al. 2015) in the 

case of goat eradication by ground hunting and corrals on Navassa island, USA. In this analysis we 

removed the highest costs as an outlier, with the highest costs considered $242/ha for goat removal 

from Raoul Island, New Zealand (Martins et al. 2006). Previous work by Martins et al. (2006) identified 

island area and taxon group as significant in determining costs of eradications. For this reason only 

costs of eradicating ungulates have been included in this study. Median island area of the eradications 

used in analysis was 5,683ha (range 500ha to 464,000ha), compared to 29,400ha of Bonaire. As larger 
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islands are predicted to have lower per hectare costs (Martins et al. 2006), it is possible that true costs 

for eradication on Bonaire are lower than those estimated here. However data used here shows no 

correlation between size and per hectare cost (Pearson’s correlation -0.35, t= -1.1, p=0.31, n=10). Costs 

reported in this chapter are further limited through eradication costs being available for only goat, cattle 

and pig populations. When estimating across the range of costs/ha, costs of full donkey eradication 

range from $2,940,000 to $71,148,000, with the lowest estimate within one year of funding by SCUBA 

diver user fee, and the upper bound with five years of funding. This range indicates the importance of 

cost estimates tailored to the island in question, but serves a purpose in identifying the range of values 

under consideration. 

 

Through working with experts in island eradications (Chad Henson, Island Conservation) I was able to 

further refine this cost range, to estimate costs from $8,773,831 to $12,968,945 for full donkey 

eradication, approximately one third of the estimated costs from the literature, and covered within one 

year of SCUBA diver funding. Whilst there is still a level of uncertainty associated with this second 

estimate, due to unforeseen costs arising from challenges in conducting the eradication program, and 

not accounting for costs of social campaign, this estimate is a more realistic cost for Bonaire itself. For 

policy makers and practitioners sharing of the full breakdown of costs for island eradications, and 

conservation actions in general, would increase ability to estimate these more location-specific costs.  

 

Donkey population control, though cheaper in start-up costs than complete eradication, quickly exceeds 

this in total costs, due to the need to maintain control on the population indefinitely. Fencing costs, 

which were estimated from existing budgets, were lower than complete eradication or population 

control, and full fencing outperformed donkey control until 91% of the population had been removed. 

 

It was not possible to consider costs of fertility control due to a lack of reported costs, however, as these 

interventions require highly skilled personnel and specialised equipment, and require continual control, 

it is unlikely that costs are lower than lethal control. Whilst it is necessary to exercise a degree of caution 

when using estimated costs of control options, comparing costs in this way enables comparison of the 

scale of cost variation between options, and can therefore be used to identify options which are 

reasonable possibilities, for which more detailed costings can be conducted. 

 

Willingness to pay for reef health improvements predicted to arise from grazer control was estimated 

to cover the costs of fencing and eradication within one year. Though the majority of divers were willing 

to pay above the current $25 fee for reef protection through terrestrial grazer control, this was not the 

case for all divers. With both classes two and three, which represents the preferences of 34% of 

respondents, not willing to pay for improvements to coral cover as seen through grazer control, setting 

fees considering only those divers with preferences similar to those in class one, risks pushing remaining 
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divers to alternative locations. Whilst reducing the number of divers visiting Bonaire may be 

permissible to ensure reef health is maintained over the long term, impacts of this on the economy of 

the island, which relies heavily on tourism, must be accounted for. One option for accounting for 

variation in willingness to pay would be to introduce varied fees per dive site, depending on coral cover. 

However, as much of Bonaire’s diving is accessible from shore, and therefore can be accessed at many 

points along the coast, this would greatly increase the costs of administering and policing the fee. 

Collecting the fee is currently handled by dive shops when renting gear or filling tanks, and therefore 

site specific fees would likely result in an actual decrease in available funding. Latent class analysis 

indicates that those divers whose preferences are described best by class one are most likely to return 

within the next five years, therefore increasing user fees is predicted to have limited impact on repeat 

visitors. This analysis has also not accounted for increases in new visitors in response to improving 

coral cover, which may offset those not willing to pay the increased fee. 

 

Grazer control options varied in social acceptability, with fencing being more socially acceptable than 

donkey control. This difference is to be expected, because opposition to reducing the donkey population 

is well documented on Bonaire (Citizens for a better safer animal friendly Bonaire 2014), and elsewhere 

(Morrison et al. 2011). Due to the potentially sensitive nature of control of grazing species on Bonaire, 

and a history of antagonism between conservation organisations, government, and animal rights groups, 

it was not possible to run a general public survey to understand social acceptability of each strategy 

during the study period. However, the results from the expert survey suggest that a full survey, and 

engagement with local people, would be of high importance prior to implementing most control options. 

In particular, experts recognised that the pro-donkey group would have high objections to any form of 

control, including fencing. As this group has already been successful in halting a donkey sterilisation 

program (Citizens for a better safer animal friendly Bonaire 2014), addressing concerns of this group is 

of high importance prior to conducting control programs. 

 

The higher social acceptability and lower costs of fencing, despite consequent lower levels of ecological 

improvement, indicate that fencing of nature areas presents the best option for coral reef restoration 

through grazer control on Bonaire in the immediate future. However, it is important to note that fencing 

is expected to have a life of only ten years, compared to indefinite length of control for donkey 

eradication. Within 30 to 50 years, therefore, eradication becomes the most cost-effective option. 

Currently social concerns preclude eradication as an option on Bonaire, and therefore fencing presents 

a viable alternative option in the short-term. Long-term gains in conservation will be seen through 

targeted campaigns to build support for eradication programs, which can be implemented before the 

end of the lifetime of fenced areas. 
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To best manage fencing, it is valuable to understand spatial variation in the impacts of this measure. 

The largest improvements in coral cover per km of fencing installed were observed for fencing the 

central east coast area, an area also associated with the largest number of dive sites, and therefore with 

the largest potential for improving conditions for recreational SCUBA divers. Situated just north of 

Kralendijk, and relatively flat, this area is easily accessible to donkeys, particularly as the town of 

Kralendijk is an important source of water during the dry season. Contrastingly the south of the island 

had the lowest potential for improvements to coral cover, due to the low numbers of grazers in this area, 

and high number of salt pans. Fencing the central east coast watersheds first will therefore enable 

maximum return on investment for the coral reef. 

 

In this chapter I have considered only those terrestrial management strategies which are expected to 

impact coral cover, because the source of funding for conservation actions in this case is directly linked 

to coral reef users, divers expressed their willingness to pay for improvements in dive experiences 

related to coral cover. However, this method of prioritisation does not full agree with previous studies, 

(Pittman and Armitage 2016, Reuter et al. 2016) which suggest that further conservation would be 

observed when considering terrestrial values, such as health of the dry-forest, or population levels of 

the vulnerable yellow-shouldered Amazon. Prioritising fencing for ground cover, parrot roosts, or 

combined scores, alters the order in which areas should be fenced. These differences in prioritisation 

indicate the importance of ensuring specific conservation objectives are explicitly identified, therefore 

enabling effective prioritisation to achieve these goals.  

 

Similarly both the dry-forest and yellow-shouldered Amazons exist outside of the island’s nature areas. 

Therefore they may experience larger benefits overall from donkey eradication or control than is 

revealed here, due to impacts being felt across the island. Though social concerns prevent eradication 

on Bonaire at this time, and may do so on other inhabited islands, or where the species to be controlled 

is perceived as valuable, these social concerns are not present in all locations. Where social issues are 

not a concern it may therefore be more advantageous to eradicate donkey populations, leading to larger 

recovery of coral reef cover. Additionally, in this study we have considered only funding available 

through a fee on SCUBA divers, where in reality additional funding through island or national 

government, or international grant schemes, may increase available resources, thus making donkey 

control a viable option. 

 

Prioritisation of conservation actions is vital in achieving conservation goals, but becomes increasingly 

complex for island ecosystems. Previous studies have highlighted that ecological outcomes of 

conservation can be improved through considering impacts across ecosystem boundaries (Maina et al. 

2013, Klein et al. 2014, Mateos-Molina et al. 2015), accounting for economic costs (Boyd et al. 2015), 

considering social concerns (Guerrero et al. 2010, McLeod et al. 2015), and become self-financing 
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(Whitelaw et al. 2014). Here I have illustrated how the additional challenges associated with island 

conservation can be tackled through drawing together these analyses. While ecological outcomes are 

central to environmental conservation, the option with the highest potential for ecological success is 

only optimum as long as it is cost effective, socially acceptable, and connected to funding. Where 

islands are able to incorporate all considerations into prioritisation, increases in conservation 

efficiencies would be expected. 

 

Conclusions and policy implications 

Multiple options exist for controlling introduced grazing species, with varied impacts on terrestrial and 

marine ecosystems. Here I have considered the most common approaches of fencing and lethal control. 

I find variation in ecological impacts and economic costs, as well as in the social acceptability of 

proposed options. Though eradications present the highest ecological gains, social and economic costs 

make fencing a more viable option for Bonaire. Through making explicit the link between terrestrial 

ecosystem restoration and coral reef health, I also identify the possibility of funding terrestrial 

conservation through an increase in fees paid by coral reef users, a valuable source of increasing 

conservation funding. 

 

Understanding the link between terrestrial and marine ecosystems is particularly valuable for island 

ecosystems, and this chapter highlights the importance of identifying trade-offs in ecological and 

economic costs and benefits to select management options. Though the social aspect of this study is 

limited in scope, the potential for conflict of interests identified by experts in grazer control on Bonaire 

makes clear the importance of addressing social concerns in environmental conservation, and for 

Bonaire to move forward in tackling the problem of invasive species. 
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Chapter 6 Discussion 

Funding limits conservation actions worldwide (Bruner et al. 2004, Cleary 2006, Halpern et al. 

2006, Armsworth 2014). I have conducted cost-effectiveness analysis for environmental 

conservation options (fencing of nature areas, maintaining reduced population numbers, complete 

eradication) to control invasive grazing species on Bonaire, Caribbean Netherland. I found 

Bonaire’s dry-forest vegetation ground cover to have a negative relationship to grazing pressure, 

and ground cover to have a positive relationship to coral cover. Through this I predicted positive 

impacts on both ground cover and coral cover through control of invasive grazing species on 

Bonaire. In the short term I found fencing to have the highest cost-benefit ratio of the options 

considered, and to be most socially acceptable. The research presented is directly applicable to 

environmental policy makers on Bonaire, and has wider policy relevance to environmental 

conservation conducted across ecosystem boundaries (e.g. from the terrestrial to the marine). 

Further ecological understanding would be gained through more in depth study of ecosystem 

relationships, to study direct links (e.g. ground cover to sediment run-off), rather than 

relationships between broad ecosystem characteristics. Cost-effectiveness analysis between 

potential conservation actions could be improved through further study of social acceptability of 

actions, and sharing of economic costs of actions between organisations. Though fencing provides 

the best short term solution for control of invasive species on Bonaire, eradication is likely the 

most cost-effective over the long term. It is therefore in the interests of policy makers and 

practitioners on Bonaire to address social concerns associated with eradication, and to monitor 

ecological changes within fenced areas to better estimate ecological impacts of eradications. 

 

Limited funding availability, and poor consideration of cost to benefit ratio of alternative 

conservation actions, severely restricts environmental conservation (Bruner et al. 2004, Cleary 

2006, Halpern et al. 2006, Armsworth 2014). Prioritising funding to achieve the highest benefit 

to cost ratio, across both locations and actions, is therefore central to ensuring that environmental 

goals are met (Halpern et al. 2006, Marris 2007, Murdoch et al. 2007, Bottrill et al. 2008, 

Freudenberger et al. 2013). Despite traditional focus on ecological outputs, prioritisation of 

funding for environmental conservation is greatly improved where economic costs and social 

acceptability are also taken into account (Sharp et al. 2011, Estévez et al. 2014, Tassin and Kull 

2015). While improved prioritisation can go some way to addressing the shortfall in conservation 

funding, identifying and utilising alternative funding sources is also necessary to increase absolute 

availability of finding. Where conservation actions can be matched to identified funding sources, 

such as a direct user fee rather than central Government funding, probability of success over the 

long term is increased (Depondt and Green 2006, Whitelaw et al. 2014). 
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Global scale ecosystem prioritisation, based on species endemism and level of threat, but not 

incorporating economic costs, recognises island ecosystems as of high priority for conservation 

(Myers 1988, Myers et al. 2000). However islands also present unique challenges, with strong 

inter-ecosystem links, growing population density, and tight social connection to natural 

resources. Of the threats to island ecosystems, invasive species are well recognised as one of the 

most damaging (Martins et al. 2006, Dawson et al. 2015). 

 

In this thesis I have used the island of Bonaire, Caribbean Netherlands, to evaluate alternative 

options for invasive grazing species control, and prioritise options according to expected 

ecological outputs, economic costs, and social acceptability. I have conducted ecological studies 

to model the relationships between terrestrial grazing and ecosystem health in both the terrestrial 

and marine realm, and paired this with economic assessment of user preferences to match 

potential improvements to an alternative funding source. Though my consideration of economic 

costs and social acceptability was limited, I have identified broad differences between control 

options, and recognised the need to address social concerns in particular within Bonaire. Finally 

I have drawn these analyses together to suggest fencing of nature areas as the most appropriate 

method of invasive grazing species control on Bonaire in the immediate future. 
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Results summary 

 

Figure 45. Overview of thesis results and relation to each other. Blue - Chapter 2, Yellow - Chapter 

3, Green- Chapter 4, Red - Chapter 5. 
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Policy implications and further study 

Drawing together ecological (Chapters 2&3), economic (Chapters 4&5), and social (Chapter 5) 

aspects of environmental conservation I have illustrated prioritisation of conservation actions to 

control invasive grazing species on Bonaire. I considered control actions of fencing of nature 

areas, maintaining reduced population size and complete eradication of populations. This feeds 

directly into Bonaire’s environmental policy, which recognises invasive grazing species as a key 

threat to be addressed (Ministry of Economic Affairs 2013). On a wider scale I illustrated the 

potential to incorporate cost-effectiveness analyses across ecosystem boundaries, such as between 

marine and terrestrial ecosystems. This is of particular value to environmental policy on islands, 

where the connection between the terrestrial and marine ecosystems is particularly stark. In 

focusing on a degraded ecosystem, Bonaire’s dry-forest, the research I have presented is of 

particular value to policy makers and practitioners working in human modified landscapes, where 

the tendency of studies to focus of pristine environments has been recently recognised as a barrier 

to application of research by environmental managers (Cadotte et al. 2017). 

 

I measured the current baseline ecosystem state of the dry-forest (Chapter 2) and coral reef 

(Chapter 3), enabling the identification of quantitative, measureable conservation goals. This 

explicit identification of goals enables policy makers and practitioners to target actions to achieve 

these goals, and to evaluate success (Maron et al. 2013, Boyd et al. 2015). Building on this 

baseline ecosystem data I modelled the impacts of invasive grazing species on Bonaire’s dry-

forest (Chapter 2), and further impacts to the coral reef (Chapter 3). The modelling of ecosystem 

relationships enables policy makers to predict the outcomes of proposed actions, and therefore 

select those with the most favourable outcomes to consider further (Maron et al. 2013). By 

estimating SCUBA divers willingness to pay for environmental conservation (Chapter 4) I 

identified an additional source of funding for Bonaire, and illustrated the potential for user fees 

to be applied across ecosystem boundaries.  Connecting actions to funding opportunities improves 

the potential for planning to become action, and action to be sustained (Bruner et al. 2004, 

Whitelaw et al. 2014). Through considering economic costs and benefits (Chapter 5), alongside 

ecological impacts, I enable Bonaire’s policy makers to increase the cost effectiveness of 

environmental conservation actions (Murdoch et al. 2007, Bottrill et al. 2008, Freudenberger et 

al. 2013). Finally, through recognising social concerns (Chapter 5) the risk of failure of 

conservation actions to achieve stated goals as a result of public opposition can be reduced 

(Linklater et al. 2002, Lodge and Shrader-Frechette 2003, Sharp et al. 2011, Estévez et al. 2014, 

Moon et al. 2015). 
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Understanding the ecosystem baseline (Chapters 2 & 3) 

Policy relevance 

Recognising the current ecosystem baselines enables quantitative, measureable, conservation 

goals to be identified, and evaluated for success (Maron et al. 2013, Bull et al. 2015). Where 

baseline ecosystem characteristics can be spatially mapped, actions can be targeted to account for 

spatial variation within ecosystems. Ecosystem maps of Bonaire can be used directly by policy 

makers and conservation practitioners to spatially target actions for restoration (Naidoo et al. 

2008, Cayuela et al. 2009), while invasive species density maps will inform planning of control 

actions (Ruffell et al. 2015, Tulloch et al. 2015). 

 

Identifying the current state of the ecosystem is the first step in setting conservation goals, and 

designing appropriate actions. Without accounting for the current ecosystem state, including 

spatial variations, design of conservation actions may be inefficient at best, and ineffective at 

worst. In the absence of this data, conservation actions cannot be evaluated for effectiveness, and 

success metrics tend to represent proximate goals, such as number of invasive individuals 

removed, rather than ultimate goals of ecosystem improvement (Maron et al. 2013, Bull et al. 

2015, Evans et al. 2015). 

 

Vegetation maps are of direct use for policy makers and practitioners on Bonaire. Of particular 

relevance is the differences in spatial patterns for tree characteristics and ground cover (grass and 

herb) characteristics. Because these aspects of the dry-forest vary independently of each other, 

explicit identification of goals for dry-forest restoration (e.g. increased ground cover for soil 

retention versus increased tree abundance for parrot nesting) is an important consideration, as this 

may alter the most appropriate location for conservation action to be sited. 

 

Tree characteristics (abundance, species diversity, and size) are recorded as being highest in the 

north of Bonaire, an area which receives comparatively higher rainfall than the south (Freitas et 

al. 2005). Where restoration goals are aiming to create areas of high tree abundance, species 

richness, or size, these maps will therefore assist policy makers and practitioners in identifying 

sites where this may most easily be achieved. However, a degree of caution must also be applied 

when siting conservation actions based solely on existing ecosystem maps, as other factors, such 

as current environmental protection, may also influence vegetation patterns, and therefore 

restoration potential. Areas identified as good for tree characteristics on Bonaire are all sited 

within the Washington-Slagbaai National Park, a location with comparatively higher 

environmental protection than the rest of the island. Policy makers should therefore include this 

local context alongside ecological maps in decision making. On Bonaire, for example, though tree 
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abundance, species richness, or size may be increased in an absolute sense through restoration 

within the National Park, gains relative to the current state of the ecosystem may be larger in 

southern areas, which are not currently afforded any measure of protection. 

 

While vegetation maps enable policy makers to identify variation in existing levels of degradation 

when planning conservation actions, density maps of invasive species illustrate spatial variation 

in degradation pressure (Ruffell and Didham 2017). On Bonaire goat and donkey density maps 

enable recognition of areas under high grazing pressure, where conservation actions may be most 

effectively sited (Ruffell et al. 2015). Success rates of hunting for goats and donkeys, for either 

population control or eradication, will be higher where high densities have been recognised, and 

for donkeys would be improved through focusing on hunting during the wet season, when 

population densities become locally high.  

Further study 

Collection of current baseline ecosystem data presents the option to follow changes in ecosystem 

characteristics over time, and following degradation or restoration activities (Maron et al. 2013). 

This enables policy and action to be adapted to changing ecosystem states, as well as further 

understanding of the long-term impacts of control actions. Because climate change is altering 

weather patterns worldwide, long term monitoring would enable impacts of climate change on 

invasive species, and restoration efforts, to be better understood (Simberloff 2000, Dale et al. 

2001, Hagerman et al. 2010). However across many studies, including Bonaire, the need to enable 

long-term monitoring restricts the ecosystem attributes which are measured (Shwiff et al. 2013). 

More in depth understanding of the limitations to restoration, and changes in ecosystems 

throughout restoration, may therefore be gained in mapping and monitoring of additional 

attributes (Maron et al. 2013, Shwiff et al. 2013), such as mycorrhizal fungi. 

 

The methods I have employed within this thesis to measure grazer densities and assess vegetation 

require little training, and no specialist equipment. This was a conscious decision to enable long-

term monitoring of ecosystem health to be conducted on Bonaire beyond the length of this PhD 

project. Moving forward, it is anticipated that, through Echo and other island NGOs, including 

the Dutch Caribbean Nature Alliance, this data will provide the baseline to monitor impacts of 

development and restoration efforts on the island. 

 

Density maps of invasive grazers within this study were limited due to being created at the end of 

a four years of low rainfall on Bonaire. As such they likely do not represent the full variation over 

time in grazer density patterns on the island. Long term studies into grazer density would benefit 

management of grazing on Bonaire directly, to further refine invasive grazer control options to 
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adapt to fluctuating rainfall. Though inconsistent rainfall is not unusual on Bonaire, climate 

change is leading to changing weather patterns worldwide. This has direct impacts on ecosystem 

characteristics, and alters the behaviours and impacts of introduced species (Dale et al. 2001, 

Walther et al. 2002). Long term studies of the responses of Bonaire’s invasive grazing populations 

to fluctuating rainfall may therefore provide insight into expected changes to invasive species 

population dynamics in locations experiencing changing climate (Simberloff 2000, Dale et al. 

2001, Hagerman et al. 2010). 

 

To maintain simplicity in monitoring and promote continuation of the program, it was necessary 

to monitor only easily identifiable ecosystem attributes within this thesis. However further 

understanding of spatial variation in attributes relevant to restoration may be achieved through an 

in depth study of the state of Bonaire’s dry-forest ecosystem (Maron et al. 2013, Shwiff et al. 

2013). In recent years soil mycorrhizal fungi has been recognised as of high importance to forest 

restoration due to its role in nutrient uptake in plants  (Carpenter et al. 2001). This is of particular 

importance to restoration locations such as Bonaire, with highly degraded ecosystems, from 

which soil nutrients are likely to have been lost. The isolation of islands also restricts the potential 

for natural recolonisation of lost fungi, and studies in locations such as Bonaire may enable 

assessment of the value of supplementing fungi populations in such cases.  Recent studies have 

indicated that livestock grazed soils show declines in soil fungi (Soka and Ritchie 2016, Trejo et 

al. 2016), and restoration areas continue to have poor fungal communities even following 

improvements in surface vegetation (Carpenter et al. 2001, Fajardo et al. 2015, Bachelot et al. 

2016). Studies in tropical locations, however, remain comparatively few (Bachelot et al. 2016, 

Soka and Ritchie 2016). Monitoring of soil mycorrhizal fungi prior to and throughout restoration 

on Bonaire may therefore improve understanding of the role of fungi in restoration in similar 

locations. 

Modelling ecosystem relationships (Chapters 2 & 3) 

Policy relevance 

The relationships between ecosystem characteristics determine the direct and indirect impacts of 

both environmental degradation and restoration. Modelling of these links is therefore valuable to 

policy makers to predict impacts of policy decisions (Maron et al. 2013). Given the growing 

human pressures placed on ecosystems, understanding these links within highly degraded 

systems, such as is the case on Bonaire, is particularly valuable for managers outside of ‘pristine’ 

environments (Cadotte et al. 2017). Through modelling relationships across ecosystem 

boundaries, policy makers and practitioners can further understand the impacts of ecosystem 
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changes across these boundaries (Stoms et al. 2005, Álvarez-Romero et al. 2011, Adams et al. 

2014a, Klein et al. 2014).  

 

Human pressure is now found to reach even the most remote ecosystems (Halpern et al. 2008, 

McGowan 2016, Venter et al. 2016), and the majority of environmental managers contend with 

some form of human mediated degradation within their landscape (Halpern et al. 2008, McGowan 

2016, Venter et al. 2016, Cadotte et al. 2017). Studies of impacts of ecosystem change, however, 

have been found to be biased towards the more pristine ecosystems, and a recent editorial in the 

Journal of Applied Ecology highlighted this as a barrier to the use of published studies to inform 

policy (Cadotte et al. 2017). In this thesis I have addressed this gap, to model relationships 

between invasive grazing species, vegetation, and coral reefs, in the highly degraded landscape 

of Bonaire’s dry-forest. The patterns, and potential solutions, identified here are therefore more 

easily applied to environmental management in similarly impacted environments. 

 

While modelling of ecosystem relationships is most typically confined to a single ecosystem, 

further gains to conservation policy and planning can be recognised in the modelling of these 

relationships across ecosystem boundaries (Stoms et al. 2005, Álvarez-Romero et al. 2011, 

Adams et al. 2014a, Klein et al. 2014, Pittman and Armitage 2016, Reuter et al. 2016). Despite 

the compartmentalisation of conservation management and funding by ecosystem, the impacts of 

both degradation and restoration are not confined by these same boundaries (Fabricius 2005, 

Klein et al. 2012, Maina et al. 2013, Jones et al. 2015). Where it is possible to model the impacts 

of actions across ecosystem boundaries, the potential for improving conservation outcomes, or 

reducing damage of development, is increased (Álvarez-Romero et al. 2011, Alvarez-Romero et 

al. 2015, Reuter et al. 2016). This is of particular value to island ecosystems, where the land-sea 

boundary dominates both ecosystems. 

 

The models estimated within this thesis have direct applicability to future environmental 

management on Bonaire. Policy makers and practitioners are able to utilise models directly to 

estimate impacts of invasive grazer control options across both the dry-forest and coral reef 

ecosystems. Because models estimated a relationship between grazing and ground or grass cover, 

but not to tree population characteristics, these models are valuable for directing control actions 

to best achieve specified conservation aims. For example, where increases in tree species richness 

is the intended conservation aim, such as may be the case for conservation of the yellow-

shouldered Amazon, the models indicate that improvements would only be expected through 

complete removal of grazing pressure, through fencing or eradication. Alternatively where 

conservation actions are intended to increase coral cover, achieved through increasing watershed 
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ground cover, reductions in donkey population density could also be expected to have a positive 

impact.  

 

It is important to note in utilising these models that they are concerned only with broad ecosystem 

changes, which are also impacted by many additional factors. Though efforts were made to 

incorporate these additional factors into the model (e.g. soil type, landscape type), the scale and 

complexity of considering such broad changes means that many remain unidentified. As a result 

the models presented are associated with relatively large errors, resulting from the ‘noisy’ system 

which they describe. Policy makers must therefore take account of these errors, not only the model 

means, when using models to estimate impacts of invasive grazer control actions, and recognise 

that other, as yet, unidentified variables are likely to be important. 

 

Bonaire’s economy is tied to dive tourism, and as such the economic value of the coral reef is 

readily recognised, and there are a large number of well-established reef conservation efforts (e.g. 

lionfish hunting, fishing line clean ups, restrictions on fishing, and cultivation of corals). Through 

explicitly linking terrestrial vegetation characteristics to the coral reef, policy makers and 

practitioners on Bonaire will be able to use these models to incorporate potential reef damage into 

decisions regarding terrestrial land use change. The explicit link of terrestrial conservation to the 

health of the coral reef may also serve to increase terrestrial conservation actions, which have 

previously been overlooked on Bonaire.   

Further study 

Though basing my study in a highly degraded ecosystem was valuable in increasing its 

applicability for environmental management, this limited the gradients over which I was able to 

observe relationships between vegetation and grazing pressure. I was able to only consider 

impacts for reductions in donkey density. Therefore further study into sites with lower densities 

of grazing species would be valuable in estimating impacts of reductions in grazing pressure. 

Where such sites host multiple grazing species additional benefits would also be seen in 

estimating impacts for individual grazing species (Helmstedt et al. 2015, Jackson 2015, Ballari et 

al. 2016), and interactions between grazing species (Evans et al. 2006, Fraser et al. 2014). Within 

this thesis I have been concerned with modelling relationships to broad ecosystem characteristics. 

A more detailed understanding of the relationships between underlying ecosystem attributes, such 

as tree species or direct sediment run-off rates, would therefore be valuable in further refining any 

understanding of the impacts of ecosystem change. As these attributes are more immediately 

effected by ecosystem changes, this would be valuable to model changes in impact over time, 

such as in relation to rainfall, or season. 
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The models created within the study were able to estimate relationships across only donkey 

densities, though it is expected that both goats and pigs also impact vegetation on Bonaire. The 

models I have presented therefore do not represent the full picture of grazing on Bonaire, and 

further research into the impacts of both goats and pigs on the island’s vegetation, and therefore 

the coral reef, would be valuable for designing Bonaire’s grazing species control programs. 

 

Modelling of pig densities on Bonaire was limited by low population densities and the nocturnal 

nature of pigs. As a consequence I was unable to estimate density, and was limited to 

presence/absence at each site.  Further studies into pig impacts on Bonaire would benefit from 

more detailed mapping of densities. Camera traps are often used for populations with low density, 

and nocturnal species, which are not well suited for direct counts (Schwarz and Seber 1999). 

Where species are individually identifiable, as would be expected for feral pigs, mark-release-

recapture methodology can be used to estimate population densities (Schwarz and Seber 1999). 

Such spatial density maps of pigs on Bonaire can then be used to model relationships with existing 

vegetation data. 

 

While pig density maps were limited by low population densities, modelling the impacts of goat 

grazing was prevented due to grazing pressure exceeding the thresholds for vegetation growth in 

all locations. As goats are farmed on islands worldwide (Aich and Waterhouse 1999), including 

Bonaire, models of the impacts of goat grazing along a gradient is valuable for areas in which full 

eradication would not be an acceptable control option. Previous studies have used fenced areas 

with feral grazing populations, however these have focused predominantly on complete exclusion 

of grazing species (Augustine and Mcnaughton 1998, Donlan et al. 2002, Moseby and Read 2006, 

Cruz et al. 2009, Smuts-Kennedy and Parker 2013). Within the agricultural literature, stocking 

rates have been artificially manipulated to represent varied grazing pressures (e.g. Fynn and 

O’Connor, 2000, Scimone et al., 2007). This may potentially be adapted to Bonaire, however 

applicability to the natural ecosystem may be reduced due to experiments in agriculture relying 

on animal enclosures, highly restricting animal movement, which is not observed in Bonaire’s 

free ranging goat populations. Further study into modelling goat impacts across a range of 

densities, such as in areas with population control programs, or where predators of goats are 

present, would be valuable in estimating impacts of control options in sites such as Bonaire, where 

variation is limited. 

 

The challenges in mapping densities of goats and pigs on Bonaire’s vegetation also prevented 

comparison of the impacts of controlling invasive species individually and in combination (e.g. 

removing goats, versus removing pigs, versus removing goats and pigs). Cost effectiveness of 

invasive species control programs can be improved where eradication of individual species, based 
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on those with the most favourable cost-effectiveness ratio, can be considered, rather than removal 

of all invasive species within the location (Helmstedt et al. 2015). However recent studies indicate 

that there is limited understanding of the impacts of removing a sub-set of invasive species (e.g. 

removing donkeys from Bonaire but not goat and pigs) (Helmstedt et al. 2015, Jackson 2015, 

Ballari et al. 2016), with existing research concerned primarily with non-mammalian aquatic 

systems (Jackson 2015, Ballari et al. 2016). While these previous studies indicate that removal of 

individual species from a suite of invasive species may have disproportionate impacts on the 

native ecosystem, the applicability of the findings to terrestrial ecosystems is limited (Jackson 

2015, Ballari et al. 2016). Within terrestrial ecosystems control of competitive herbivores has 

been found to lead to increases in populations for the remaining herbivore, though studies are 

largely concerned with rodents (Sweetapple and Nugent 2007, Yockney et al. 2011, Goldwater et 

al. 2012, Norbury et al. 2013). In low intensity grazing systems in UK uplands, combined sheep 

and cattle grazing has been found to have less impact on bird communities than sheep grazing 

alone, and this is thought to be due to increases in heterogeneity of habitat (Evans et al. 2006, 

Fraser et al. 2014). Modelling such interactions is therefore of importance to invasive grazing 

species control to ensure ecological goals of eradication are met. Further study into the impacts 

of multiple grazing species, where population densities vary independently of one another, may 

provide a natural experiment to further understanding of individual species impacts.  

 

For many invasive species costs of removal also shows variation not only between species, but 

within space, as a result of terrain, access, climate, or social factors (e.g. Martins et al. 2006, 

Brooke et al. 2007, Donlan et al. 2014). Through furthering understanding of individual grazing 

species impacts across space it becomes possible to refine cost-effectiveness analysis of control 

options. Combining variation in ecological impacts and costs of control, it is possible to evaluate 

variation in costs per ecological improvement (e.g. percentage ground cover), rather than per 

actions (e.g. number of goats removed), and to establish a spatially explicit control program. 

 

In this thesis I have been concerned only with broad environmental changes, on a scale expected 

to impact the coral reef, and be observable to recreational SCUBA divers. Though these attributes 

were identified as the most applicable to policy makers, this approach is limited in the range of 

attributes considered. Worldwide grazers are well recognised as preferentially grazing specific 

species, impacting not only species composition (Augustine and Mcnaughton 1998, Lowney et 

al. 2005, Rojas-Sandoval et al. 2014), but also physical structure of the forest (Melendez-

Ackerman et al. 2008). Further improvements to estimating impacts of invasive grazing species 

control on Bonaire may therefore be achieved through studying dietary preferences of grazing 

species. This would improve tailoring of grazing control for dry-forest recovery. Long term 

monitoring of grazing preferences would enable understanding of how grazing preferences 
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change with factors such as season, or rainfall, as well as in response to control options, such as 

removal of a single grazing species. On Bonaire such research may be particularly applicable to 

restoration that targets habitat improvement for bird populations. The yellow-shouldered Amazon 

has been positively associated with mature forests, with higher structural complexity (Williams 

2009), and habitat characteristics have been identified as important to bird abundance, species 

richness, and diversity, across the island (Roberts and Williams n.d. Appendix Three). 

 

In considering the relationship between the terrestrial and marine ecosystems this study was also 

limited through measuring only reef attributes recognisable to SCUBA divers, rather than 

monitoring sediment run-off itself. This was valuable in enabling the link to be drawn between 

terrestrial ecosystem change and SCUBA diver willingness to pay for changes in reef attributes. 

However, the reef attributes measured are also impacted by factors not accounted for within the 

study, such as fishing (McClanahan 1995), recreation (Hawkins et al. 1999), or invasive lionfish 

(Albins and Hixon 2008). The relationship between terrestrial ecosystem change and sediment 

run-off on Bonaire may therefore be better understood through measuring of sediment input 

directly. Globally, land use has been found to impact sediment run-off rates (Maina et al. 2013, 

Álvarez-Romero et al. 2014, Bartley et al. 2014, Stender et al. 2014), but little research has been 

carried out into changes in sediment run-off during and following restoration. Monitoring 

sediment inputs on Bonaire during terrestrial restoration efforts would therefore provide the 

opportunity to refine terrestrial management for conservation of marine ecosystems. Though 

direct sediment levels are not expected to be recognised by SCUBA divers, this would be of 

particular use to practitioners to evaluate impacts of control options without the long time frames 

needed to recognise changes in coral reef attributes. Such monitoring continued over the long 

term would also enable consideration of the relative impact of watershed vegetation on sediment 

run-off related to urban development, seasons, or rainfall, for example. This would firmly 

establish terrestrial environmental conservation into the wider scheme of coral reef protection on 

Bonaire. 

Connecting action to funding (Chapter 4) 

Policy relevance 

Lack of long-term funding is a major cause of failure of conservation actions, either in 

establishment, or over the long term (Bruner et al. 2004). Explicitly connecting action to funding, 

such as through a user fee, increases funding availability for, and therefore the outputs of, 

conservation (Eagles 2002, Wielgus et al. 2010, Thur 2010). On Bonaire the positive willingness 

of SCUBA divers to pay for terrestrial ecosystem restoration, where reef health improvements are 

expected, can be directly applied by environmental policy makers.   
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In this thesis I have estimated a positive willingness of SCUBA divers to pay for conservation 

actions outside of the ecosystem under use, where coral reef improvements could also be 

expected. Though the application of user fees to address the shortfall in conservation funding is 

becoming more widespread (Wielgus et al. 2010, Thur 2010), user fees remain limited by 

ecosystem boundaries. By demonstrating that users are willing to pay for conservation actions in 

supporting ecosystems, I increase the potential locations to which funding from user fees may be 

applied. With scarcity of funding being a common theme across conservation organisations, from 

the local to the global (Bruner et al. 2004), identifying alternative funding sources is of high value 

to both policy makers and practitioners (Depondt and Green 2006, Whitelaw et al. 2014).  

 

The positive willingness to pay of Bonaire’s SCUBA divers, above the $25 fee already 

administered, indicates the potential for increased conservation funding for the island. 

Willingness to pay showed variation between individuals, with higher willingness to pay 

associated with intention to return to Bonaire, an important consideration for policy makers on 

Bonaire, for whom retaining visitors is of importance. A lack of long term funding is recognised 

as the leading cause of environmental conservation actions failing to become established, or to 

persist over the long term (Vaughan 2000, Bruner et al. 2004, Whitelaw et al. 2014). Where 

funding is linked directly to ecological change (Buckley 2009), does not enter a central pot for 

redistribution, and is not available for improvements in tourist infrastructure (Buckley 2009, 

Bennett and Dearden 2014), improvements in ecological state are observed (Vaughan 2000, 

Whitelaw et al. 2014). The link presented in this thesis, from action to funding, therefore increases 

the chance that conservation planning on Bonaire is able to move forward into action, and be 

sustained over the long term.   

Further study 

Willingness of Bonaire’s SCUBA divers to pay for terrestrial environmental conservation, where 

gains in reef health could be expected, was positive, but showed heterogeneity across the 

population. Further study into the diver attributes which are associated to this heterogeneity would 

assist policy makers in setting appropriate fee levels. Additional sources of funding may also be 

identified through considering willingness to pay of non-users, such as Dutch nationals, with the 

Caribbean Netherlands recognised as being an important location for biodiversity within the 

Kingdom of the Netherlands (van Beukering et al. 2012). 

 

Though I find a largely positive willingness to pay for coral reef improvements on Bonaire, 

variation was seen between individuals, with a small number not willing to pay for improvements 

in coral reef attributes. Within this study, I was able only to identify intention to return to Bonaire 
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as predicting positive willingness to pay, and no significant effect on willingness to pay was seen 

with diving qualification, or income. With Bonaire’s economy so firmly tied to dive tourism, 

further understanding of the reasons for this variation would be valuable, both to direct current 

fee level, and to target divers with higher preferences for coral reef improvements. Beyond 

demographic characteristics, previous studies have identified the ways in which users engage in 

the activity as a potential underlying reason for varied willingness to pay (Hynes et al. 2007). 

Investigation of the relationship between willingness to pay and types of SCUBA diver (e.g. 

underwater photographers, those interested in fish identification, or wreck divers) would be 

valuable to Bonaire to target those diver types with higher preferences for reef attributes. This 

may be achieved through a second choice experiment, in which divers are asked to value reef 

attributes, and also to indicate which type of diving they participate in most frequently, and which 

specialised qualifications they hold. Through incorporating these diver variations into latent class 

analysis it is possible to identify impacts of type of diver on preferences for reef attributes. 

Additionally focus groups and discursive studies can be used to complement the quantitative data 

gained through choice experiments, and enable more in depth understanding of valuation 

decisions  (Kenter et al. 2010, Christie et al. 2014). 

 

Within this thesis I have considered only funds originating from SCUBA divers as reef users. 

However previous studies have also shown that Dutch nationals have a positive willingness to 

pay for environmental conservation on Bonaire (van Beukering et al. 2012). Further study into 

non-use values may therefore increase potential funding availability for conservation on Bonaire. 

Accounting for socio-economic aspects of action (Chapter 5) 

Policy relevance 

The economic and social costs and benefits of conservation actions are as important to achieving 

stated goals as the ecological impacts (Bardsley and Edwards-Jones 2007, García-Llorente et al. 

2011, Schüttler et al. 2011, Sharp et al. 2011, Estévez et al. 2014, Moon et al. 2015, Tassin and 

Kull 2015). Consideration of economic costs is often limited to spatial variation, with costs of 

carrying out conservation action in alternative locations considered (Wilson et al. 2006, Naidoo 

and Ricketts 2006, Brooke et al. 2007, Evans et al. 2015). Further gains in improving benefit-cost 

ratios on conservation however could be seen when differences in costs between alternative 

actions, such as fencing or eradication, are also considered. Public support, or lack thereof, can 

ensure success or failure of conservation programs, and recognising, and addressing, opposition 

to control actions is therefore of high importance to achieving conservation goals (Linklater et al. 

2002, Lodge and Shrader-Frechette 2003, Frank et al. 2015, Moon et al. 2015). 
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Though traditionally considered the realm of the biologist, environmental conservation cannot be 

separated from its social or economic context (Bardsley and Edwards-Jones 2007, García-

Llorente et al. 2011, Schüttler et al. 2011, Estévez et al. 2014, Tassin and Kull 2015). Actions 

which are recognised as having high ecological impact may be unfeasible due to large costs 

(Murdoch et al. 2007, Evans et al. 2015), or low social acceptability (McLeod et al. 2015, Moon 

et al. 2015, Tassin and Kull 2015). Where policy makers and practitioners are able to evaluate 

social and economic considerations alongside the ecological, the potential success of conservation 

action increases, and with it the ecological improvements possible within the ecosystem (Bruner 

et al. 2004, Boyd et al. 2015, Evans et al. 2015, McLeod et al. 2015). 

 

While the inclusion of costs into prioritisation is no longer rare in practice, much of the literature 

is concerned primarily with identifying cost variation in space (Wilson et al. 2006, Naidoo and 

Ricketts 2006, Brooke et al. 2007, Evans et al. 2015). This is valuable in assisting global and 

regional conservation organisations to direct funding (Halpern et al. 2006), but has limited 

applicability to local conservation management, such as that of national parks, where the 

management location is already defined (Kareiva and Marvier 2003, Halpern et al. 2006). Within 

this thesis I have therefore compared costs of actions to achieve a specified conservation goal, the 

protection of Bonaire’s coral reef, within the defined area of Bonaire. These costs are directly 

applicable to conservation action on Bonaire. Within the wider context, these costs illustrate the 

potential range of costs for alternative conservation actions to achieve measurable gains towards 

a specified conservation goal. This is valuable for local policy makers and practitioners to improve 

the effectiveness of conservation funding within their defined management area (Murdoch et al. 

2007, Evans et al. 2015), feeding into cost benefit analysis across actions, as well as space. 

 

Understanding public opinion of conservation actions is central for ensuring actions can be 

established and maintained, particularly in inhabited areas (Sharp et al. 2011, Glen et al. 2013, 

Estévez et al. 2014, Frank et al. 2015, Moon et al. 2015, Santo et al. 2015). Failing to account for 

opposition can result in sabotaging of control efforts, or legal opposition (Glen et al. 2013, Moon 

et al. 2015, Santo et al. 2015). Understanding, and accounting for, public opinion prior to 

beginning actions can therefore improve chance of success, and reduce overall costs. Social 

opposition to terrestrial invasive species control is well established on Bonaire, with strong recent 

opposition to even non-lethal population control (Citizens for a better safer animal friendly 

Bonaire 2014). Though the social survey presented here was limited to canvassing the opinions 

of conservation policy makers and practitioners, explicitly identifying opposition to lethal control 

is still valuable because it identifies the need to address this opposition prior to conducting control 

(Vaske et al. 2003, 2010). I also identified taking no action as being unacceptable to some groups. 

That there is public preference for, as well as against, control of invasive grazing species indicates 
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that it is in the interests of policy makers on Bonaire to continue to consider alternative control 

actions to account for the variation in public preferences, despite forceful opposition by socially 

prominent groups. 

Further study 

Estimation of both the social and economic considerations of control options for invasive grazing 

species were limited within this thesis. Gains in invasive species control on Bonaire would be 

seen with in depth studies of social acceptability of control options, while cost-benefit analysis of 

conservation as a whole would benefit from increased reporting of economic costs of control by 

conservation organisations (Martins et al. 2006, Cruz et al. 2009, Armsworth 2014, Holmes et al. 

2015). 

 

Within this thesis I was able to take only broad consideration of the social acceptability of control 

options. As such, I present only a general understanding of social acceptability of invasive grazing 

species control on Bonaire, providing limited information for policy makers and practitioners to 

address social concerns. Control of donkeys on Bonaire in recent years has been met with 

significant social opposition, resulting in the cessation of a donkey sterilisation program (F. van 

Slobbe, pers. comm.). However this opposition is thought to originate from a few, socially 

prominent, individuals, rather than truly representing public opinion. There would therefore be 

significant gains to invasive species control on Bonaire in understanding the range of acceptability 

of control options, and identifying those groups particularly opposed to control (Vaske et al. 2003, 

2010). Choice experiments present one such option to identify variations in public opinion 

(Hanley et al. 2003). However the question of control of invasive grazing species on Bonaire has 

the potential to be either positive or negative, suggesting either the potential for a payment to fund 

control, or the need to compensate for control, dependent on individual. Whether the control of 

invasive species is viewed as positive or negative is dependent on individual characteristics, 

which are not yet readily identifiable. This difference in preferences may be captured through 

presenting a choice experiment in which the economic attribute can take both a positive or 

negative value. A positive cost value would relate to a willingness to pay, and a negative value 

the need for compensation. Across the majority of choice experiments, attributes are presented as 

either improving, or declining, relevant to the current state. However it is not uncommon to 

present non-monetary attributes which may cover both sides of the scale, such as declines or 

improvements in fish abundance in coral reefs (Gill et al. 2015), or populations of hen harriers 

and golden eagles in Scotland (Hanley et al. 2010). While this is easily conceptualised by 

respondents for environmental attributes, the presentation of a cost attribute which can take both 

a positive and negative values may be hard to understand because it is not a usual choice to 

consider whether you wish to pay, or be paid, for a good. Alternatively respondents may first be 
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asked whether they support, or are opposed to, invasive grazer control, and then presented with a 

choice experiment with corresponding payments. Respondents indicating they are neutral with 

regard to invasive grazer control may be randomly assigned either choice experiment. 

 

Alternatively the Potential for Conflict Index uses the Likert scale to assess public opinion, while 

incorporating the spread of opinion as the potential for conflict in employing the action (Vaske et 

al. 2003). Through this it is possible to identify actions most likely to be acceptable to the 

population as a whole, and those which may require further public engagement and mitigation for 

all, or part, of the population. The index can be further extended to illustrate variation in opinion 

between individuals, and social groups (Vaske et al. 2010). This is particularly valuable where 

distinct stakeholder groups exist, which stand to lose or gain to varied degrees depending on 

control option selected, or where one stakeholder group is more effective at expressing their 

opinions, to the detriment of other groups (Vaske et al. 2003, Lohr and Lepczyk 2014). Bonaire 

has a history of outspoken opposition to invasive grazing species control, yet policy makers and 

practitioners recognise taking no action as also having poor social acceptability. Detailing the 

potential for conflict of grazer control options on Bonaire would therefore be highly valuable in 

creation and tailoring of public engagement, and mitigation measures, vital for the success of any 

grazer control on Bonaire. Unlike choice experiments, however, the potential for conflict index 

does not enable estimation of the extent of compensation which may be required to offset declines 

in utility due to reductions in grazer populations. Through requiring respondents to directly state 

support or opposition for control options the potential for conflict index may also be more open 

to strategic bias than choice experiments. 

 

The scarcity of conservation organisations sharing costs of control options limited my estimation 

of economic costs. Though working with experts in invasive species control enabled me to refine 

cost estimates, they remain uncertain due to their hypothetical nature on Bonaire. Though material 

costs can be expected to be accurate, labour costs will vary due to uncertainties in length of control 

needed. Improvements in cost estimations could be expected where breakdowns of costs of 

previous eradications within similar environments could be used. This limitation has also been 

recognised by previous work collating and estimating costs of invasive species control (Martins 

et al. 2006, Armsworth 2014, Holmes et al. 2015). With the economic costs of conservation 

actions recognised as central to successful prioritisation (Halpern et al. 2006, Murdoch et al. 2007, 

Bottrill et al. 2008, Freudenberger et al. 2013), lack of reporting of costs can severely limit the 

ability of policy makers to effectively prioritise actions. Tools such as the Database of Island 

Invasive Species Eradications (Island Conservation et al. 2015b) or the Dutch Caribbean 

Biodiversity Database (Dutch Caribbean Nature Alliance 2016), as well as journals such as 

Conservation Evidence, focused on publishing results of action with quick turnaround times, have 
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increased potential for sharing of information between distant conservation organisations. Further 

gains in prioritising conservation actions would therefore be seen with the establishment of similar 

schemes aimed at sharing details and costs of conservation actions. 

Critical evaluation of models 

The models I have presented within this thesis assume grazing is driving the ecosystem. However 

ecosystems are highly interconnected, and understanding of the models could be further improved 

through investigating the relationships between these characteristics. By using multivariate 

analysis I have been able to identify the variables which predict ground cover or coral cover when 

accounting for variation in the other variables within the model. However these models are remain 

correlative, and confounding factors should also be considered when applying these models to 

management decisions. For example water or food availability, which were not considered due to 

a lack of spatial data, may be restricting donkey densities, and therefore altering their impacts on 

ground cover. Monitoring of environmental outcomes as a result of management taken with 

regard to these models is therefore vital to ensure conservation goals are being achieved.  

 

Models of grazer impacts on ground cover, detailed in Table 11, identified dry season donkey 

density, soil type, and landscape type as impacting percentage ground cover. Figure 46 illustrates 

that both soil type and landscape type occur across the range of donkey density and ground cover. 

This provides visual support for the findings of the multivariate ground cover model (Table 11), 

that dry season donkey density impacts on ground cover even when accounting for the impacts of 

landscape type or soil type.  

 

Tree biomass, which could potentially impact on ground cover and donkey density, is also shown 

to vary independently of both variables (Figure 46), and no relationship is observed when plotting 

tree biomass against ground cover (Figure 47) or donkey density (Figure 48). This supports the 

evidence that the relationship between ground cover and donkey density is not driven by tree 

biomass. 

 

Further investigation of model fit can be achieved through visually assessing the relationship 

between donkey density and ground cover presented in Figure 10 and Figure 22, in relation to the 

model presented in Table 11. The model predicts a negative relationship between dry season 

donkey density and ground cover, as is supported by absence of donkeys in areas of highest 

ground cover. However highest donkey densities are located in medium ground cover, which are 

also the island’s urban areas. While ground cover is higher than model predictions in these areas, 

this can likely be attributed to increased water availability in urban areas, which will increase 

ground cover above that expected.  
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The model presented in Table 18 predicts a positive relationship between ground cover and coral 

cover, which is directly supported by visually comparing ground cover and coral cover in Figure 

22 and Figure 24, which show highest ground and coral cover in the north-central areas. 

 

 

Figure 46 Relationship between dry season donkey density and percentage ground cover, with points 

colour coded for soil type (Top left. Black- Clay, Red- Loam, Green- Rock, Blue- Terrace), landscape 

type (Top right. Red – Higher Terrace, Dark Blue – Middle Terrace, Green – Lower Terrace, Light 

Blue – Undulating Landscape), and tree biomass (Bottom. Darker points – higher tree biomass, empty 

points – trees absent). 
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Figure 47 Relationship between tree biomass and percentage ground cover. r= -0.07 

 

Figure 48 Relationship between dry season donkey density and tree biomass index. r=0.07 

Comparisons of observed and expected impacts of donkey removal identify slight overestimation 

of the ground cover expected with no donkey removal, estimated at 10% (Figure 39), rather than 

the 6% observed, suggesting underestimation of the impacts of donkey control by the model. 

While underestimation of impacts is preferable to overestimation with regard to management, this 

may still have an impact on prioritisation of control measures. This model is further limited by 

being able to consider only donkey density impacts. Impacts of fencing may therefore be further 
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underestimated as goat grazing in these locations will also be reduced, while donkey eradication 

has the potential to lead to increases in goat density due to reductions in competition. Largely 

different distributions, and the likely competitive advantage held by goats over donkeys with 

regards to thriving in dry environments suggests that goat density is not restricted by donkey 

density, but close monitoring of goat grazing and ecosystem recovery where donkey densities are 

reduced should be undertaken, and management plans put in place should goat populations 

increase. 

 

The coral cover model shows larger differences between observed and expected coral cover, with 

cover estimated to be 46% with no donkey control, and therefore lowest ground cover (Figure 

40), rather than the 80% observed. This suggests that the model is overestimating the impacts of 

ground cover on coral cover, and therefore shallower improvements in coral cover may be 

observed with donkey control. This uncertainty must be recognised when applying this model to 

management decisions, and supports my recommendation of fencing prior to eradication, as this 

will allow monitoring of impacts to be carried out. 

 

Plotting the model between ground cover and coral cover (Table 18) identifies seven outlying 

points (two low coral cover and five high ground cover), which may not be representative of the 

ecosystem characteristics. Re-running the models on removing these points enabled me to observe 

the impact that these, potentially non-representative, points were having on the model estimates. 

Removal of the five high ground cover points had no appreciable impact on model outputs, 

however large changes were seen in removing the two low coral cover points. The representative 

model created when these outliers have been removed shows a negative relationship between 

coral cover and shore access, and a positive relationship with all of distance from town, ground 

cover, and tree biomass (Figure 49). This is in contrast to the negative relationship between tree 

biomass and coral cover estimated when the outliers are included. This suggests that the observed 

negative relationship between tree biomass and coral cover with the model in Table 18 was driven 

by the two low coral cover points, and may therefore not be representative of the system as a 

whole. The removal of these points also reduces the slope of the relationship with ground cover, 

and ensures that the predicted ground cover remains within the bounds of possibility (within 0-

100%, Figure 49). These changes therefore suggest that the system is better represented by 

excluding these low coral cover points. It is these models excluding outliers that will be used in 

management decisions.  
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Finally model fit can be further explored through plotting the relationship between observed and 

expected results. I observe a weak positive relationship between observed and expected ground 

cover (Figure 50, r=0.42), with the strongest relationship, and best predictive power, observed at 

low ground cover. This suggests that while the model is successful at estimating relationships at 

low ground cover, ground cover is underestimated where donkey density is high. This likely arises 

from the low number of records containing high levels of ground cover, due to the highly degraded 

state of Bonaire’s ecosystem. This also supports the observation that that ground cover at mean 

donkey density is overestimated, suggesting underestimation of donkey impact. This should be 

accounted for when using models to estimate outcomes of control action, though underestimation 

of impact is preferable to overestimation. Comparisons of observed and expected coral cover 

shows a strong positive relationship (Figure 51, r=0.72), and supports accurate predictions by the 

model. 

 

The ground cover and coral cover models have been used to estimate impacts of fencing of 

individual watersheds. Prioritisation takes account of all variables identified in the representative 

models (soil type, landscape type, shore accessibility, tree biomass, distance from town, and salina 

presence), as well as area available for fencing, and observed donkey density in each area. 

Therefore although prioritisation does not highlight the areas of highest donkey density for 

fencing, the expected increases in coral cover are highest for those areas to reduce existing donkey 

density to zero, due to the size of area available for fencing, and influence of the other variables 

considered by the model. 

Figure 49 Change in deep coral cover with ground cover (left) and tree biomass index (right) when low 

coral cover outliers are removed. 
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Figure 50 Relationship between observed and expected ground cover values using model estimates 

from table 11. r=0.42. 

 

Figure 51 Relationship between observed and expected coral cover using the model presented in 

table 18. r=0.72. 

Moving forward in invasive grazing species control on Bonaire 

This research was partly motivated by a recognised policy need on Bonaire, to understand the 

impacts of, and potential control mechanisms to reduce, invasive grazing species on the island. 
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With control of invasive grazing species recognised as important within the Dutch Caribbean 

Nature Policy Plan (Ministry of Economic Affairs 2013), and by Bonaire’s conservation 

organisations (Simal 2005, Williams 2012), the results of this thesis can feed directly into 

environmental conservation on the island. 

 

I identified fencing of nature areas as the most suitable short term option for controlling invasive 

grazing species on Bonaire, where the aim is to improve coral reef protection. Fencing is predicted 

to have a positive impact on vegetation cover, leading to improvements in coral cover. Costs of 

fencing are low in the short term, and fencing is relatively acceptable to the general public. 

However, fencing is limited to a lifetime of only ten years. Despite lower initial costs, costs of 

maintaining fenced areas are therefore expected to exceed that of eradication of donkey 

populations within 30-50 years. At the present time eradication is not a viable option due to high 

social opposition, though over the long term eradication presents the most cost-effective solution 

to reducing environmental impacts by invasive grazing species. I therefore suggest that it would 

be in the interests of environmental conservation on Bonaire to invest resources in improving 

public acceptance of eradication of donkeys across the island, during the initial ten year fencing 

period. 

 

The establishment of fenced areas prior to eradication programs also provides Bonaire with the 

opportunity to monitor ecosystem changes arising through grazer exclusion. Though I have 

presented models within this thesis of grazing impacts on Bonaire’s dry-forest, and consequent 

impacts on the coral reef, these models are limited in their predictions because no location on 

Bonaire is completely free of grazing pressure. These limitations could be reduced through re-

estimating models following monitoring of vegetation recovery within fenced areas. The current 

literature monitoring the impacts of grazer control is generally limited to monitoring over less 

than five years (e.g. Cabin et al., 2000; Donlan et al., 2002; Relva et al., 2009), or snapshots of 

long-term recovery (e.g. Valone et al., 2002), and the majority of exclusions or eradications are 

never monitored for success (Courchamp et al. 2003). The scarcity of monitoring of success of 

conservation actions can be ascribed to a lack of funding, poor records of baseline data, and 

pressure for conservation organisations to move forwards to the next project, but this lack of 

monitoring limits the ability of policy makers and practitioners to estimate benefits of future 

actions (Courchamp et al. 2003). However, Bonaire is well situated to establish such a monitoring 

protocol. Twice annual bird counts and habitat assessments were established in 2013, the locations 

of which made up the survey points in this thesis. As such there exists funding and protocols for 

long term ecosystem monitoring. The data presented in this thesis details baseline data for the 

ecosystem on Bonaire, and through inclusion of thesis outputs in the Dutch Caribbean 

Biodiversity Database, this data will be widely available for comparison following control. 



 

161 

 

Bonaire is home to two terrestrial conservation organisations, Echo, and the national park 

authority, STINAPA, both of whom have existing ties to researchers in Universities across Europe 

and the USA, and a history of managing long term data collection, including over 20 years of 

monitoring of the yellow-shouldered Amazon population. Additionally the Dutch Caribbean 

Nature Alliance serves as a link between organisations, and a location for the storage and sharing 

of conservation data. 

 

Beyond improving predictions of the impacts of eventual grazing species eradication on Bonaire, 

monitoring of ecosystem recovery within fenced areas also provides the opportunity for policy 

makers to employ adaptive management in invasive grazing species control. Though control of 

invasive grazing species can broadly be expected to have positive impacts on vegetation, in a 

number of locations, reduced grazing has led to increases in invasive plant species populations, 

due to release from grazing pressure (Bullock et al. 2002, Courchamp et al. 2003, Osawa et al. 

2016). Time lags may also be present in recovery, arising from changes in soil structure, or limited 

numbers of existing trees to set seeds (Valone et al. 2002). Through monitoring these changes 

throughout fencing it becomes possible for policy makers to address these issues during 

eradication programs, for example through a simultaneous control program on invasive plants, or 

supplementary planting of native tree species. 

 

The ecosystem attributes monitored in this thesis detail broad ecosystem characteristics 

anticipated to be improved through exclusion of invasive grazing species, and should serve as the 

initial point for monitoring ecosystem recovery within fenced areas. However the timescales of 

recovery will vary greatly between metrics. Ground cover could be expected to increase within a 

single season of exclusion (Donlan et al. 2002), while tree metrics (abundance, diversity, and size) 

may not show observable changes within the decade. Because grazing directly impacts tree 

populations through consumption of seedlings, it would therefore be advantageous to incorporate 

monitoring of seedling numbers within and outside of exclusion areas (Cabin et al. 2000, Relva 

et al. 2009). While coral cover improvements are anticipated to arise through fencing reducing 

sediment run-off, these too are likely to take decades for improvements to be observed. Further 

understanding of the impacts of grazer control on the coral reef would therefore be recognised 

through direct measurement of sediment levels at dive sites. 

 

The recommendations I have made within this thesis are concerned with maximising 

improvements to the coral reef through control of terrestrial grazing species. The coral reef is a 

valuable natural asset to Bonaire, and through SCUBA divers presents a potential source of future 

funding. However it is important to recognise that the recommendations I present are limited to 

these objectives, and therefore may not be those expected to achieve highest overall ecological 
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improvements across Bonaire’s ecosystems. I have considered only actions to reduce grazing by 

invasive species, though funding would also be traded-off for alternative actions to improve reef 

health. Bonaire’s coral reefs are under threat through SCUBA divers (Hawkins et al. 1999), 

increasing numbers of cruise ships (Tourism Corperation Bonaire 2010), and the invasion of 

lionfish (Albins and Hixon 2008), as well as sediment run-off, and a multitude of additional 

threats. The recommendations given within this thesis therefore need to be considered within the 

context of Bonaire’s environmental policy, and the goals of the recommended actions explicitly 

recognised. 

 

General conclusion 

Prioritisation of conservation actions is highly important to achieving ecological goals, and is 

greatly improved with the inclusion of social and economic considerations. Though this is well 

recognised within the literature, it often remains distant from on-the-ground conservation action. 

Through this thesis I illustrate the application of conservation prioritisation to the real world 

challenge of reducing invasive grazing species on the island of Bonaire, Caribbean Netherlands. 

I take this prioritisation one step further, to directly link action to potential funding sources, and 

thus further reduce the gap between research, policy, and action. Though the analysis presented 

is limited in its ability to consider social acceptability and economic costs, broad understanding 

of these have been shown to be of value where detailed studies are not possible (Balmford et al. 

2003). Through continued connections to those carrying out conservation on Bonaire I have 

ensured this thesis remains applicable directly to Bonaire’s environmental policy. Simplicity of 

monitoring techniques, as well as presenting this data in alternative, policy-relevant, forms, will 

promote use and continuation of this work on Bonaire, and potentially through the Dutch 

Caribbean. 
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Appendix One 

Respondents to the SCUBA diver valuation survey were presented with the following survey on a tablet 

computer. One question was presented per screen. 

 

1. How many nights will you spend on Bonaire this trip? 

 

Less than 5 nights 

5 nights 

6 nights 

7 nights 

8 nights 

9 nights 

10 nights 

11 nights 

12 nights 

13 nights 

14 nights 

More than 14 nights 

 

2. How many times have you visited Bonaire? (Including this trip) 

 

First visit 

Second visit 

Third visit 

Forth visit 

Fifth visit 

More than five visits 

 

3. What is the primary purpose of your trip? (If more than one select the main reason for 

choosing Bonaire) 

 

SCUBA diving 

Snorkelling 

Windsurfing 

If other please specify 

 

4. How many dive holidays have you taken in the past 5 years? (Including this holiday) 

 

None with diving as primary purpose 

1 

2 

3 

4 

5 

More than 5 

 

5. How many dives have you logged overall? 

Under 10 

10 - 50 

51 - 100 

101 - 200 

201 - 300 

301 - 500 
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501 - 750 

751 - 1000 

Over 1000 

6. What is your highest level dive certification? (Equivalent to PADI certifications) 

 

Open water 

Advanced open water 

Rescue diver 

Master SCUBA diver 

Divemaster 

Instructor 

 

7. In which year did you gain your first dive certification? 

 

Multiple choice by year 
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8. Would you be willing to pay an additional fee to reduce land-based grazing on Bonaire, if this 

led to a smaller decline in reef health? Remember to take into account the cost of your holiday 

and other economic constraints. 

 

Yes 

No (If no choice experiment portion of the survey was not presented) 

 

 
 

Respondents were presented with right successive choice cards, of the style presented below.  
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9. (Presented only to those selecting ‘no’ in Qu. 8, or choosing the ‘no management’ option in 

all cards during the choice experiment) Please indicate which, if any, of the below statements 

best describe why you are not willing to pay an additional fee to reduce grazing on Bonaire. 

Select all that apply: 

 

I cannot afford to pay more than the current fee 

I do not think that the current fee is used effectively 

I do not believe I should pay the price for environmental conservation (please indicate below 

who should be responsible) 

I do not believe the health of the reef is declining 

I do not believe we need to prevent reef health decline 

I do not agree with the suggested conservation measures  

I do not think that the suggested conservation measures will have an impact on the reef 

If other please specify: 

10. (Presented only to those answering Yes to Qu 8.) With regard to the choices just made, please 

indicate how well you agree with each of the following statements: 

a. I am certain of my answers 

b. I had enough information to make a decision 

c. I understood the questions 

 

Strongly agree 

Agree 

Neutral 

Disagree 

Strongly disagree 

 

11. (Presented only to those answering Yes to Qu 8.) Please indicate the importance of each of 

the following factors in determining your choice of site in the previous exercise: 

a. Visibility 

b. Coral Cover 

c. Fish Abundance 

d. Fee 

 

Very high 

High 

Mid 

Low 

Very low 

 

12. Please indicate the importance of each factor in your decision to take your holiday on 

Bonaire: 

a. Total price of holiday 

b. Direct flight connections to USA and Europe 

c. Type of accommodation available 

d. Enjoyment of previous trip to Bonaire 

e. Bonaire's reputation for high quality coral reef 

f. Opportunity to complete dive qualifications 

g. Availability of shore diving 

h. Availability of alternative water based activities (e.g. windsurfing, kiteboarding, fishing) 

i. Availability of alternative land based activities (e.g. hiking, bird watching, caving) 

j. Bonaire's reputation for environmental conservation 

k. Bonaire's connection to the Netherlands 

l. Other important factors 

 

Very high 



 

197 

 

High 

Mid 

Low 

Very low 

 

13. Where do you take the majority of your dives? 

 

Shore 

Boat 

About even 

 

14. Were you aware that you would need to pay a nature (dive tag) fee before coming to Bonaire? 

 

Yes 

No 

 

15. Which, if any, of the following activities have you participated in on this trip? 

 

Snorkelling 

Sun bathing 

Sailing 

Sea kayaking 

Mangrove kayaking 

Windsurfing 

Wakeboarding 

Kitesurfing 

Fishing 

Hiking 

Horse riding 

Bird watching 

Caving 

Visiting Klein Bonaire 

Glass bottomed boat 

Visiting Donkey Sanctuary 

Visiting Washington-Slagbaai National Park 

If other please specify 

 

16. Do you make regular contributions to an environmental organisation? 

Yes 

No 

 

17. In which currency do you donate? 

Euro 

US Dollars 

 

18. How much do you donate annually? 

 

Under $25 

$25 - $50 

$51 - $75 

$76 - $100 

$101 - $150 

$151 - $200 

$201 - $300 

$301 - $400 

Under €25 

€25 - €50 

€51 - €75 

€76 - €100 

€101 - €150 

€151 - €200 

€201 - €300 

€301 - €400 
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$401 - $500 

$501 - $750 

$751 - $1000 

Over $1000 

€401 - €500 

€501 - €750 

€751 - €1000 

Over €1000 

 

19. Do you plan to make future trips to Bonaire? 

Yes 

No 

 

20. How frequently do you plan to visit? 

Once a year or more 

Once every two years 

Once every three to five years 

Once every six to ten years 

Less than once every ten years 

 

21. Please indicate which sites you have dived on this trip: 

List of dive sites presented. Listed north to south. 

 

22. Did you dive on Klein Bonaire during this trip? 

 

Yes 

No 

 

a. Please indicate which sites you visited: 

List of dive sites presented 

 

23. What is your age? 

Numeric list presented 

 

24. What is your gender? 

 

Female 

Male 

Other 

 

25. What is your country of residence? 

Netherlands 

USA 

If other please specify:  

 

26. In which currency would you prefer to indicate your income? 

Euro 

US Dollars 

Prefer not to say 

 

a. Please indicate your monthly household income before tax 

 

$0 - $1,999 

$2,000 - $3,999 

$4,000 - $5,999 

$6,000 - $7,999 

$8,000 - $9,999 

$10,000 - $11,999 

$12,000 - $13,999 

€0 - €1,799 

€1,800 - €3,499 

€3,500 - €5,299 

€5,300 - €6,999 

€7,000 - €8,799 

€8,800 - €10,499 

€10,500 - €12,299 
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$14,000 - $15,999 

$16,000 - $17,999 

$18,000 - $19,999 

$20,000 and over 

€12,300 - €13,999 

€14,000 - €15,799 

€15,800 - €17,499 

€17,500 and over 

 

27. What is your highest level of education? 

 

Elementary 

Secondary (Including VMBO and first 4 years of HAVO or VWO) 

College (Including MBO and final years of HAVO or VWO) 

Bachelors degree 

Masters degree 

PhD 

 

28. What is your occupation? 

Management, business and financial 

Professional and related 

Service 

Sales and related 

Office and administrative support 

Farming, fishing and forestry 

Construction and extraction 

Installation, maintenance and repair 

Transportation and material moving 

Armed forces 

Student 

Retired 

 

29. How many people are in your party? 

a. Adults 

b. Children 

 

1 

2 

3 

4 

5 

6 or over 
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Appendix Two 

 
Table 32 Breakdown of costs for removal phase of eradication by ground control only. 24 month long 

project, not including monitoring of success. 

Ground hunting - Removal phase 
 

24 Professional hunters, 24 months full time, $40/hour $3,993,600.00 

12 Local hunters, 24 months full time, $20/hour $998,400.00 

Accommodation, 36 hunters, 8 dog handlers, 24 months $844,800.00 

Ammunition, 3000 bullets (3 times estimated donkey population) $1,500.00 

30 GPS collars, including VHF transmitters, for Judas donkeys $90,000.00 

Fitting GPS collar, including tranquiliser and trained personnel $30,000.00 

Corral, fence materials for single semi-permanent corral $2,250.00 

Firearms, 36 rifles of high power $72,000.00 

36 firearm permits over two years (approximate fee) $72,000.00 

8 dogs and handlers, 24 months full time, $50/hour $1,664,000.00 

Project manager, 24 months full time, $60/hour $249,600.00 

Transport, estimated 30km/day, $0.3/km $4,680.00 

Vehicle, used pickup, price for acquiring on island $3,000.00 

Admin, 10% of project cost $802,583.00 

Total $8,828,413.00 
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Table 33 Breakdown of costs for removal costs of eradication including 2 months aerial hunting and 14 

months ground hunting, not including monitoring of success. 

Ground hunting and helicopter - Removal phase 
 

24 Professional hunters, 14 months full time, $40/hour $3,225,600.00 

12 Local hunters, 14 months full time, $20/hour $806,400.00 

Accommodation, 36 hunters, 8 dog handlers, 14 months $492,800.00 

Ammunition, 3000 bullets (3 times estimated donkey population) $1,500.00 

30 GPS collars, including VHF transmitters, for Judas donkeys $90,000.00 

Fitting GPS collar, including tranquiliser and trained personnel $30,000.00 

Corral, fence materials for single semi-permanent corral $2,250.00 

Firearms, 36 rifles of high power $72,000.00 

36 firearm permits over 14 months (approximate fee) $72,000.00 

8 dogs and handlers, 14 months full time, $50/hour $1,344,000.00 

Project manager, 14 months full time, $60/hour $201,600.00 

Transport, estimated 30km/day, $0.3/km $3,780.00 

Vehicle, used pickup, price for acquiring on island $3,000.00 

Helicopter, full day for 2 months $640,000.00 

Pilot, full time, 2 months $24,000.00 

Admin, 10% of project cost $700,893.00 

Total $7,709,823.00 

 
Table 34 Breakdown of costs for 6 months monitoring post-eradication 

6 months monitoring 
 

12 Professional hunters, 6 months half time, $40/hour $460,800.00 

6 Local hunters, 6 months half time, $20/hour $115,200.00 

Accommodation, 18 hunters, 4 dog handlers, 6 months $105,600.00 

4 dogs and handlers, 6 months half time, $50/hour $192,000.00 

Project manager, 6 months half time, $60/hour $57,600.00 

Transport, estimated 30km/day, $0.3/km $1,080.00 

50 Camera traps, Infrared, no glow, including batteries and memory cards $35,000.00 

Admin, 10% of project cost $93,228.00 

Total $1,060,508.00 
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Table 35 Breakdown of costs for 12 months monitoring post-eradication 

12 months monitoring 
 

12 Professional hunters, 12 months half time, $40/hour $921,600.00 

6 Local hunters, 12 months half time, $20/hour $230,400.00 

Accommodation, 18 hunters, 4 dog handlers, 12 months $211,200.00 

4 dogs and handlers, 12 months half time, $50/hour $384,000.00 

Project manager, 12 months half time, $60/hour $115,200.00 

Transport, estimated 30km/day, $0.3/km $2,160.00 

50 Camera traps, Infrared, no glow, including batteries and memory cards $35,000.00 

Admin, 10% of project cost $186,456.00 

Total $2,086,016.00 

 
Table 36 Breakdown of costs for 24 months of monitoring post-eradication 

24 months monitoring 
 

12 Professional hunters, 24 months half time, $40/hour $1,843,200.00 

6 Local hunters, 24 months half time, $20/hour $460,800.00 

Accommodation, 18 hunters, 4 dog handlers, 24 months $422,400.00 

4 dogs and handlers, 24 months half time, $50/hour $768,000.00 

Project manager, 24 months half time, $60/hour $230,400.00 

Transport, estimated 30km/day, $0.3/km $4,320.00 

50 Camera traps, Infrared, no glow, including batteries and memory cards $35,000.00 

Admin, 10% of project cost $372,912.00 

Total $4,137,032.00 
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Abstract.- Environmental degradation is a significant threat to habitats worldwide, with 

detrimental impact on bird communities. Ecosystems on Bonaire, Caribbean Netherlands, have 

been highly degraded due to historic felling and the introduction of grazing mammals, leading 

to reduced tree density, species richness, diversity, and size. We carried out point counts for 

birds across the island and conducted vegetation surveys of the tree species. Tree density was 

found to have a small but statistically significant impact on bird species richness, bird 

abundance, and bird diversity, though bird species composition was dominated by edge and 

generalist species. No effect was seen with tree species richness, diversity or size. The limited 

ecological relationship between habitat and bird characteristics is likely due to the highly 

degraded nature of Bonaire’s ecosystems, where species highly sensitive to environmental 

degradation have already been lost. Nevertheless, even at this extreme level of degradation, the 

island’s bird community may still benefit from increases in tree density, which has implications 

for habitat restoration. 

 

Key words.- Bird, dry-forest, habitat, restoration, vegetation 

 

Header.- Impacts of habitat degradation on bird communities 
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INTRODUCTION 

 

Human population growth and development cause ecosystem degradation worldwide, with bird 

populations suffering the largest of these impacts (Gibson et al. 2011). Human degraded forests 

have reduced tree size, low vegetation density and supressed tree recruitment. As a 

consequence the remaining forest has limited structural diversity of vegetation, lower canopy 

height and fewer large, mature trees. This reduces nesting opportunities (Bergner et al. 2015, 

Dahal et al. 2015) and limits food availability for bird species (Albrecht et al. 2012, Dahal et 

al. 2015).  

 

Alterations in habitat often lead to changes in bird species composition, favouring generalist 

species over specialists, due to the generalists ability to utilise alternative resources  

(MacGregor-Fors et al. 2010, Munro et al. 2011, Albrecht et al. 2012, Reid et al. 2014, Dahal 

et al. 2015, Freeman et al. 2015). Such changes can lead to further ecosystem alterations when 

specialist species are performing a role not performed by generalist species. The loss of this 

role within the ecosystem, such as seed dispersal, can lead to a negative feedback loop, further 

exacerbating degradation. 

 

The role of birds as seed dispersers is well documented (Sekercioglu 2006, Albrecht et al. 2012, 

Caves et al. 2013) and is of particular importance in degraded or fragmented landscapes, where 

they facilitate long distance dispersal by dropping seeds into suitable environments while 

seeking out forest patches (Sekercioglu 2006). Birds also play a role in control of invertebrate 

populations and pollination of plants, which additionally promote habitat restoration 

(Sekercioglu 2006). Their role in maintaining ecosystems, as well as their sensitivity to 

ecosystem degradation, means that birds are frequently used as focal species for forest 
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restoration efforts (Twedt et al. 2002, MacGregor-Fors et al. 2010, Munro et al. 2011, Reid et 

al. 2014). 

 

Reforestation is often used as a mechanism to restore ecosystems for forest bird species. 

Through increasing tree density, diversity, and vegetation complexity restoration aims to 

provide nesting, shelter and foraging opportunities lost through habitat degradation (Ortega-

Álvarez and Lindig-Cisneros 2012). Successful habitat restoration for bird species has been 

recorded for a wide range of landscapes and species (Ortega-Álvarez and Lindig-Cisneros 

2012), including replanted woodland forests in southern Australia (Munro et al. 2011), pine 

forests in Mexico (MacGregor-Fors et al. 2010), and premontane moist forest in Costa Rica 

(Reid et al. 2014). While bird communities are rarely restored to levels found in undisturbed 

forests (Chazdon et al. 2009, MacGregor-Fors et al. 2010, Munro et al. 2011, Ortega-Álvarez 

and Lindig-Cisneros 2012) reforestation has the potential to improve bird communities in 

already degraded systems, though the context of species, ecosystem, or restoration method 

involved remains important. Understanding the responses of bird communities to variation 

within the habitat is therefore a vital step in designing restoration strategies (Ortega-Álvarez 

and Lindig-Cisneros 2012). 

 

The dry-forest on Bonaire, Caribbean Netherlands, underwent severe felling in the early 1800s, 

removing the majority of large, mature trees. Degradation continues today through grazing by 

invasive goats, donkeys and pigs, which prevent tree regeneration (Freitas et al. 2005). Bonaire 

is home to 55 species of forest and coastal birds, with a further 167 visiting migrant species 

recorded (Prins et al. 2009).  The island hosts the only native population of Yellow-shouldered 

Amazons (Amazona barbaensis; Vulnerable) found outside of Venezuela (Williams 2009), and 

is visited by migrating Olive-sided Flycatchers (Contopus cooperi; Near Threatened) and 
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Cerulean Warblers (Dendronica cerulea; Vulnerable), all of which are reliant on the island’s 

dry-forest (Prins et al. 2009). Though not globally threatened the Yellow Oriole (Icterus 

nigrogularis) and Grove-billed Ani (Crotophaga sulcirostris) are locally important forest bird 

species, which too rely on healthy dry-forest (Williams pers. obs.).   

 

Bonaire, and the Caribbean Netherlands, sits at a turning point for environmental conservation, 

with reduction of overgrazing a central feature of the Caribbean Netherlands Nature Policy 

Plan (Ministry of Economic Affairs 2013), and a key aim of environmental conservation 

organisations (Simal 2005, Williams 2012).  This study tested the importance of trees for birds 

in Bonaire’s highly degraded ecosystem. We predicted that bird species richness, abundance 

and diversity would increase with increasing tree density, species richness, diversity and size. 

We examined these predictions in the context of four landscape types on Bonaire (Higher 

Terrace; Middle Terrace; Lower Terrace; Undulating Landscape. Figure 1), which vary in types 

of vegetation, and accessibility to human and grazer disturbance (Freitas et al. 2005). 

 

METHODS 

 

Study Site.- Bonaire, Caribbean Netherlands (12° 10' N 68° 17' W), is an island of 294 

km2, lying 80 km off the northern coast of Venezuela. Bonaire is characterised by low rainfall 

of approximately 500 mm annually, which falls predominantly between the months of October 

and January. The average temperature is 28 °C and varies little with season. Bonaire was 

formed through volcanic uplift, and the landscape types can be categorised as higher, middle 

and lower terraces, and undulating landscape (Figure 1). The terraces are characterised through 

flat or gently sloping terrain, and may be boarded by escarpment, while the terrain of the 

undulating landscape are more steeply sloped, with rounded peaks and deep gullies (Table 1) 
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(Freitas et al. 2005).  Bonaire’s predominant terrestrial habitat consists of secondary tropical 

dry-forest, with no primary forest remaining (Freitas et al. 2005). 

 

This study was conducted between October 2013 and March 2014, with bird surveys carried 

out between 9 October and 6 November 2013. Urban areas were excluded from this study. Sites 

were chosen using Excel random number function to generate GPS coordinates, stratified by 

landscape type. Sites that fell within 200 m of an existing site were discarded. 101 sites were 

designated (Figure 2) (Appendix 1). 

 

Bird Surveys.- Point counts for birds were conducted once at each site. Observations 

began following a two minute settle period, and continued for five minutes. Birds were 

identified visually and by call and all birds within a 20 m radius recorded. Where identification 

by call was not certain, the bird’s position was noted and visual identification was carried out 

after the completion of the count. Counts were conducted in the three hours following sunrise 

and three hours prior to sunset. Variables for time of day and minutes from sunrise/set were 

included when analysing data. A small decrease in species richness was seen the later the count 

took place (Est=-0.02 ±0.01, t=-1.7, P=0.091, n=101) and a similarly small decrease in bird 

diversity the further the count occurred from sunrise/set (Est=-0.002 ±0.00, t=-2.1, P=0.041, 

n=101). No impact for time was seen with bird abundance.  

 

Bird diversity was calculated using the Shannon-Weaver diversity index. The calculation was 

carried out in R version 3.1.2 (The R Foundation for Statistical Computing 2014) using the 

package “vegan”. 
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Bird numbers and bird species richness were transformed for analysis using log+1 to ensure 

normality of data. Figures present back-transformed data but model parameter estimates 

presented in tables are transformed. 

 

Tree Surveys.-Tree surveys were conducted in 10 m quadrats with the site GPS 

coordinate in the southeast corner. Trees were designated as woody species over 4 m tall and/or 

having a circumference of over 30 cm. Cacti were not included in tree counts. Tree number by 

species and tree circumference at 1.5 m height was recorded, from which diameter was 

calculated. Where multiple branches were present tree diameter was calculated as the square 

root of the sum of the branches squared (Swiecki and Bernhardt 2001). Tree diversity was 

calculated using the Shannon-Weaver diversity index. 

 

Habitat was classified as: forest, disturbed forest, highly disturbed forest, managed land and 

farm (Table 2). Disturbance levels were subsequently aggregated to undisturbed (forest), 

disturbed (disturbed forest) and highly disturbed (highly disturbed forest, managed land and 

farm) for inclusion into the best model of bird diversity. 

 

Model determination and statistical analysis.- General linear models were used to test 

the importance of trees for birds using R version 3.1.2 (The R Foundation for Statistical 

Computing 2014). The full model for each bird measure (abundance, species richness and 

diversity)  included variables: tree density; tree species richness; tree diversity; time; number 

of minutes from sunrise/sunset; landscape type; and disturbance category. Collinearity of 

variables was calculated using the variance inflation factor, and collinear variables removed. 

Model simplification was carried out using backwards elimination, removing the variable with 

the highest p value in each instance.  Models were then compared using the Akaike Information 
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Criterion. The model with the lowest value was accepted.  Where multiple models had Akaike 

Information Criterion values which differed by less than 1, the simplest model was taken 

forward.  Diagnostic plots were used to assess fit of the final models. All variables removed 

were reinserted into the final model individually to confirm their lack of effects in minimal 

models. Three survey points were identified as having relatively high tree numbers (four, five 

and six trees, respectively), and therefore were identified as outliers. These points were not 

removed from the main analysis, but each model was recalculated excluding these outlying 

points to determine their impact on the model. 

 

 

RESULTS 

 

Bird Characteristics.- Point counts recorded 436 individuals of 25 species across all 

points (Appendix 2), with a median of 4 (±0.32, n=101) individuals and 3 (±0.19, n=101) 

species per point. Counts were dominated by the six most common species (Tropical 

Mockingbird (Mimus gilvus), Bananaquit (Coereba flaveola), Black-faced Grassquit (Tiaris 

bicolor), Brown-crested Flycatcher (Myiachus tyrannulus), Yellow Warbler (Setophaga 

petechial) and Northern Scrub-Flycatcher (Sublegatus arenarum)), which accounted for 73% 

of the individuals counted. Bird species were typically forest edge or generalist species, with 

only four forest species recorded (Scaley-naped Pigeon (Patagioenas squamosa) (number 

recorded: 10), Blackburnian Warbler (Setophaga fusca) (number recorded: 2), Blackpoll 

Warbler (Setophaga striata) (number recorded: 12) and Caribbean Elaenia (Elaenia martinica) 

(number recorded: 8)), at 13 sites 
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Habitat Characteristics.- Vegetation surveys were carried out within 10 m quadrats. 

Surveys recorded 75 trees of 21 species (Appendix 3), with a mean of 0.74 (±0.12, n=101) trees 

and a median of 1 (±0.08, n=101) species per survey. The most abundant tree species, Mesquite 

(Prosopis juliflora), accounted for 28% of trees recorded. 

 

Bird species richness.- Bird species richness had a median of 3 (±0.19, n=101) species 

per point. Bird species richness showed a statistically significant increase with tree density, 

though biological significance was small (Table 3; Fig. 3), and no difference was found with 

tree species richness, tree diversity or tree size (Table 3). Middle and lower terrace had lower 

species richness than higher terrace, and there was no statistically significant difference 

between higher terrace and undulating landscape (Table 3; Fig. 4). Removing outliers 

decreased the statistical and biological significance of the relationship between tree density and 

bird species richness, though this remained statistically significant at the 1% level. Removal of 

outliers also reduced the statistical and biological significance of the reduction in species 

richness seen when moving from higher terrace to middle or lower terrace (Table 4). 

 

Bird abundance.- Bird abundance had a median of 4 (±0.32, n=101) individuals per 

point. Bird abundance also showed a small statistically significant increase with tree density 

(Table 4; Fig. 5), but no statistically significant change with tree species richness, tree diversity 

or tree size (Table 5). Bird abundance showed a statistically significant decline in middle and 

lower terrace when compared to higher terrace. No statically significant difference between 

higher terrace and undulating landscape was seen (Table 4; Fig. 6). When outliers were 

removed statistical and biological significance of the relationship between tree density and bird 

abundance decreased, but remained statistically significant at the 1% level. When outliers were 
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removed the statistical and biological significance of the reduction in bird abundance when 

moving from higher terrace to middle or lower terrace was reduced (Table 4). 

 

Bird diversity.- Bird diversity had a median Shannon-Weaver diversity index of 1 

(±0.062, n=101). Tree density had a positive impact on bird diversity (Table 5; Fig. 7). Bird 

diversity showed no change with tree species richness, tree diversity or tree size (Table 5). Bird 

diversity was lower in middle and lower terrace landscapes when compared to higher terrace, 

and no statistically significant difference was found between higher terrace and undulating 

landscape (Table 5; Fig. 8). Undisturbed areas had a statistically significant increase in bird 

diversity when compared to disturbed areas, though no statistically significant difference was 

seen between undisturbed and highly disturbed landscape (Table 5; Fig. 8). When outliers were 

removed from the model the statistical and biological significance of the relationship with tree 

density decreased, but remained significant at the 1% level. Statistical and biological 

significance of the relationship with bird diversity when moving from higher terrace to middle 

terrace increased with outliers removed. There was also an increase in the biological 

significance of moving from higher to lower terrace, though statistical significance declined 

(Table 5). 

 

DISCUSSION 

 

Tree density was the only habitat characteristic to show a statistically significant relationship 

with bird species richness, abundance and diversity, though the increase in absolute terms was 

minimal. An increase in tree density by one predicted only an increase in bird species richness 

of 0.12, bird abundance of 0.17 and increase in Shannon-Weaver diversity of 0.14. Biological 

significance was further reduced when outliers with high tree density were removed, though 
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the relationship remained statistically significant. Although these outliers appear outside of the 

normal range of habitat, they may represent important resource patches within the landscape, 

and the closest naturel equivalent to reforested patches. Their exclusion from the model could 

therefore reduce its applicability to forest habitat restoration. 

 

Landscape type had a larger statistically and biologically significant impact on bird 

communities than habitat tree characteristics. Both lower and middle terrace showed reduced 

bird species richness, abundance and diversity when compared to higher terrace. The impact 

of landscape over local level characteristics on bird communities has widespread support 

within the literature. Meta-analysis of global forest habitat degradation found that surrounding 

landscape was a key feature in determining the impact of habitat level characteristics on fauna 

(Gibson et al. 2011). In our study both lower and middle terrace are situated in the southern 

part of the island (Freitas et al. 2005, Figure 1), which has higher levels of urban and 

agricultural development when compared to the north (Openbaar Lichaam Bonaire 2011). 

Though collinearity tests did not indicate a relationship between landscape type and 

disturbance level on the scale of habitat, it is likely that forest cover is lower at a landscape 

scale across middle and lower terrace. This impact of forest cover on forest bird communities 

is consistent within the existing literature. Increased forest cover in the surrounding areas led 

to increased bird species richness in Nepali forests (Dahal et al. 2015), bird communities in 

Costa Rica which were closer to that of undisturbed forest (Reid et al. 2014) and improved bird 

communities in Queensland, Australia (Freeman et al. 2015). 

 

Disturbance level had only a limited relationship with bird characteristics, with only bird 

diversity showing a significant relationship with disturbance at a habitat scale. This limited 

relationship is likely due to the scarcity of forest specialist species recorded in the study, and 
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to the high base level of disturbance on Bonaire. Due to historic felling and the introduction of 

grazing species (goat, donkey, pig) Bonaire has no primary dry-forest remaining. Therefore 

even those areas classified as ‘undisturbed’ are still suffering under grazing pressure, 

preventing recovery from deforestation, which was significant throughout the nineteenth 

century. 

 

It is likely that both little variation in habitat and the low numbers of forest specialist bird 

species still present on the island contribute to the limited relationship seen between tree and 

bird community characteristics on Bonaire. Though four forest specialist species were 

recorded, present in thirteen sites, presence of forest species did not show relationship to any 

of the habitat characteristics measured, likely due to the low number of individuals recorded. 

The shallow relationship found between tree habitat characteristics and bird community 

characteristics is typical of highly degraded ecosystems. Bird presence in Spanish forests 

showed only limited relationship with vegetation characteristics, suggested to be the result of 

the restricted variation present in degraded ecosystems (Santos et al. 2002). A lack of remaining 

forest specialist species in degraded Mexican forests is proposed to have led to the absence of 

relationship between bird communities and vegetation characteristics (Graham and Blake 

2001). This outcome was further supported by studies in Australian rainforest, which showed 

limited impact of forest restoration on bird communities, believed to result from the absence 

of birds in the surrounding area (Freeman et al. 2015). 

 

Though the relationship between tree density and bird community characteristics on Bonaire 

remained shallow, it was statistically significant across bird species richness, abundance and 

diversity. Tree density has maintained significance in degraded ecosystems in a number of 

cases, though the trend is not universal (Gibson et al. 2011). Across tropical and sub-tropical 
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forests, forest cover, correlated to tree density, was found to have a significant positive 

relationship with bird occurrence, particularly for forest specialist species (Newbold et al. 

2014). Core habitat of Madagascan forest bird communities was also characterised by higher 

tree density and forest cover than areas not utilised by these species (Watson et al. 2004). 

Contrastingly however bird abundance fell with increasing tree density in forests undergoing 

restoration in the Mediterranean, though this relationship can likely be attributed to the 

correlation between age of the stand, and tree density, with older tree stands having higher bird 

abundance and a lower tree density (Bergner et al. 2015). Tree density was also a poor indicator 

of bird communities in restored rainforest in Queensland, Australia, which showed no 

improvements in bird communities in the two decades following restoration (Freeman et al. 

2015). 

 

The persistent impact of tree density on bird communities has implications for habitat 

restoration in highly degraded ecosystems. This relationship suggests that initial improvements 

in tree density will have the most immediate impact on bird community recovery. Studies of 

restoration in grazed ecosystems in Mississippi, USA, found that in the 10 years following 

restoration, bird communities in plots planted with fast-growing pioneer species had higher 

bird abundance and species diversity than those planted with slow-growing late successional 

species. The authors suggest that restoration which first plants fast growing pioneer species, 

under-planted with slower growing late successional species will have the most success in 

restoring bird communities (Twedt et al. 2002). This suggestion is also supported by Bergner 

and colleagues (2015) working in Mediterranean forests. 

 

The relationship observed between tree density and landscape type on bird abundance and 

diversity on Bonaire can be used to direct future bird conservation on the island. Across 
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ecosystems habitat restoration with close proximity to forest cover has been shown to have 

higher impact on bird species recovery than restoration distant from forest cover (Gibson et al. 

2011). On Bonaire the highest impact of habitat restoration for bird species will therefore likely 

arise from restoration in higher terrace or undulating landscape, which showed healthier bird 

communities. The persistence of a positive impact of tree density on bird species richness, 

abundance and diversity, despite the highly degraded nature of the ecosystem, suggest that 

initial improvements in bird communities will be observed with tree density increase. On 

Bonaire this would likely be achieved through restoration which initially plants species such 

as the native pioneer species, Palu di Bonaire (Casraria tremula), to rapidly increase tree 

density, before under-planting with slower growing, more diverse species. Though this study 

was dominated by generalist species, four forest specialist species were recorded. These forest 

specialist species would be expected to increase with increases in forest cover (Newbold et al. 

2014). The Yellow-shouldered Amazon was absent in this study, despite a large and increasing 

population present on Bonaire (Williams 2012). The absence of this species is likely caused by 

their heavy presence in urban areas at the end of the dry-season, when this study was conducted, 

as food within the dry-forest become scarce at this time (Williams 2012). It would be expected 

therefore that increases in tree density would lead to increased food availability within the dry-

forest, reducing the Yellow-shouldered Amazon’s reliance on urban food sources; and 

increasing their presence within the dry-forest. 

 .  
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Table 1: Characteristics of the landscape types of Bonaire 

 

Landscape type Percentage land cover Elevation Mean canopy height 

Higher terrace 7.2 % 50-85 m 1.5 m 

Middle terrace 24.6 % 15-50 m 1.2 m 

Lower terrace 15 % 4-15 m 0.6 m 

Undulating landscape 30.9 % 0-241 m 1.9 m 
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Table 2: Description of disturbance categories for Bonaire’s dry-forest 

 

Category Description 

Forest Forest with no sign of human presense such as cut branches, paths 

or litter. Little sign of presence of goats, donkeys or pigs. 

Disturbed forest Forest with low evidence of human presence. Presence of goats, 

donkeys or pigs likely. 

Highly disturbed 

forest 

Forest with abundant evidence of human presence and presence of 

goats, donkeys and pigs. 

Managed land Land with evidence of human management such as maintained paths 

or viewing areas, known to be visited frequently. Heavily grazed. 

Farm Land farmed or fenced off for farming. Heavily grazed. 
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Table 3: Results from General Linear Model investigating effects of tree characteristics on bird 

species richness. The full model (bird species richness ~ landscape + number of trees + tree 

species richness + tree diversity + tree size + time + disturbance + time from sunrise/set, n=101) 

and best model (bird number ~ landscape + number of trees + time, n=101) are presented. Full 

model deviance = 18.8, F13,87=3.9, P<0.001, n=101. Best model deviance = 19.7, F5,95=9.7, 

P<0.001, n=101. Best model with outliers removed deviance =19.5, F5,92=8.7, P<0.001, n=98. 

Full model intercept set to higher terrace and undisturbed. Best model intercept set to higher 

terrace. Significant terms in bold. 

 

Bird species richness (log number +1)  

Full model AIC = 149.75 Best model AIC = 146.9 

 

Est. SE t P Est. SE t P 

(Intercept) 1.9 0.23 8.1 <0.001 1.7 0.19 9.0 <0.001 

Lower terrace -0.80 0.21 -3.9 <0.001 -0.77 0.17 -4.4 <0.001 

Middle terrace -0.49 0.18 -2.8 0.007 -0.47 0.16 -3.0 <0.001 

Undulating 

landscape -0.18 0.16 -1.1 0.26 -0.18 0.15 -1.2 0.25 

Number of trees 0.17 0.09 1.8 0.075 0.12 0.04 3.1 <0.001 

Time -0.02 0.01 -1.5 0.15 -0.02 0.01 -1.7 0.091 

Tree size 0 0 0.4 0.67     

Tree species richness -0.10 0.19 -0.5 0.61 

Tree diversity 0.04 0.36 0.1 0.91 

Disturbed Forest -0.12 0.12 -1.0 0.33 

Highly disturbed 

forest -0.04 0.15 -0.2 0.81 
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Managed land 0.05 0.16 0.3 0.77 

Farm -0.16 0.37 -0.4 0.67 

Time from 

sunrise/set 0.00 0.00 -1.4 0.17 

 

Best model removing outliers 

 

 

Est. SE t P 

(Intercept) 1.8 0.20 8.6 <0.001 

Lower terrace -0.83 0.18 -4.5 <0.001 

Middle terrace -0.50 0.17 -3.0 0.003 

Undulating 

landscape -0.20 0.16 -1.3 0.22 

Number of trees 0.08 0.05 1.8 0.083 

Time -0.02 0.01 -1.7 0.087 

 

 

 

 

 

 

Table 4: Results from a General Linear Model investigating effects of tree characteristics on 

bird abundance. The full model (bird abundance ~ landscape + number of trees + tree species 

richness + tree diversity + tree size + time + disturbance + time from sunrise/set, n=102) and 

best model (bird abundance ~ landscape + number of trees, n=102) are presented. Full model 
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deviance = 30.3, F13,87=2.8, P=0.02,  n=101. Best model deviance = 32.4, F5,95=7.9, P<0.001, 

n=101. Best model excluding outliers deviance = 31.8, F4,93=6.4, P<0.001, n=98. Full model 

intercept set to higher terrace and undisturbed. Best model intercept set to higher terrace. 

Significant terms in bold. 

 

Bird abundance (log number +1)  

 Full model AIC = 199.87 Best model AIC = 183.69 

 

Est. SE t P Est. SE t P 

(Intercept) 1.9 0.29 6.6 <0.001 1.6 0.18 9.0 <0.001 

Lower terrace -0.68 0.26 -2.6 0.010 -0.61 0.22 -2.8 0.006 

Middle terrace -0.42 0.22 -1.9 0.067 -0.40 0.20 -2.0 0.053 

Undulating 

landscape -0.11 0.21 -0.5 0.60 -0.10 0.19 -0.5 0.61 

Number of trees 0.28 0.12 2.3 0.022 0.17 0.05 3.5 <0.001 

Tree species richness -0.16 0.24 -0.7 0.50 

Tree diversity -0.09 0.46 -0.2 0.85 

Tree size 0 0 0.7 0.51 

Time -0.01 0.02 -0.5 0.62 

Disturbed Forest -0.19 0.15 -1.3 0.21 

Highly disturbed 

forest -0.07 0.19 -0.3 0.74 

Managed land 0.05 0.20 0.2 0.82 

Farm -0.26 0.47 -0.6 0.59 

Time from 

sunrise/set 0.00 0.00 -1.2 0.23 
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 Best model removing outliers 

 

Est. SE t P 

(Intercept) 1.7 0.19 8.9 <0.001 

Lower terrace -0.69 0.23 -3.0 0.003 

Middle terrace -0.45 0.21 -2.2 0.035 

Undulating 

landscape -0.13 0.19 -0.7 0.51 

Number of trees 0.12 0.06 1.9 0.056 

 

  



 

227 

 

Table 5: Results from General Linear Model investigating effects of tree characteristics on bird 

species diversity. The full model (bird species diversity ~ landscape + number of trees + tree 

species richness + tree diversity + tree size + time + disturbance + time from sunrise/set, n=94) 

and best model (bird species diversity ~ landscape + number of trees + disturbance + time from 

sunrise/set, disturbance aggregated to 3 levels, n=94) are presented. Full model deviance = 22, 

F13,80=3.1, P<0.001, n=94. Best model deviance = 22.5, F7,86=5.8, P<0.001, n=94. Best model 

with outliers removed deviance = 22.3, F7,83=5, P<0.001, n=91. Intercept set to higher terrace 

and undisturbed. Significant terms in bold. 

 

Bird diversity  

Full model AIC = 160.06 Best model AIC = 150.24 

 

Est. SE t P Est. SE t P 

(Intercept) 1.7 0.26 6.5 <0.001 1.6 0.20 7.9 <0.001 

Lower Terrace -0.80 0.24 -3.3 <0.001 -0.68 0.22 -3.1 <0.001 

Middle Terrace -0.53 0.20 -2.6 0.010 -0.49 0.18 -2.7 0.008 

Undulating Landscape -0.31 0.19 -1.7 0.10 -0.26 0.17 -1.5 0.13 

Number of trees 0.19 0.11 1.8 0.083 0.14 0.04 3.2 <0.001 

Time from sunrise/set 0 0 -1.9 0.065 -0.002 0.00 -2.1 0.041 

Disturbed habitat - - - - -0.29 0.13 -2.1 0.036 

Highly disturbed 

habitat - - - - -0.17 0.15 -1.2 0.24 

Disturbed Forest -0.26 0.14 -1.8 0.075     

Highly disturbed 

forest -0.06 0.19 -0.3 0.76     

Managed land -0.23 0.18 -1.2 0.22     
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Farm -0.3 0.42 -0.7 0.48     

Tree species richness -0.16 0.21 -0.8 0.44 

Tree size 0 0 -0.4 0.67 

Time -0.01 0.02 -0.5 0.60 

 

Best model removing outliers 

  

 

Est. SE t P 

(Intercept) 1.6 0.21 7.7 <0.001 

Lower Terrace -0.72 0.23 -3.2 0.002 

Middle Terrace -0.52 0.19 -2.8 0.007 

Undulating Landscape -0.28 0.18 -1.6 0.13 

Number of trees 0.11 0.06 1.9 0.06 

Time from sunrise/set -0.0002 0 -1.9 0.06 

Disturbed habitat -0.29 0.14 -2.1 0.04 

Highly disturbed 

habitat -0.18 0.15 -1.2 0.22 

 

 

 

Figure 1. Landscape types of Bonaire, Caribbean Netherlands 

 

Figure 2. Location of survey sites 
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Figure 3. Change in bird species richness with increasing tree density across four landscape 

types. 

 

Figure 4. Change in bird species richness across four landscape types. 

 

Figure 5. Change in bird abundance with increasing tree density across four landscape types. 

 

Figure 6. Change in bird abundance across four landscape types. 

 

Figure 7. Change in bird diversity with increasing tree density across four landscape types. 

Graph shown for mid-level disturbance. 

 

Figure 8. Change in bird diversity with increasing tree density across four landscape types at 

three levels of disturbance. 
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Figure 1 
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Figure 2 
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Figure 3 
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Figure 4 
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Figure 5 

  



 

235 

 

Figure 6 
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Figure 7 
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 Figure 8 
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Appendix 1 - GPS locations of sites surveyed, including landscape type 

 

Site GPSN GPSW Landscape type 

b1 12.24926 -68.41476 Undulating Landscape 

b2 12.24503 -68.41247 Lower Terrace 

b3 12.23698 -68.41036 Undulating Landscape 

b4 12.27209 -68.40596 Higher Terrace 

b5 12.2799 -68.39816 Undulating Landscape 

b6 12.2779 -68.39504 Undulating Landscape 

b8 12.26553 -68.39177 Undulating Landscape 

b9 12.2522 -68.39091 Undulating Landscape 

b10 12.26703 -68.3904 Undulating Landscape 

b11 12.30704 -68.38909 Undulating Landscape 

b12 12.23163 -68.38622 Undulating Landscape 

b13 12.2297 -68.38544 Higher Terrace 

b14 12.23164 -68.38448 Undulating Landscape 

b15 12.25208 -68.38301 Undulating Landscape 

b17 12.28451 -68.38256 Undulating Landscape 

b19 12.30534 -68.37576 Undulating Landscape 

b23 12.30057 -68.36888 Undulating Landscape 

b26 12.27095 -68.36505 Undulating Landscape 

b27 12.22193 -68.36434 Middle Terrace 

b29 12.26585 -68.36167 Undulating Landscape 

b32 12.23286 -68.35992 Higher Terrace 

b33 12.23826 -68.3585 Undulating Landscape 

b34 12.29035 -68.35631 Lower Terrace 
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b37 12.24353 -68.3527 Undulating Landscape 

b38 12.23333 -68.34851 Higher Terrace 

b42 12.27020 -68.34665 Undulating Landscape 

b43 12.22607 -68.34533 Higher Terrace 

b44 12.23026 -68.34465 Higher Terrace 

b46 12.25628 -68.33668 Undulating Landscape 

b48 12.21583 -68.33612 Middle Terrace 

b49 12.21613 -68.3299 Middle Terrace 

b50 12.26297 -68.32951 Lower Terrace 

b51 12.25951 -68.32689 Undulating Landscape 

b52 12.24510 -68.32462 Undulating Landscape 

b56 12.25367 -68.31589 Lower Terrace 

b57 12.23594 -68.31387 Undulating Landscape 

b59 12.21219 -68.31112 Higher Terrace 

b60 12.24599 -68.30895 Lower Terrace 

b62 12.21761 -68.30364 Higher Terrace 

b65 12.24402 -68.29886 Undulating Landscape 

b66 12.24181 -68.29547 Undulating Landscape 

b67 12.22513 -68.29391 Higher Terrace 

b68 12.22658 -68.29339 Higher Terrace 

b71 12.22226 -68.28889 Middle Terrace 

b72 12.20986 -68.28751 Middle Terrace 

b75 12.22710 -68.28255 Middle Terrace 

b76 12.20616 -68.28114 Middle Terrace 

b78 12.19411 -68.27798 Higher Terrace 
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b79 12.16883 -68.27747 Lower Terrace 

b80 12.22998 -68.27694 Middle Terrace 

b81 12.11966 -68.27644 Middle Terrace 

b83 12.20981 -68.2763 Middle Terrace 

b86 12.19390 -68.27274 Higher Terrace 

b88 12.11411 -68.26778 Middle Terrace 

b93 12.20931 -68.26276 Middle Terrace 

b94 12.17954 -68.26263 Undulating Landscape 

b96 12.22900 -68.26115 Lower Terrace 

b98 12.10416 -68.25993 Middle Terrace 

b102 12.22485 -68.25535 Middle Terrace 

b103 12.22697 -68.25483 Lower Terrace 

b104 12.18419 -68.25381 Undulating Landscape 

b106 12.20246 -68.25079 Middle Terrace 

b107 12.16709 -68.2505 Undulating Landscape 

b108 12.1326 -68.24822 Middle Terrace 

b109 12.20762 -68.2468 Middle Terrace 

b110 12.17949 -68.24656 Undulating Landscape 

b111 12.17748 -68.24633 Undulating Landscape 

b112 12.21093 -68.24454 Middle Terrace 

b113 12.21518 -68.24433 Middle Terrace 

b114 12.11878 -68.24216 Middle Terrace 

b115 12.19253 -68.24075 Undulating Landscape 

b116 12.12927 -68.23842 Middle Terrace 

b117 12.18805 -68.23621 Undulating Landscape 
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b118 12.16868 -68.23534 Undulating Landscape 

b119 12.12857 -68.23431 Middle Terrace 

b120 12.15203 -68.23335 Middle Terrace 

b122 12.18114 -68.23254 Undulating Landscape 

b123 12.19612 -68.2314 Middle Terrace 

b126 12.12742 -68.22698 Middle Terrace 

b127 12.19555 -68.22623 Middle Terrace 

b128 12.19386 -68.22501 Middle Terrace 

b129 12.18058 -68.22219 Undulating Landscape 

b130 12.14244 -68.22088 Middle Terrace 

b131 12.16502 -68.21959 Undulating Landscape 

b132 12.19519 -68.21892 Middle Terrace 

b134 12.15118 -68.21839 Middle Terrace 

b136 12.17079 -68.21059 Lower Terrace 

b137 12.22426 -68.21024 Lower Terrace 

b138 12.21696 -68.20897 Lower Terrace 

b139 12.13957 -68.20703 Middle Terrace 

b140 12.14042 -68.20399 Lower Terrace 

b141 12.14397 -68.20241 Lower Terrace 

b142 12.14145 -68.20132 Lower Terrace 

b144 12.25094 -68.36832 Undulating Landscape 

b145 12.24661 -68.36675 Undulating Landscape 

b146 12.24996 -68.36652 Undulating Landscape 

kb1 12.16769 -68.30581 Lower Terrace 

kb2 12.16291 -68.31364 Lower Terrace 
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kb3 12.16024 -68.31445 Lower Terrace 

kb4 12.15812 -68.3168 Lower Terrace 

kb5 12.15252 -68.31339 Lower Terrace 
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Appendix 2 - Bird species recorded.  

* Indicates most common species, when combined comprising 72.7% of individuals counted 

Species Common name Abundance 

Number of points in 

which species is 

present 

Chlorostilbon 

mellisugus 

Blue-tailed Emerald 

Hummingbird  22 21 

Chrysolampis mosquitus Ruby-topaz 

Hummingbird  2 2 

Columbina passerina Common Ground Dove  6 4 

Leptotila verreauxi White-tipped Dove  9 5 

Patagioenas squamosa Scaley-naped Pigeon 10 1 

Caracara cheriway Crested Caracara  1 1 

Falco peregrinus Peregrine Falcon  1 1 

Hirundo rustica Barn Swallow  2 2 

Icterus icterus Venezuelan Troupial  2 2 

Icterus nigrogularis Yellow Oriole  4 4 

Margarops fuscatus Pearly-eyed Thrasher  7 7 

Mimus gilvus* Tropical Mockingbird  72 48 

Setophaga fusca Blackburnian Warbler  2 2 

Setophaga petechia* Yellow Warbler  45 38 

Setophaga striata Blackpoll Warbler 12 7 

Passer domesticus House Sparrow  6 1 

Coereba flaveola* Bananaquit  57 37 

Tiaris bicolor* Black-faced Grassquit  56 40 
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Elaenia martinica Caribbean Elaenia  8 4 

Myiarchus tyrannulus* Brown-crested 

Flycatcher  45 30 

Sublegatus arenarum* Southern Scrub-

Flycatcher  42 31 

Tyrannus dominicensis Grey Kingbird  6 5 

Vireo altiloquus Black-whiskered Vireo  1 1 

Butorides virescens Green Heron  1 1 

Eupsittula pertinax Brown throated parakeet  17 9 
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Appendix 3 - Tree species recorded.  

* Indicates most common species, comprising 28% of individuals counted 

Species Common name Abundance 

Number of points in 

which species is present 

Bourreria succulenta Watakelli 1 1 

Crataeva tapia 

 

3 3 

Cynophalla hastata Board-leaved caper 1 1 

Quadrella indica Oliba 6 4 

Jacquinia arborea 

 

3 3 

Haematoxylum 

brasiletto Brasilwood 5 5 

Caesalpinia coriaria Divi-divi 3 3 

Prosopis juliflora* Mesquite 21 14 

Randia aculeata 

 

1 1 

Crescentia cujete Calabash 3 3 

Hippomane mancinella 

 

3 1 

Malpighia glabra 

Shimeruku, West Indian 

cherry 1 1 

Rhizophora mangle Red mangrove 4 1 

Casearia tremula Palu di Bonaire 4 3 

Spondias mombin Hoba, Yellow mombin 1 1 

Busera karsteniana Palu di sia blancu 5 3 

Bursera simaruba 

Palu di sia kora, Gumbo 

limbo 1 1 

Bursera karstaniana 

 

1 1 



 

246 

 

Zanthoxylum flavum West Indian satinwood 5 3 

Guaiacum sanctum Wayaka shimeron 2 1 

Guaiacum officinale Wayaka, Lignum vitae 1 1 

 

 


